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Abstract 
 
The global depletion of fresh water as a result of population and economic 
growth has given rise to a need for sustainable management of water supplies 
and development of new resources. Municipal and industrial wastewaters have 
been considered as alternative water resources. However, the suitability of 
recycled wastewater for direct potable applications is still challenged by the 
concerns about the quality of wastewater effluents due to the plausible 
presence of microbial pathogens or trace organic contaminants. 
Over the last decades, advanced treatment technologies such as membrane 
separation and advanced oxidation processes (AOPs) have shown promising 
potential for the advanced reclamation of wastewater effluents in order to meet 
the potable water quality. Among various AOPs, photocatalysis employing 
TiO2 nanoparticles (NPs) has exhibited efficient performance in the 
degradation of a wide range of refractory organic contaminants. TiO2 is 
inexpensive, non-toxic, and abundantly available. Nevertheless, the practical 
application of TiO2-photocatalysis for wastewater recycling and reuse has 
been limited due to the need for post-separation of catalyst particles from the 
treated effluents for recovery and reuse purposes, as well as environmental 
concerns about the loss of catalyst particles in the discharged water.  
Recently, the coupling of TiO2-photocatalysis with a membrane separation 
process has been perceived as a powerful advanced treatment that relies on the 
synergy of both technologies. While the membrane has the simultaneous task 
of supporting the photocatalyst as well as acting as a selective barrier for the 
species to be degraded, the photocatalyst degrades the organic compounds 
with the added advantage of mitigating membrane fouling. 
Incorporation of TiO2 NPs into the membrane structure has been widely 
applied for the synthesis of TiO2-based photocatalytic membranes, through 
VII 
 
either deposition of NPs on the surface of the membrane or embedment of the 
NPs within the membrane structure.  
Recent advances in nanotechnology have led to the synthesis of engineered 
nanomaterials with specific functionalities and readily controllable properties. 
In this view, synthesis of TiO2 nanotubes has been recently studied, not only 
to maximise the surface area but also to improve the photocatalytic reactivity 
compared to immobilised TiO2 NPs. Furthermore, the strong adhesion of 
anodically grown nanotubes to the Ti substrate can help avoid catalyst 
aggregation and also address environmental concerns about the release of 
photocatalyst particles in the treated effluents.  
Nanocomposites containing carbon nanotubes (CNTs) have also attracted 
great attention due to the unique electrical and structural characteristics of 
CNTs such as superior electron conduction, high surface area, and high 
adsorption capacity. CNTs have been used as an adsorbent for removal of a 
wide range of trace organic compounds from aqueous solutions. 
The focus of this thesis is to combine the specific features of TiO2 
nanotubes with the unique properties of CNTs to design a multi-functional 
membrane for the enhanced removal of effluent organic matters (EfOMs) in 
wastewater effluents.  
Firstly, the kinetics of photocatalytic degradation of model organic 
compounds such as 4-chlorobenzoic acid (4CBA) by TiO2 NPs were studied, 
and the experimental conditions for the enhancement of photocatalytic 
degradation efficiency were optimised. The photocatalytic degradation of 
4CBA was strongly dependent on the initial concentration of 4CBA, TiO2 NP 
dosage and pH. At the initial concentration of 25 µM for 4CBA, as the 
concentration of TiO2 NPs increased from 25 to 250 mg/L, the photocatalytic 
degradation efficiency of 4CBA increased from 13% to 100%. With 25 µM 
4CBA and 100 mg/L TiO2 NPs (average hydrodynamic diameter = 740 nm), 
the highest apparent reaction rate constant, kapp (0.011 min
-1
), and degradation 
efficiency (73%) were obtained at a solution pH of 5. At 25 mg/L TiO2 NPs, 
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the kapp and the removal efficiency of 4CBA exponentially decreased as the 
initial concentration of 4CBA increased from 2.5 to 25 μM, due to the 
limitation of ROS generation from TiO2 NPs. Moreover, both the 
photocatalytic reactivity and stability of TiO2 NPs were markedly affected in 
the presence of natural organic matter (NOM) in TiO2 NP suspensions. As the 
concentration of NOM increased, the size of TiO2 nanoparticle aggregates 
decreased, and this change dramatically retarded the photocatalytic 
degradation of 4CBA as a result of ROS scavenging and/or coverage of active 
sites of TiO2 NPs. 
Secondly, TiO2 nanotube arrays (TNAs) were successfully fabricated via 
anodic oxidation of Ti substrates in an ethylene glycol-based electrolyte and 
their geometrical characteristics were optimised by controlling the synthesis 
parameters for enhancement of the photocatalytic removal efficiency of model 
organic compounds such as 4CBA, bisphenol-A (BPA) and carbamazepine 
(CZP). The geometrical characteristics such as surface area and porosity of 
TNAs were notably influenced by applied potential and anodisation time. A 
larger surface area of TNAs was obtained at higher applied potentials and 
longer anodisation time. In contrast, the porosity of TNAs decreased as the 
anodisation voltage increased and was relatively less time-dependent than the 
surface area. The photocatalytic reactivity of TNAs was found to be strongly 
dependent on their surface area and porosity. The highest apparent reaction 
rate constant (0.0104 min
-1
, R
2 
= 0.99) and removal efficiency of 4CBA (71%) 
were obtained at 0.369 m
2
/g (surface area) and 47% (porosity). At a given 
surface area and porosity, the wall thickness of nanotubes also played an 
important role in the photocatalytic reactivity of TNAs. TNAs with thinner 
walls produced more ROS and had greater photocatalytic reactivity than TNAs 
with thicker walls. Similar to TiO2 NPs, the photocatalytic reactivity of TNAs 
was dramatically influenced by NOM and the photocatalytic degradation of 
4CBA was significantly inhibited as the initial concentration of NOM 
increased. 
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Finally, multi-functional CNT/TiO2 nanotube membranes were fabricated 
via chemical vapour deposition (CVD) and anodic growth of TNAs on a 
porous Ti sheet. The performance of the hybrid CNT/TiO2 nanotube 
membrane (CNT/TNM) for removal of 4CBA was experimentally evaluated 
in a continuous filtration system under UV-A irradiation. The surface 
properties and the performance of the TNM were notably influenced by 
incorporation of CNTs. The adsorption capacity of the TNM increased from 
2.7 to 7% as the content of CNTs increased from 0 to 8.6 mg CNT/cm
2
 TNM. 
However, the water permeability dramatically decreased (from 33.2 to 5.5 
LMH/bar) due to the hydrophobicity of incorporated CNTs.  The CNT/TNM 
showed enhanced performance in removal of 4CBA compared to the TNM, 
which was attributed to the higher adsorption capacity of well-incorporated 
CNT/TNM. 
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Chapter 1. Introduction 
 
1.1 Background 
The ever-increasing demand for water as a result of population and 
economic growth has led to more careful management of water resources. In 
recent decades, desalination of seawater and brackish water have been viable 
alternatives to meet the global shortage of drinking water [1]. While 
improvements in membrane efficiency have dramatically influenced the 
economics of desalination over past decades, desalted water is still considered 
to be an energy-intensive and relatively expensive alternative [2]. 
 The recycling and reuse of wastewater has addressed the global challenge 
of depleted water resources through the introduction of new sources of high-
quality water [3].  
In Australia, the growth of recycled water usage increased not only in 
response to the prolonged drought but also due to the strong support expressed 
by the government for the extended use of recycled water. In 2004, The 
Australian States and Territories (except Western Australia and Tasmania) 
signed the Intergovernmental Agreement on the National Water Initiative with 
the Australian Government for the establishment of a National Water 
Commission (NWC), which accredits implementation plans for urban water 
reform. The goals of the commission included providing healthy, safe and 
reliable water supplies; increasing water use efficiency in domestic and 
commercial settings; encouraging the reuse and recycling of wastewater where 
cost effective; and innovation in water supply sourcing, treatment, storage and 
discharge [4]. In 2007, the Australian government committed to a national 
target of recycling 30% of wastewater by 2015, and provided an 
uncompromised level of support to achieve that target. Accordingly, the 
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volume of recycled water produced by the urban water industry increased 
from 76 gigalitres in 2000 to 180 gigalitres in 2010 [5, 6].  
Despite the well-established reclamation of wastewater for non-potable 
applications and indirect potable purposes, i.e., discharging treated wastewater 
effluent to the natural aquifers, water quality is a major concern that prevents 
the acceptance of recycled water for direct potable purposes. These concerns 
regard the quality of municipal wastewater effluents from secondary treatment 
plants, which may contain microbial pathogens or trace organic contaminants 
[7]. 
Over the past decades, advanced treatment processes have been widely 
applied to secondary effluents in order to meet water quality standards for 
indirect potable use. Among them, AOPs were found to be a promising 
alternative due to the diversity of technologies involved and the areas of 
potential application [8]. AOPs are based upon the in situ generation of highly 
reactive species such as hydrogen peroxide (H2O2), hydroxyl radical (OH
•
), 
superoxide (O2
•-
), and ozone (O3) for destruction of refractory organic 
compounds, water pathogens and disinfection by-products (DBPs) [9]. 
According to the overall cost evaluation so far, AOPs are inexpensive to 
install but expensive to operate based upon the cost of utilised chemicals such 
as ozone and H2O2 [10].  
Of the various AOPs, heterogeneous photocatalysis employing TiO2 
semiconductor catalysts has exhibited efficient performance in the degradation 
of a wide range of refractory organic contaminants. TiO2 is inexpensive, non-
toxic, abundantly available, and insoluble under most conditions [11]. 
However, the practical application of TiO2-photocatalysis for wastewater 
recycling and reuse has been challenged by a few technical barriers. As the 
exploitation of TiO2 NPs in slurry or suspended systems is generally preferred 
to provide a large surface of active sites and hence a superior photocatalytic 
performance [12], post-separation of catalyst particles from the treated effluent 
remains as the major impediment as it leads to an additional treatment cost. 
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The concerning issues for applications of photocatalysis include recovery 
and reuse of the photocatalyst as well as prevention of subsequent 
contamination of the environment through the loss of catalyst particles in the 
treated water [9, 13]. 
 In light of this, the coupling of photocatalysis with a membrane separation 
process to develop a hybrid photocatalytic membrane filtration system has 
been perceived as a powerful advanced treatment that relies on the synergy of 
both technologies. While the membrane has the simultaneous task of 
supporting the photocatalyst as well as acting as a selective barrier for the 
species to be degraded [14], the photocatalyst not only degrades the organic 
compounds but also mitigates the fouling of the membrane.  
TiO2-based photocatalytic membranes have been fabricated by 
incorporation of TiO2 NPs into the membrane structure, through either 
deposition of NPs on the surface of a pre-fabricated membrane [14-17] or 
embedment of the NPs within the membrane structure during the membrane 
fabrication process [18, 19]. Although the deposition of catalyst on the 
membrane surface ensures better accessibility than entrapment of catalyst in 
the membrane matrix, non-uniform distribution of the TiO2 NPs and their 
exfoliation from the membrane surface is a technical barrier, as it not only 
decreases membrane photocatalytic activity but also may raise environmental 
concerns [16]. Notably, the loss of catalyst active sites in both approaches 
remains as the main challenge as it dramatically diminishes the photocatalytic 
reactivity of the NPs. However, recent advances in nanotechnology have led to 
the synthesis of engineered nanomaterials with specific features and readily 
controllable properties. The synthesis of TiO2 nanomaterials with different 
geometries such as nanofibres, nanorods, and nanotubes has been recently 
studied, not only to maximise the surface area (which is crucial for 
photocatalytic properties) but also to control the chemical or physical 
behaviour [20]. 
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1.2 Research scopes and objectives 
Regarding the previously discussed concerns and challenges of the 
currently applied techniques for the advanced treatment of municipal 
wastewater effluents, the primary scope of this research was to couple the 
existing filtration system with nano-engineered materials to develop a multi-
functional membrane.  
This research aimed to enhance the photocatalytic reactivity of engineered 
TiO2 nanotubes, through optimisation of the conditions of the fabrication 
process and incorporation with other nano-engineered materials, for 
photocatalytic degradation of model refractory organic compounds, which are 
prevalent in the final effluents of treated wastewaters. 
The specific objectives of this research were as follows: 
1) Investigate the kinetics of photocatalytic degradation of model EfOMs 
by TiO2 NPs under various conditions. 
2) Investigate the effects of the geometric structure of TiO2 nanotube 
arrays on photocatalytic degradation of model EfOMs. 
3) Evaluate the synergistic effect between CNTs and TNAs for the 
enhanced removal of model EfOMs. 
 
1.3 Dissertation structure  
This thesis is divided into seven chapters as follows: 
Chapter 1 is an introduction to the background and objectives of the 
research. 
Chapter 2 provides a comprehensive summary of the application of 
advanced techniques for the treatment of wastewater effluents. It also includes 
the recent advances in nanomaterial-based photocatalytic processes.  
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Chapter 3 provides information on materials, methods, and the instruments 
used for quantitative and qualitative analysis of water quality and material 
properties. 
Chapter 4 investigates the photocatalytic reactivity of TiO2 NPs for the 
degradation of model EfOMs. The effects of pH, catalyst loading and initial 
concentration of model compounds on the degradation kinetics of target 
compounds are determined.  
Chapter 5 investigates the photocatalytic reactivity of TNAs for the 
degradation of model EfOMs. The effects of anodisation conditions on both 
structural and photocatalytic properties of TNAs are determined.  
Chapter 6 reports on the potential application of CNTs and TNAs for 
development of a multi-functional membrane for photocatalytic filtration of 
model EfOMs. 
Chapter 7 summarises the conclusions of this research and provides 
suggestions for future work. 
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Chapter 2. Literature review 
 
2.1 Water Shortage  
 
2.1.1 Global water shortage 
Recently, the demand for water has increased as a result of population and 
economic growth, while the water resources have remained relatively constant 
or even decreased due to water pollution and contamination, the persistent 
over-drafting of aquifers, and adverse changes in the patterns of precipitation 
occurred in some areas [21].  
Water shortage emerged in earnest in about 1900, when 2% of the world’s 
population was subjected to a chronic water shortage (<1000 m3/capita/year). 
By 1960, this percentage had increased to 9% (280 million people) and 
reached to  35% (2300 million people) in 2005 [22]. As admitted by food and 
agriculture organisation (FAO), by 2025, 1800 million people will be living in 
countries or regions with absolute water scarcity, and two-thirds of the world 
population could be under stress conditions ( Figure 1). 
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Figure 1. Projected global water scarcity in 2025. 
 
2.1.2 Water shortage in Australia 
Australia is one of the most inhabited continents, with lowest percentage of 
rainfall as run-off, the lowest amount of water in rivers and the smallest area 
of permanent wetland. Over a 40 year period, the population of Australia 
increased by 50% mostly in the major urban areas situated on the coast [4, 5, 
23]. Under the Australian Bureau of Statistics population projections, using a 
medium growth scenario, Australia’s population is projected to grow to 35.5 
million by 2056, based on recent trends in fertility, net overseas migration and 
life expectancies ( Figure 2) [24]. Due to this population growth, a serious 
shortage of catchment capacity for water supply is developing in coastal cities. 
Ten years of below average rainfall across most of Australia until 2010, 
together with a growing population made highlighted the need for other 
alternatives to alleviate the demand on existing and limited water supplies [4]. 
Physically water scarcity
Economic water scarcity
Little or no water scarcity
Not estimated
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Figure 2. Australian population projection [24]. 
 
2.1.3 The state-of-art of wastewater recycling and reuse 
Global water shortage resulted in more careful management of water in 
order to reduce the depletion of freshwater sources (rivers, lakes or aquifers), 
caused by increasing of water consumption, so that the saved water can be 
allocated to new and emerging uses [21].  
In recent decades, desalination of seawater and brackish water turned out 
to be an alternative to meet the shortage in drinking water supplies [1]. 
Although the global production of desalinated water has experienced an 
exponential growth due to the reduced costs of desalination technology, the 
production cost  still remains higher than the theoretical cost [2]. On the other 
hand recycling of municipal wastewater has been recognised as a reliable 
water resource and a key aspect of sustainable water policy. Regardless of its 
growing trend for non-potable applications, water recycling has a negligible 
contribution to the global potable water production [23].  
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2.1.3.1 Desalination 
According to the International Desalination Association (IDA), the 
production capacity of all 17,277 desalination plants worldwide was around 
80.9 million cubic meters per day (Mm
3
/day) by the end of 2013 [25]. While 
seawater desalination accounts for a worldwide production of 47,731,000 
Mm
3
/day as the largest percentage of global capacity by 59%, only 4,045,000 
Mm
3
/day (5%) produced from wastewater sources ( Figure 3, left) [26]. 
However, lots of efforts have been done to increase the contribution of 
brackish water and wastewater desalination processes in the future. 
Reverse osmosis (RO) has been known as the most common desalination 
process which contributes to 51% (41.26 Mm
3
/day) of the global capacity 
followed by multistage flash (MSF) (32%), multi-effect desalination (MED) 
(8%), nanofiltration (NF) (4%), and electrodialysis (ED) process (4%) ( Figure 
3, right) [26, 27]. 
 
 
Figure 3. Global desalination capacity (Mm3/day) by type of water source (left) and 
by process type (right). 
 
The average cost of water produced by seawater desalination is in the 
range of 0.45-0.6 US$/m
3
 ( Figure 4). This cost is mainly related to the energy 
demand, and other related costs including the replacement of membranes and 
plant parts, chemical pre-treatment of feed water, plant cleaning and post-
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treatment of product water, and labour costs [26]. On the other hand, growing 
number of desalination facilities in many parts of the world has raised some 
environmental concerns mainly related to the concentrate and chemical 
discharges into the sea. In addition, impingement and entrainment of marine 
organisms due to the large quantities of seawater  consumption as feed water 
and for cooling purposes and other construction-related impacts on the near-
shore and coastal habitats should also be considered [28]. 
 
 
Figure 4.  Relative operation costs of the main desalination process [26]. 
 
Effluent properties of conventional seawater RO desalination plants are 
summarised in  Table 1. 
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Table 1. Typical effluent properties of a conventional RO desalination plant (SWRO: 
seawater RO, BWRO: brackish water RO) [28]. 
Parameter Range 
Salinity 
SWRO: 65000-85000 mg/L 
BWRO: 1000-25000 mg/L 
Temperature Ambient seawater temperature 
Plume density Negatively buoyant plume 
Dissolved oxygen 
Surface intake: typically below ambient  seawater DO 
Open intakes: ambient seawater DO concentration 
Heavy metals 
Elevated levels of iron, chromium, nickel, 
molybdenum (if  low-quality stainless steel is used for 
the equipments) 
Cleaning chemicals 
(only if they are discharged 
to surface waters) 
Alkaline (pH 11–12) or acidic (pH 2–3) solutions with 
additives such as: detergents (e.g., dodecylsulfate), 
complexing agents  (e.g., EDTA), oxidants 
(e.g.,sodium  perborate), biocides (e.g., formaldehyde) 
 
2.1.3.2 Global wastewater recycling and reuse  
Water recycling is generally defined as either reclamation of effluent 
generated by a given user for on-site use by the same user or treatment of 
wastewater in order to produce recycled water suitable for a direct beneficial 
use or a controlled use [29]. Wastewater recycling and reuse is commonly 
prevalent in regions facing water scarcity, such as the Middle East, Australia, 
or southwest USA, or in regions with strict regulations for discharge of treated 
wastewater, such as Florida, coastal or inland areas of France and Italy, and 
densely populated European countries such as the UK and Germany. 
However, large wastewater recycling projects have been recently identified in 
Japan (over 1800), USA (over 800), EU (over 200), and Australia (over 450) 
[30].  While storm water run-off, domestic grey water and industrial 
wastewater have been used as the resources of recycled water production, 
municipal wastewater effluent is the most type considered for reuse [7]. 
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The total volume of municipal wastewater generated globally is estimated 
to be between 680 and 960 Mm
3
/day. The current global capacity for 
advanced treatment of municipal wastewater is approximately 32 Mm
3
/day, 
equivalent to only 4% of total generated wastewater, which is growing by an 
average of 2 Mm
3
/day each year since 2000 ( Figure 5) [31]. According to 
BCC research report, global markets for wastewater recycling and reuse 
technologies increased from nearly $6.7 billion in 2009 to $9.5 billion in 2012 
with a compound annual growth rate (CAGR) of 12.6% and is expected to 
increase to $23.4 billion in 2017, reflecting a five-year CAGR of 19.7% [32]. 
 
 
Figure 5. Global municipal wastewater treatment capacity by 2009 [31]. 
 
Recycled water is mostly consumed for non-potable applications such as 
agricultural irrigation, urban, recreational, and environmental uses, process 
water for industry, direct and indirect potable water production, and 
combinations of these applications ( Figure 6) [33]. Despite water reclamation 
for non-potable applications is well established and discharging treated 
wastewater effluent to the natural aquifers has been practiced (as indirect 
potable purposes), water quality is a major concern that limits the acceptability 
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of the recycled water for direct potable purposes. These concerns originate 
from the quality of treated municipal wastewater effluents which may contain 
microbial pathogens, such as viruses, bacteria, protozoa and helminths, or 
trace organic contaminants including pharmaceutically active compounds 
(PhACs) and endocrine disrupting compounds (EDCs) [7].  
 
 
Figure 6. Global water reuse (after advanced treatment) by application. 
 
A summary of different municipal wastewater treatments with respect to 
the final use of recycled water is given in  Table 2. 
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Table 2.  Recycled water applications based on the level of wastewater treatments 
[31]. 
Treatment level Process End use 
Primary Sedimentation No recommended use 
Secondary 
Biological oxidation 
Disinfection 
Surface irrigation, non-food crop 
irrigation, groundwater recharge of 
the non-potable aquifer, industrial 
cooling processes  
Tertiary 
Chemical coagulation, 
biological/chemical nutrient 
removal, filtration  and 
disinfection 
Landscape and golf irrigation, toilet 
flushing, vehicle washing, food 
crop irrigation, unrestricted 
recreational impoundment, 
industrial systems 
Advanced 
Activated carbon, RO, 
advanced oxidation processes, 
soil aquifer treatment 
Indirect potable reuse including 
groundwater recharge of potable 
aquifer and surface water reservoir 
augmentation and potable reuse 
 
2.1.3.3 Desalination versus water recycling 
Although large-scale seawater desalination has been employed for water 
production for more than 50 years, recycling of wastewater effluents has 
increasingly developed in many countries as an alternative to seawater 
desalination for irrigation and indirect potable water reuse. Despite the higher 
quality of membrane desalination water product compared to the current reuse 
and recycling technologies, various challenges are involved including 
membrane fouling, brine disposal, contaminant (boron) removal, and finally 
energy demand. Energy-wise, the capital, operation and maintenance costs of 
a seawater desalination plant are two times higher than that of recycling of 
secondary sewage [34]. However, current levels of wastewater recycling and 
reuse contribute to a small fraction of the total volume of generated municipal 
and industrial wastewater. Monitoring and quality control, contaminant 
removal as well as public perception have also limited the application of 
recycled water. Therefore, there is an ongoing need for optimisation of the 
currently available processes and investigation of emerging technologies to 
meet the quality requirements of the final water product. 
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2.1.4 Wastewater recycling and reuse in Australia 
In Australia, recycled water has been accepted as an emerging source of 
water for non-potable purposes to reduce the risks resulting from climate 
change and population growth. The growth of recycled water usage 
augmented not only in response to the drought but also due to the strong 
support expressed by community for the greater use of recycled water. In 
2007, the Australian Government committed to a national target of recycling 
30% of wastewater by 2015 and provided great support to achieve that target. 
The volume of recycled water produced by the urban water industry increased 
from 76 gigaliters in 2000 to 180 gigaliters in 2010 [5, 6].  
Australia has shown great developments in maximizing water recycling 
opportunities from policy, regulatory, and technological perspectives. In 
addition to the national recycling target, most Australian jurisdictions have set 
their targets for the proportion of wastewater recycled, either in capital cities 
or for the entire jurisdiction. At present, recycled water in Sydney is about 25 
billion litres of wastewater a year (7%) and by 2015, Sydney plans to recycle 
70 billion litres of wastewater a year which is up to 12% of Sydney's water 
needs. The jurisdictional targets for other regions are summarised in  Table 3. 
Currently, recycled water in Australia is used for urban, residential, 
industrial and agricultural purposes except for washing clothes. In Sydney, 
recycled water is provided for residential applications in Rouse Hill, Sydney 
Olympic Park and Newington, and will be used in Hoxton Park and Rope 
Crossing. In addition, as part of the Metropolitan Water Plan, the NSW 
Government will provide recycled water to 160,000 homes to be built in new 
suburbs in Sydney's North West and South West. Recycled water in the Rouse 
Hill will lead to a reduction in the demand for drinking water by about 40% 
[23]. 
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Table 3. Wastewater and stormwater recycling targets by location [6]. 
Region Target 
Australia 30 %  recycling per year by 2015  
Sydney 12 %  recycling per year by 2015  
Melbourne 20 % recycling per year by 2010  
Perth 
30 % recycling by 2030  
60 % recycling by 2060  
South 
Australia 
35 % recycling by 2015 (urban)  
29 % recycling by 2015 (country)  
60GL per year stormwater recycling by 2050 (Adelaide)  
75GL per year stormwater recycling by 2050 (State)  
75GL per year wastewater recycling by 2050 (urban)  
 
2.2 Membrane bioreactor for wastewater recycling  
Secondary treatment of wastewaters contribute to over one-third of the 
recycled water production which is mainly used for restricted agricultural 
irrigation and some industrial applications [35]. The most common 
technologies involved in secondary treatments include conventional activated 
sludge (CAS) and membrane bioreactor (MBR). 
The activated sludge process has been widely used for biological treatment 
of both municipal and industrial wastewater. The process involves the 
oxidation of organic compounds present in wastewater by an activated mass of 
microorganisms (sludge) [36]. However, several operational problems exist in 
CAS process including high operational costs (e.g., labour), sludge settling or 
bulking caused by filamentous organisms, high sensitivity against shock toxic 
loads, and production of large amount of sludge, which requires disposal and 
long treatment times. Moreover, CASs are not effective at removal of some 
contaminants (i.e., heavy metals, nitrate and phosphate), and thus their 
effluents require further treatment before reuse applications ( Table 4) [37]. 
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On the other hand, MBR technology which combines the activated sludge 
process with a membrane separation has been increasingly used for the 
treatment of many types of wastewaters [38]. Independent selection of 
hydraulic retention time (HRT) and sludge retention time (SRT) can be gained 
in a MBR system, which allows a more flexible control of operational 
parameters [39]. MBR technology also offers excellent quality of treated 
water, reduced sludge production, compact plant size, disinfection and odor 
control. However, they are relatively expensive to install and operate, and 
frequent membrane monitoring and maintenance is required [40].  
Generally, MBRs are present in two different configurations: side-stream 
and submerged. In a side-stream MBR, pressure-driven membrane filtration 
occurs in a separate tank outside of the bioreactor ( Figure 7), while vacuum-
driven membranes immersed directly into the bioreactor in submerged MBRs 
( Figure 8) [41]. Submerged MBRs are the most commonly used configuration 
for wastewater treatment due to less energy-intensive and lower fouling 
potential [38].  
A large number of investigations have been carried out to optimise the 
performance of MBRs with respect to their operational costs. The latter is 
mainly affected by membrane cleaning, sludge wastage and aeration [42]. 
Several parameters such as solid concentration, sludge age, HRT as well as 
SRT have to be considered to find the most appropriate operating conditions to 
maximise MBR performance [42-44]. Membrane fouling which is a 
concerning barrier to the wide use of MBRs also needs to be considered. 
Membrane characteristics have been proven to impact on MBR performance, 
especially on membrane fouling [45]. 
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Figure 7. Schematic diagram of a side-stream MBR. 
 
Figure 8. Schematic diagram of a submerged MBR. 
 
As shown in  Table 4, MBRs are more robust than CASs and have found to 
be significantly more effective at removal of organic compounds mainly due 
to the existence of membrane component. In addition, the quality of their 
effluent is higher and more consistent even at variable organic loading [46].  
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Table 4. Effluent quality of CAS and MBR compared to the raw municipal 
wastewater composition (COD: chemical oxygen demand, BOD: biological oxygen 
demand, TSS: total suspended solids, ENR: enhanced nutrient removal, PFU: plaque 
forming units) [46]. 
Parameter Raw wastewater CAS MBR 
COD (mg/L) 110-350 17-110 1-40 
BOD (mg/L) 250-800 1.5-43 0.5-2.5 
TSS (mg/L) 120-400 2-12 < 1 
Total nitrogen 
(mg/L) 
20-70 
13-21 (without ENR) 
7.5-16 (with ENR) 
3-12 (without ENR) 
7.5-15 (with ENR) 
Total phosphorous 
(mg/L) 
4-12 
0.3-1.1 (without ENR) 
0.7-1.1 (with ENR) 
0.4-2 (without ENR) 
0.1-0.25 (with ENR) 
Coliforms 106 to 109/100 ml 2-3 log removal 3.5-7 log removal 
Viruses 
10 to 104 
PFU/100 ml 
1-3 log removal 1.3-5 log removal 
 
2.2.1 The global market for MBR  
Before 1990, a great portion of the applied MBRs was used for industrial 
wastewater treatment. After the introduction of submerged membranes by 
Yamamoto et al. in 1989, the number of MBRs treating municipal wastewater 
increased and is still the largest application, accounting for about 80% of all 
systems based on treatment capacity. The MBR market is currently 
experiencing accelerated growth, and sewage treatment will be the primary 
use of MBR systems [38]. The global market for MBR technology is expected 
to grow at a CAGR of 22.4 %, increasing in value from $838.2 million in 2010 
to $3.44 billion by 2018 ( Figure 9) [47]. 
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Figure 9. Changes in global market value of MBRs [48]. 
 
Among different applications, municipal and domestic wastewater 
treatment generated $216 million in 2010 and is expecting to reach $439 
million in 2015, for a CAGR of 15.2% [48]. A great portion of currently 
operating MBRs is small to medium-scale for decentralized treatment or water 
reuse duties for smaller communities. The use of medium to large-scale MBRs 
for wastewater treatment will require either new technology developments or a 
reduction in the membrane costs [39, 49]. 
 
2.2.2 MBR technology in Australia  
The use of MBRs for decentralised wastewater treatment systems is a new 
phenomenon in Australia. The technology has been employed by Australian 
water industry for over ten years, but the most activities have occurred within 
the past five years [50]. Compared to the global market, limited statistical 
information exists about the MBR growth within Australia. However, the 
technology has received increased interest due to the potential of MBR to 
enable decentralised systems [51]. 
Compared with other countries, different design information may be 
required for Australian wastewater treatment systems. There may be different 
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opportunities as well as new obstacles for this new technology. In this view, 
several local parameters such as water reuse potential, wastewater 
characteristics, wet weather hydraulic peaking factors, climatic considerations, 
land availability, and the characterisation of existing infrastructure have to be 
taken into account [51, 52]. 
 
2.3 Characteristics of MBR effluents 
Secondary effluents of municipal wastewaters consist of more than 200 
different chemical compounds, many of which are acutely or chronically toxic 
to aquatic organisms and may pose a health risk to humans and animals. Many 
of these chemicals, e.g., pharmaceuticals and personal care products (PPCPs) 
and EDCs, are not easily degraded and may have long-term environmental 
effects [53]. Moreover, the feed to the membrane module of a MBR is an 
activated sludge which is generally consisted of bio-flocs, refractory NOMs, 
synthetic organic compounds (SOCs) derived from domestic use and DBPs, 
soluble microbial products (SMPs) produced in the biological wastewater 
treatments, and salts [54].  
Despite no distinct classification, MBR mixed liquor can be classified into 
particulates (> 0.45µm), colloids (1 nm to 0.45 µm), and dissolved particles 
(<1 nm) [55]. In most MBRs, microfiltration (MF) and ultrafiltration (UF) 
membranes are often applied which could hardly retain dissolved organic and 
inorganic substances [56]. Organic contaminants remaining in MBR effluents 
consist mainly of dissolved and relatively poorly biodegradable microbial 
products that can be classified into three main categories: EfOMs, microbial 
species and inorganic compounds. Some examples of non-efficient removal of 
organic contaminants by MBRs reported in the literature are listed in  Table 5. 
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Table 5. Limitation in removal of organic compounds by MBRs. 
Organic 
compound 
MBR  condition Effluent quality Ref. 
EfOMs 
SMPs 
 
Ceramic membrane (pore size: 
0.05 mm, MWCO: ~300 kDa) 
SRT (day) : 20  
 HRT (h): 6   
Influent TOC (mg/L as glucose): 
112  
Only 57%  removal of  average 
produced SMP ( 4.7 mg DOC/l) 
in a MBR 
[57] 
 
TEPs 
 
PVDF membrane (pore size: 0.08 
μm) 
HRT: 10 h 
SRT (day): ~45 (low F/M), ~7  
(high F/M) 
Organic loading (gCOD/L/day):  
1 (low F/M), 3 (high F/M) 
Detection of TEP in effluent: 
57 mg/L TEP at High F/M (0.5 
g/g day-1) 
10 mg/L TEP at low F/M (0.17 
g/g day-1) 
 
[58] 
 
DBPs 
 
Zenon ZeeWeed® 500D UF 
membrane 
SRT (day): 40  
MLSS (g/l): 10-15  
THM formation (182–689 
μg/L) due to the periodic 
cleaning of the MBR UF 
membrane with chlorine 
[59] 
 
Emerging trace contaminants (PPCPs, EDCs) 
 
Commercial plate and frame (P) 
and hollow fiber (H) module  
No removal of carbamazepine, 
erythromycin, diclofenac  
[60] 
 
Pilot scale MBR 
SRT (day): 10- 55  
HRT (day): 0.5-4  
F/M (g COD/g TSS day-1):  
0.03-0.24 
Only 33% removal of 
diclofenac, no removal for 
carbamazepine 
[61] 
 
MF hollow-fiber module (pore 
size: 0.4 μm) 
MLSS (g/l): 27-35 
SRT (day): 30 
Only 60-70% removal of 
EE2 (17-α-ethynil estradiol) 
[62] 
Inorganic 
compounds 
 
Nitrogen and phosphorous 
 
Hollow fiber module (pore 
size: 0.1 μm) 
 SRT (day): 45 
HRT (h): 4 
Feed (kgCOD/m3/day): 1.5 
COD:N:P ratio: 150:5:1 
10-30% nitrogen removal 
10-40% phosphorous 
removal 
[63] 
Metals/Heavy metals 
 
UF hollow fiber module (pore 
72-89% Cu , 50-60% Pb, 
and  33-37% As removal 
[43] 
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size: 20nm) 
SRT (day): 190-200  
HRT (h): 14 
MLSS (g/l): 4-17  
0-285 B and 0-31% Se 
removal 
 
Microbial 
species 
 
MF Hollow fiber module 
(pore size: 0.4-μm) 
SRT (day: 200 
HRT (h): 9 
MLSS (g/l): 6 
Only 0.8 log removal of 
bacteriophage MS-2 
[64] 
 
PVDF hollow fiber module 
(pore size: 0.22 μm) 
PP hollow fiber module (pore 
size: 0.1 μm) 
SRT (day): 35 
HRT (h): 10.8 
MLSS (g/l): 4.5 
Detection of 2 log phage T4 
in effluent  for 0.22 μm 
membrane 
[65] 
 
2.3.1 Effluent organic matters  
EfOMs are composed of soluble microbial products, transparent 
exopolymer particles (TEPs), disinfection by-products, and emerging trace 
contaminants, including PPCPs and EDCs [55, 66-68]. 
 
2.3.1.1 Soluble microbial products  
SMPs are organic compounds produced during biological processes in 
wastewater treatment plants. The chemical components of SMPs consisted 
mainly of proteins, polysaccharides, and organic colloids. SMPs are 
biologically derived from substrate metabolism during biomass growth or 
originated from cell lysis during biomass decay [66]. Some SMPs have been 
found to exhibit certain characteristics, such as toxicity and metal chelating 
properties, which affect metabolic activities of microorganisms both in 
treatment systems and in receiving waters by reducing their specific 
respiration rates [66].  
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SMPs have a very wide, bimodal molecular weight (MW) distribution 
ranging from less than 0.5 kD to more than 100 kD with two sharp peaks: one 
peak in the low molecular weight (LMW) region (< 1 kD) and one in the high 
molecular weight (HMW) region (> 10 kD) [69]. Therefore, MF/UF 
membranes cannot efficiently retain LMW SMPs. In a study, the fate of SMPs 
in a MBR using ceramic (Al2O3) membrane was examined at various sludge 
retention times [57]. Under the conditions of SRT of 20 days, influent DOC of 
112 mg/L and HRT of 6 h, the produced SMP was 4.7 mg DOC/l of which 
57% was removed or retained by the membrane. In another study performed 
by Al-Halbouni et al. [70] on detailed characterization of membrane foulants, 
HMW SMPs were rejected by a PVDF (0.04 μm nominal pore size) 
membrane and were only partly enriched within the membrane fouling layer, 
whereas some LMW particles were present in the final MBR permeate. 
 
2.3.1.2 Transparent exopolymer particles  
In recent years, TEPs has been considered of high concern because of their 
role in the aggregation of particles in aquatic systems [71]. TEPs are 
transparent, sticky and amorphous substances that consist mainly of surface-
active polysaccharides and may contain uronic acids and some adsorbed 
proteins, lipids, trace elements and heavy metals. These gel-like particles 
significantly affect the biogeochemical cycling of elements as well as food 
web structures, and they have been found in most fresh and marine waters and 
recently in wastewater [68, 72]. TEPs are divided into two main groups: 
colloidal TEPs (0.05 to 0.45 µm) and particulate TEPs (> 0.45 µm). According 
to Villacorte et al. [68], the fraction of colloidal TEPs was more abundant than 
that of particulate TEPs in a number of both fresh and saline water sources. 
While MF/UF membranes may serve as a barrier for particulate TEPs, 
colloidal precursors of TEPs cannot be retained from entering the final 
permeate [68].  
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2.3.1.3 Disinfection by-products  
DBPs are formed as a consequence of the reaction between organic 
compounds and oxidants used for disinfection. Trihalomethanes (THMs) and 
haloacetic acids (HAAs) are the main concerning DBPs, which can cause 
cancer and developmental problems in humans [46]. In general, the 
concentrations of DBPs in the effluent from MBRs are relatively low, ranging 
from 9 to 13 μg/l for THMs. However, some studies have revealed relatively 
high concentrations of THMs in MBR effluents, ranging from 182 to 689 μg/l 
due to the chlorine utilised in the periodic membrane back-wash cycles [59]. 
 
2.3.1.4 Emerging trace contaminants  
Wastewater treatment plants treating municipal or industrial wastewaters 
are the main source of “emerging” contaminants such as PPCPs and EDCs that 
originate from their wide utilisation for industrial, agricultural, and household 
purposes [73].  
EDCs are an extremely diverse group of compounds that interfere with the 
functioning of natural hormones in animals and human beings by either 
mimicking or blocking their hormones [60]. EDCs can be classified into two 
different categories: natural substances, including natural sexual hormones and 
phytoestrogens, and xenobiotics such as the contraceptive 17α- 
ethinylestradiole (EE2), man-made chemicals and their by-products (e.g., 
pesticides, cleaning agents, flame retardants) [73]. 
The MF and UF membranes do not exhibit an efficient removal of EDCs 
and PPCPs for their molecular weight typically range from 150 to 500 
Daltons. While removal of hormones in membrane bioreactors is possibly due 
to the adsorption of these compounds on particulate matter [74], a certain 
estrogenic activity could be expected in MBR effluent due to the cleavage of 
estrogen conjugates, or dissolution of particles due to the digestion process 
that may release estrogens by desorption [38].  
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Pharmaceutical residues are usually not completely degraded or retained 
by adsorption to sludge in MBRs. The removal of these compounds is 
dependent on the properties of the substances and operational parameters such 
as SRT, HRT, and temperature [61]. According to Huang and Sedlak [75], MF 
(0.1 to 0.4 µm ) could not remove two steroid hormones (17β-estradiol and 
17α-ethinylestradiol) from two different full scale water recycling systems 
treating tertiary municipal wastewater effluent. In another study, 
concentrations of some pharmaceuticals and endocrine disrupts present in a 
MBR effluent were measured by liquid chromatography/tandem mass 
spectrometry (LC-MS/MS) and electro-spray ionisation (ESI). The results 
indicated that tris (2-chloroethyl) phosphate, iopromide, naproxen, 
carbamazepine, and caffeine could not be effectively removed from the MBR 
influent [60]. The same concentrations in both effluent and influent have been 
reported for carbamazepine in different studies [61, 76, 77]. Since 
carbamazepine cannot be adsorbed onto the sludge and the pore size of MF 
membranes is not able to provide an adequate retention of the compound, 
carbamazepine can pass through CAS and MBR without any reduction [61, 
76, 77].  
 
2.3.2 Microbial Species  
One of the main sources of pathogens in the environment is disposal of 
inadequately treated wastewater to surface water recipients. Pathogenic 
organisms such as protozoa, helminthes, bacteria and viruses are among the 
most prominent water quality parameters for water reuse [78]. Efficient 
removal of indicators such as Escherichia coli, faecal coliform bacteria, and 
bacteriophages in MBR processes have been reported in many studies [79, 
80]. Although MF membranes do not exhibit an effective virus removal, high 
removal rates have been reported, mainly after the build-up of a biofilm on the 
membrane [78, 80]. Very low removal of MS-2 bacteriophage (~0.02 μm) was 
obtained for MF membranes (0.4 μm) as the average pore size of the 
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membrane was much larger than the size of the virus [64]. Very poor removal 
of coliphage was also reported for membrane filtration without activated 
sludge [81]. 
 
2.3.3 Inorganic matters  
 
2.3.3.1 Nutrients  
The presence of nutrients such as nitrogen and phosphorous in wastewater 
discharge is of high concern as they can accelerate the eutrophication of lakes 
and promote aquatic growth. Several studies have confirmed that MBR is a 
highly viable wastewater treatment technology to achieve acceptable nitrogen 
and phosphorous removal, both with and without enhanced nutrient removal 
[46]. However, some operational parameters such as SRT and HRT exhibited 
a prominent impact on nutrient removal. For example, Johir et al. [63], 
observed only a 10-40% removal of both nitrogen and phosphate in a MBR 
working at a short hydraulic retention time (4h) due to the differences between 
membrane pore dimension (assuming uniform pore size distribution on 
membrane surface) and solute size [63]. Although enhanced biological 
phosphorous removal is possible, the effluents from MBR exhibit 
phosphorous concentrations in the order of 100–300 µg/l and, therefore, a post 
treatment is usually necessary [63, 82].  
 
2.3.3.2 Metals and heavy metals  
The presence of metals in municipal wastewater treatment systems 
originate from industrial discharge in the catchment area or from non-
hazardous liquid wastes such as landfill leachate. For this reason, their 
concentrations in the resulting sewage range from trace up to dozens of 
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micrograms per liter and they may be found in many different chemical or 
physical forms. Although present at low concentrations, metals and especially 
heavy metals can be toxic to the environment and aquatic life, as well as for 
humans [83]. While precipitation and sorption remain the most common 
methods for the removal of metal ions, numerous studies revealed that MBRs 
enhanced the effective removal of metals from municipal and industrial 
wastewaters [43, 83, 84]. However, some metals such as As and Pb were 
hardly removed in both CAS and MBR systems [43].  
 
2.4 Advanced treatment of MBR effluents  
Secondary treated municipal wastewater in a MBR may contain various 
dissolved organic constituents, and, therefore, further treatment is required to 
comply with the strict regulations for water discharge or reuse purposes [85]. 
In the light of this, several advanced treatment technologies have been 
proposed to meet both current and anticipated treatment requirements. Among 
different advanced treatments, membrane filtration, advanced oxidation 
processes (AOPs), and disinfection have shown an efficient removal of a large 
number of pollutants present in secondary effluents. 
 
2.4.1 Membrane filtration 
Membrane processes such as NF and RO have become increasingly 
widespread in wastewater recycling and reuse to achieve high removals of 
dissolved solids, organic carbon, and inorganic ions. 
 
2.4.1.1 Nanofiltration  
NF separation is obtained via one or several mechanisms, depending on the 
membrane characteristics and the physicochemical properties of the solute and 
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the membrane ( Figure 10). These properties are classified into two categories: 
physical selectivity such as charge repulsion, size exclusion or steric hindrance 
and chemical selectivity including the salvation energy, hydrophobic 
interaction or hydrogen bonding [86]. In addition, the rejection can be affected 
by operation conditions and composition of the feed solution [87]. 
 
 
Figure 10. Schematic of transport paths for water and organic micro-constituents 
through NF membranes [88]. 
 
Retention of a solute by NF membranes can be predicted by solute 
properties such as LogKOW, i.e., the octanol-water partitioning coefficient, 
pKa, and molecular size [89]. The hydrophobic interactions between the solute 
and the membrane result in solute adsorption on the surface of the membrane 
or inside the pores. However the adsorption of the solute can result in a higher 
initial rejection, but the adsorbed molecule will dissolve in the membrane and 
moves to the permeate side. Therefore, a higher hydrophobicity (higher 
LogKOW value) will result in a lower rejection [89, 90]. Polarity of a solute, 
measured quantitatively by the dipole moment, is influenced by the pKa (or 
pKb) value of the solute, which determines its charge according to the solution 
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pH [86]. It was shown that an uncharged molecule with a high dipole moment 
shows lower rejection than a molecule of the same size but with a lower dipole 
moment [90]. 
 
2.4.1.2 Reverse osmosis  
RO is a pressure-driven process where dissolved compounds present in 
feed solution are retained by a semi-permeable membrane due to the steric 
effects, charge exclusion and physicochemical interactions between solutes, 
solvent and the membrane [38]4567890- . The removal efficiency is also 
influenced by operational parameters, membrane material, and feed solution 
properties [91]. The main difference between RO and NF membranes is 
related to the selectivity. RO membranes can reject all ions including 
monovalent and multivalent ions while NF membranes are selective towards 
monovalent ions [92]. 
Since the nominal pore size of RO membranes is less than 0.5 nm, they 
have the potential to reject a wide range of compounds including bacteria, 
viruses, humic compounds, and colloids in addition to molecules and ions 
[93]. However, the solute transport in RO membranes is affected by diffusion 
and electrostatic interactions through the membrane pores [94]. In a study by 
Kimura et al. [95], the removal of selected DBPs, EDCs, and PPCPs was 
comprehensively investigated by polyamide RO membranes. The results 
revealed that negatively charged compounds could be better rejected (>90%), 
while rejection of non-charged compounds was lower (<90% except for 
Bisphenol A) and was mainly affected by their molecular size [95].  
Despite the high quality of RO permeates, the major limiting factors in RO 
application are the cost, which is mainly influenced by both energy 
consumption and membrane replacement costs, and membrane fouling caused 
by pore clogging, adsorption of solutes on the membrane surface, microbial 
growth, and scaling due to the precipitation of CaCO3 or CaSO4. [96, 97]. 
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2.4.2 Advanced oxidation processes  
AOPs are determined as aqueous phase oxidation techniques based on 
production of highly reactive oxygen species (ROS) resulting in degradation 
of refractory contaminants. AOPs can be employed as a pre-treatment step to 
make bio-refractory compounds more biodegradable for subsequent biological 
post-treatment or they can be applied as a post-treatment stage to remove the 
pollutants in the secondary effluents from biological processes [98].  
Key AOPs include photolysis, ozonation, the Fenton’s reagent, 
heterogeneous and homogeneous photocatalysis, ultrasound and wet air 
oxidation [99].   
 
2.4.2.1 Photolysis  
Photolysis includes the interaction of artificial or natural light with the 
target pollutant that can cause either a direct degradation or production of 
some intermediate compounds [100]. A wide range of contaminants have been 
reported to be eliminated by UV photolysis such as chlorinated and nitrated 
aromatics, phenols, halogenated aliphatics, end products of metal finishing, 
oil, and steel processing, and other hazardous wastes present in water [101]. 
Also, this method is now mainly used in the removal of bacteria-indicator 
organisms as a tool for wastewater microorganism reduction [85]. However, 
decomposition of pollutants with UV-irradiation usually occurs at very slow 
rates [102]. The efficiency of direct photolysis can be accelerated when it is 
combined with hydrogen peroxide whose photolytic decomposition yields 
hydroxyl radicals [103].  
 
2.4.2.2 Ozonation  
Ozone is a selective oxidant that particularly attacks functional groups with 
high electron density such as double bonds and activated aromatic systems. 
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Simultaneously, hydroxyl radicals are formed as a result of ozone 
decomposition and react non-selectively with organic molecules with higher 
rate constants [104, 105]. Ozonation has been used to treat drinking water by 
oxidising iron and manganese, removing colour and odour, eliminating trace 
toxic synthetic organic compounds, and assisting in coagulation via the 
reactions with aquatic humic substances [106]. Elevated pH will favour the 
ozonation efficiency due to the enhanced hydroxyl radical production. In 
addition, the process performance can be increased when ozone is combined 
with light irradiation, hydrogen peroxide or iron and copper complexes as 
catalysts [99]. However, ozone decomposition via hydrogen peroxide is highly 
dependent upon pH. This sensitivity will influence both the rates of UV/O3 
and the O3/H2O2 AOP processes. The main uncertainty of ozonation is related 
to the formation of oxidation by-products from matrix compounds and 
transformation products from micro-pollutants [105]. For this reason, filtration 
or granular activated carbon can be combined with ozonation in order to 
decrease the amount of biodegradable by-products [85]. From an economical 
point of view, the cost of ozone generation mostly involves about half of both 
the capital and operating costs of process [107]. 
 
2.4.2.3 Fenton oxidation  
Homogeneous Fenton oxidation is considered as a metal-catalysed 
oxidation reaction. The reaction occurs in the presence of ferrous or ferric ions 
with hydrogen peroxide via a free radical chain reaction that produces 
hydroxyl radicals [108] according to the following reaction:  
 
Fe2++ H2O2 → Fe
3++ OH-+ OH•  (1)  
 
Since the treatment efficiency is closely related to the solution pH, the 
initial pH value has to be between 2 and 4 to generate the maximum amount of 
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hydroxyl radicals to oxidise organic compounds [103]. The decomposition rate 
of contaminants with Fenton reagents is highly increased by UV-Vis light 
irradiation as more hydroxyl radicals are produced in the so-called photo-
Fenton oxidation (Eq. (2)) [109].  
 
Fe(OH)
2+
 
hϑ
→  Fe2++ OH•   (2)  
 
Although Fenton oxidation systems are easy to handle and operate, a strict 
pH control is required to avoid the formation and following precipitation of 
iron oxyhydroxides. Furthermore, an additional treatment stage is required to 
recover dissolved ions from the treated effluent. In this regard, immobilisation 
of Fenton catalyst might provide a non-controlled pH condition as well as easy 
catalyst recovery from the final solution [103]. 
 
2.4.2.4 Heterogeneous photocatalysis  
Heterogeneous photocatalytic processes rely on a semiconductor metal 
oxide, e.g. TiO2, as catalyst and oxygen as oxidising agent. Excitation of a 
solid-state metal catalyst with a light source, with an energy equal or higher 
that its band gap leads to the generation of valence band holes and conduction 
band electrons (Eq.(3)). Holes and electrons may either undesirably recombine 
releasing heat or make their separate ways to the surface of the catalyst, where 
they can react with species adsorbed on the catalyst surface [8]. The noticeable 
reducing power of formed electrons enables them to react with adsorbed 
molecular oxygen reducing it to superoxide radical anion, which in turn reacts 
with protons to form peroxide radicals. The remaining holes are capable of 
oxidising adsorbed water molecules or hydroxyl ions to generate hydroxyl 
radicals (Eqs. (3-9)) [100, 103].  
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TiO2 
hϑ
→ e-+ h+    (3)  
TiO2(h+)+ H2Oad → TiO2+ HOad
• + H+  (4)  
TiO2(h+)+ HOad
-
 → TiO2+ +HOad
•
  (5)  
 
 
(6)  
Organic compounds + OH• → oxidation products  (7)  
Organic compounds + TiO2(h+) → oxidation products   (8)  
Organic compounds + TiO2(e-) → reduction products  (9)  
 
The key features of photocatalysis include operating at ambient conditions, 
as well as high chemical stability, good performance and low cost of catalyst. 
Moreover, additional radical initiators such as H2O2 are not required, and 
natural radiation may be used as a light source to activate the catalyst [85, 
110]. The performance of photocatalytic reactions depends on several factors 
including catalyst concentration, light wavelength and intensity, the solution 
pH, and the water matrix. The major drawback associated with photocatalysis 
reactions using the catalyst in slurry form is to recover the catalyst particles 
from the treated effluent [111, 112].  
 
2.4.3 Summary 
As discussed in this section, the effectiveness of conventional wastewater 
treatment processes for removal of refractory compounds and microbial 
pollutants has become limited. In contrast, advanced treatment technologies 
such as membrane filtration and AOPs exhibited a promising potential to 
remove a wide range of non- or low-biodegradable compounds that could not 
be effectively removed by conventional treatment processes.  
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A summary of removal of selected refractory compounds (PPCPs and 
EDCs) by both conventional and advanced wastewater treatments is 
presented  Table 6. 
Although low pressure driven MF and UF filtration did not exhibit an 
efficient performance to retain these compounds, RO remains the most 
important application in wastewater treatment. However, sustainable 
application of RO for wastewater recycling and reuse relies on the reduction of 
high energy demand and more effective fouling control strategies. 
AOPs were found to be  promising alternatives in destruction of refractory 
compounds in solutions with low suspended solids and low concentrations of 
organic compounds [8]. Based on overall cost evaluation so far, AOPs are 
cheap to install but still expensive to operate based on the cost of utilised 
chemicals such as ozone and H2O2 [10]. The energy requirement of the 
process will also be dependent upon the quality of the recycled water and the 
composition and concentration load of the feed stream. In addition, there is 
little evidence that the complete mineralisation of organic compounds is 
practical via AOPs.  
 In the light of this, the performance of the process can be enhanced by the 
synergistic effect of coupling various processes through simultaneous 
application of different AOPs, or complex treatments comprising various 
physical, advanced oxidation and biological processes [10]. In this view, it 
was perceived that using hybrid processes of AOPs, e.g., photocatalysis, and 
membrane filtration, both degradation of organic compounds and control of 
membrane fouling would be achieved. In recent years, a great number of 
studies focused on the combination of these two technologies to improve the 
effectiveness of the hybrid process.  
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Table 6. Removal of selected PPCPs and EDCs by secondary (CAS and MBR) and 
advanced treatments. 
Target compound Treatment type 
(pollutant initial 
concentration) 
Removal  Ref. 
Clofibric acid 
Secondary 
CAS (1 μg/l) 
10-40% in synthetic wastewater (Feed 
flow-rate: 2L/day, HRT: 48 h)  
[113] 
MBR 
(100 μg/l) 
No degradation for HRT = 1day 
Complete removal at HRT = 14 day 
(MF membrane (0.4 μm), MLSS: 2.3-
4.6 mg/L)  
[114] 
Advanced 
Membrane filtration 
(240-296 ng/l) 
MF, UF: No removal 
RO:  > 96% removal   
[115] 
UV/H2O2 
(1.0×10−3 to 
1.5×10−3 M) 
95% drug removal and 10% 
mineralization after 60 min  
[116] 
Ozonation 
(1.0×10−3 to 
1.5×10−3 M) 
100% drug removal and 50% 
mineralization after 20 and 60 min 
respectively 
[116] 
Photocatalysis by 
TiO2 
(5-10 mg/L) 
100% drug removal in 20 min [111] 
Diclofenac  
Secondary 
 
CAS 
(1 μg/l) 
40-60% in synthetic wastewater (Feed 
flow-rate: 2L/day, HRT: 48 h) 
[113] 
MBR 
 
< 40% removal  
(SRT: 10-55 day, HRT: 0.5-4 day, 
F/M: 0.03-0.24 g COD/g TSS/day) 
[61] 
Advanced 
Membrane filtration 
MF: < 20% 
NF: 50-80% 
RO: > 95% 
[117] 
UV/H2O2 
(1.0×10−4 M) 
95% drug removal and 40% 
mineralization after 90 min 
[118] 
Ozonation 
(1.0×10−4 M) 
100% drug removal and 30% 
mineralization after 10 and 90 min 
[118] 
Photo-Fenton 
oxidation 
(50 mg/L) 
100% drug removal in 100 min [119] 
Photocatalysis by 
TiO2 
(0.76- 9.24 mg/L) 
100% drug removal in 60 min 
 
[120] 
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Carbamazepine 
Secondary 
CAS (1 μg/l) 
20-40% in synthetic wastewater (Feed 
flow-rate: 2L/day, HRT: 48 h) 
[113] 
MBR 
 
No removal  
(SRT: 10-55 day, HRT: 0.5-4 day, 
F/M: 0.03-0.24 g COD/g TSS/day) 
[61] 
Advanced 
  
Membrane filtration 
(8-120 ng/l) 
MF, UF: No removal 
RO: > 95% 
[115] 
UV/H2O2 
(210- 320 ng/l) 
 
10-90% removal  in 6 to 20 min 
[H2O2]: 2, 5, 10, 15 and 20 mg/L , UV 
intensity:  300 to 700 mJ/cm 2) 
[121] 
Ozonation 
(2.3-33.3 ng/l) 
> 80% removal in 27 min  
(ozone dose: 3 mg/L) 
[122] 
Photocatalysis by 
TiO2  
(5 mg/L) 
85 % removal in 120 min UV-
irradiation (λmax :350 nm) 
[123]  
Fenton oxidation 
(281 ng/l) 
> 70% drug removal 
(H2O2/Fe
2 +: 50, 0.8 Mm H2O2) 
[124] 
𝟏𝟕 − 𝜷 
Estradiol (E2) 
Secondary 
 
CAS 
> 90% [117] 
MBR 
(10 μg/l) 
> 98% removal (SRT: 10-20 day, 
HRT: 12 h, feed: 1.4 gCOD/l/day) 
[125] 
Advanced 
  
Membrane filtration 
MF: < 20% 
NF: 50-80% 
RO: > 95% 
[117] 
UV/H2O2 
 (3 μg/l) 
90% removal of estrogenic activity 
([H2O2]: 5 mg/L, UV: 350 mJ/cm
2) 
[126] 
Ozonation  
(100 nM) 
75-99% removal in 1-10 min  
 (ozone dose: 1.5 mg/L) 
[127] 
Photocatalysis by 
immobilised TiO2 
NPs (0.05-3 μM) 
> 98% degradation after 210 min  
(TiO2 dose: 1.5 mg/cm
2) 
[128] 
Bisphenol-A 
Secondary 
CAS (12-55.5 ng/l) 
70% removal 
 (COD: 6.8 mg/L, SS: 1 mg/L, feed: 
1.7×105 m3/day) 
[122] 
MBR 
(0.2 mg/L) 
60-85% removal (SRT: 10 day, HRT: 
4-8 h, MLSS: 6.5-8.5 mg/L, MF 
membrane: 0.1 μm) 
[129] 
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Advanced 
Membrane filtration  
(50 mg/L) 
NF: 60-70% 
RO: > 98% 
 
[130, 
131] 
Ozonation 
(12-27 ng/l) 
50-90% removal  in 27 min (ozone 
dose: 3 mg/L) 
[122] 
Photocatalysis by 
TiO2 (10 mg/L) 
60-100% removal in 80 min  
(TiO2 dose: 0.2-2 g/l) 
[132] 
Sulfamethoxazole 
Secondary 
MBR 
(50 μg/l/day)  
55-64% removal (SRT: 15-30 day, 
HRT: 9-13 h, sludge concentration: 12 
g/l) 
 
[133] 
Sequencing batch 
reactor (SBR) 
(50 μg/l) 
20-50% removal 
(TSS: 1 g/l, HRT: 1.2 day, SRT: 6 day) 
[134] 
Advanced 
Membrane filtration 
(270-290 ng/l) 
MF: 6% 
UF: 11% 
RO: > 90% 
[115] 
Photocatalysis by 
TiO2 (100 mg/L) 
>  80% degradation in 6 h (TiO2 
dose: 1-2 g/l) 
[135] 
Photo-Fenton 
oxidation (200 mg/L) 
> 80%  removal  ([Fe+]: 10 mg/L, 
[H2O2]: 50 mg/L) 
[136] 
Ozonation 
(30 mg/L) 
> 90% in 6-10 min (ozone dose: 20 
mg/L) 
[137] 
 
2.5 Nanomaterial-enabled photocatalysis 
The nano-size particles or NPs are a class of materials that their properties 
distinctly differ from their bulk and molecular characteristics. In another 
definition, NPs are the number of atoms or molecules bonded together having 
a radius of 1-100 nm. The key property of NPs is the much larger surface area 
compared to their bulk properties [138]. Other desirable properties of natural 
or engineered NPs include enhanced catalytic properties, antimicrobial 
properties, self-assembly on the surface, high electrical conductivity, and 
fluorescence [139]. Current applications of NPs in water recycling and 
purification comprise pollutant adsorption, catalytic degradation, disinfection 
and microbial inactivation, membrane filtration and desalination [140]. Based 
on size and shape dependent optical and electronic properties of NPs, they can 
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be exploited in advanced oxidation processes. In this view, NPs are commonly 
used as photocatalyst [141]. 
Nanoparticles can be classified into two main groups: carbon-based 
nanomaterials and inorganic nanoparticles. Fullerenes and carbon nanotubes 
(CNTs) are the most prominent carbon-based NPs, whereas inorganic NPs 
comprise metals (e.g., Ag, Au, Fe), metal oxides (e.g., titanium dioxide, zinc 
oxide, iron oxide), and metal chalcogenides (e.g., cadmium sulphide) [142].  
 
2.5.1 TiO2 NPs 
Several nano-sized semiconducting metal oxides, e.g., TiO2, ZnO, MoO3, 
WO3, V2O5, and metal chalcogenides such as ZnS, CdS, CdSe, and MoS2 can 
be used as photocatalyst for a wide variety of gas-solid and liquid-solid phase 
reactions over a broad range of temperatures from 0 to 500 °C [143, 144]. The 
desirable properties of these nano-sized semiconductors include photocatalytic 
reactivity, double-electrical layers hydroxide conjugate adsorption, and higher 
specific surface area [145].  
Amongst various compounds, TiO2 semiconductor is the most well-known 
photocatalyst since it is inexpensive, non-toxic, and insoluble under most 
conditions [11]. Naturally, TiO2 is present in three different polymorphs of 
rutile, anatase, and brookite ( Figure 11) among which only anatase and rutile 
are photo-catalytically active (with band gap energy of 3.2 eV for anatase and 
3.0 eV for rutile) [146]. Some physical and structural properties of anatase and 
rutile TiO2 are shown in  Table 7. 
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Figure 11. Crystal structures of rutile (a), anatase (b), and brookite (c) [146]. 
 
Table 7. Physical and structural properties of anatase and rutile TiO2. 
Property Rutile Anatase 
Molecular weight (g/mol) 79.88 79.88 
Melting point (°C) 1825 1825 
Boiling point (°C) 2500~3000 2500~3000 
Specific gravity 4.0 3.9 
Light absorption (nm) λ ≤ 415 λ ≤ 385 
Refractive index 2.75 2.55 
Dielectric constant 114 31 
Crystal structure Tetragonal Tetragonal 
Lattice constants (A°) 
a = 4.5936 
c = 2.9587 
a = 3.784 
c = 9.515 
Density (g/cm) 4.13 3.79 
Ti-O bond length (A°) 
1.949 (4) 
1.980 (2) 
1.937 (4) 
1.965 (2) 
 
Over 3,000 kinds of organic refractory pollutants  such as 
organophosphorous pesticides, nitrobenzene, sodium dodecyl benzene 
sulfonate, cyclohexane, hexahydro-1,3,5-trinitro-1,3,5-triazine (RDX) as well 
(a) (b) (c)
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as various dyes and trace emerging contaminants such as PPCPs and EDCs, 
have been reported to be degraded using TiO2 NPs as  photocatalyst [145].  
 
2.5.1.1 Enhancement of photocatalytic reactivity 
In last decades, many studies have been devoted in order to improve the 
photocatalytic reactivity of TiO2 NPs by either decreasing of its band gap 
energy  or minimising the recombination rate of electron-hole pairs through 
narrow band gap semiconductor compositing and doping by metallic (noble 
metal nanoparticles such as Ag, Au, Pd, and Pt) or non-metallic elements 
(such as carbon, nitrogen, boron, and fluorine) [147, 148].  
Band gap shifting of TiO2 can be obtained through the sensitization by 
combining them with narrow band gap semiconductor nanocrystals (such as 
CdS, CdSe, and Fe2O3) whose conduction band (CB) is more negative than 
that of TiO2. Therefore, under light irradiation, photo-induced electrons would 
transfer from the CB of the narrow band gap semiconductor to that of TiO2 
and thus will tremendously enhance the visible light absorption of TiO2 
coupled with semiconductor. On the other hand, doping non-metals (N, C, B, 
etc.) or transition metals (Fe, Zr, Cr, etc.) into the crystal lattice of TiO2 results 
in narrowing the band gap by replacing the non-metal or transition metal with 
O
2-
 or Ti
4+
 to create new sub-energy levels. Furthermore, decoration of TiO2 
NPs with a noble metal (Ag, Au, Pd, etc.) significantly reduces the 
recombination of photo-generated electron-hole pairs due to the facilitated 
transport of charge carriers from NPs to noble metals [149-151]. Thus, 
controlling the electronic properties of TiO2 NPs via alternative band gap 
shifting procedures could be one approach to develop a catalyst with a high 
reactivity using solar energy to make the photocatalysis-based water treatment 
processes more cost-effective. 
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2.5.1.2  Immobilisation of TiO2 NPs 
In TiO2-assissted photocatalysis, TiO2 NPs can be applied in two different 
modes: 1) TiO2 NPs suspended in aqueous medium and 2) TiO2 NPs 
immobilised on certain support materials.  
In the last decades, exploitation of TiO2 NPs in slurry or suspended 
systems has received the most attention in many investigations. This is usually 
related to the large amount of catalyst surface active sites resulting in high 
production rate of ROS [12]. The major detriment associated with those 
systems is the post treatment separation of photocatalyst particles from treated 
water leading to an additional treatment cost. The concerning issues for 
separation of photocatalyst include the catalyst recovery and reuse as well as 
preventing subsequent contamination of the environment through the loss of 
catalyst particles in the treated water [9, 13].  
The catalyst separation can be gained by means of different methods such 
as coagulation and membrane filtration. In coagulation systems, the 
flocculated catalyst particles are settled and can be recovered from the 
sediment. However, an additional post treatment will be required to reuse the 
photocatalyst [152]. For membrane filtration systems, some concerning issues 
such as membrane characteristics (e.g., type and pore size), back washing and 
fouling have to be taken into account [9, 152]. In addition, in suspended 
systems, the illumination of all catalyst particles is limited due to the shielding 
of further away particles by those near the light source [12]. 
On the other hand, the immobilisation of photocatalyst on a support or 
matrix eliminates the post-separation processes and their additional costs. 
Furthermore, it can provide complete illumination of the photocatalyst 
particles, for example by coating a thin layer of photocatalyst on a tube 
surrounded by a tube light source [9, 12, 153]. However, reduction in the 
number of catalyst active sites as well as increasing of mass transfer 
limitations are the most concerning drawbacks associated with photocatalyst 
immobilisation [9, 154]. 
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One approach for immobilisation of TiO2 NPs on a support is to 
immobilise the NPs on suspended porous carriers that can be easily filtered 
and recovered from the treated water. Since these carriers are suspended in the 
solution, an efficient contact between the catalyst and target pollutants would 
be achieved. As a result, the mass transfer limitations, which are usually 
associated with the coating of thin films of photocatalyst on the reactor walls 
or immobilisation on fixed supports, are diminished [155]. Moreover, a larger 
surface of the photocatalyst can be exposed to the UV irradiation [156].  
TiO2 NPs have been immobilised on a wide range of support materials 
such as activated carbon [157, 158], silica gel [154], and glass beads [159, 
160]. Among different supports, porous materials such as silica gel, activated 
carbon, and zeolites offer a large internal surface area that allows for 
dispersion of a large number of active sites. In addition, agglomeration of 
photocatalyst particles is prevented by the space confinement of support pores 
[154, 161, 162]. The major drawback of this system is the separation of the 
photocatalyst particles from the carrier. This causes a loss in catalyst mass, 
with following activity reduction and  the need for additional separation of the 
fine particles [156].  
TiO2 NPs have also been immobilised on fibres [163], stainless steel [164] 
or even the membranes [165, 166]. For example, in one study, stainless steel 
was used as a catalyst support material for the mineralisation of 4CBA [167]. 
P-25 TiO2 NPs were immobilised on the stainless steel films using a modified 
sol–gel method. The results showed that increasing the concentration of TiO2 
NPs up to 50 g/l in the sol solution led to the higher photocatalytic activity of 
the resulting films. However, further increasing of TiO2 concentration in the 
sol solution dramatically affected the adherence of NPs onto the support [167]. 
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2.5.2 TiO2 nanotube arrays  
The photocatalytic activity of immobilised TiO2 films decreases due to a 
reduction in surface area and also the presence of mass transfer limitations. In 
this view, many studies have focused on optimisation of important parameters 
such as porosity, film thickness and crystal structure of TiO2 [168]. Recently, 
TiO2 nanotube arrays (TNAs) have received increasing interest due to their 
ordered structure and increased surface area without an increase in geometric 
area [169]. The one-dimensional geometry may result in improved electron 
transport due to the absence of typical grain boundaries seen in the particulate 
films ( Figure 12) [168, 169]. Higher surface area, less unwanted electron-hole 
recombination losses, as well as improved mass transfer of TNAs, will result 
in higher photocatalytic reactivity compared to nanoparticulate layers [20, 
170]. 
 
 
Figure 12. Electron pathway through nanoparticulate and nanotubular TiO2 [171]. 
 
Photocatalytic reactivity of TNAs has been examined in several studies, 
and they have been employed as photoanode or photocatalyst for degradation 
of a wide range of organic contaminants in both water and air streams.  Table 8 
e¯
hϑ
e¯
hϑ
Catalyst support Ti substrate
TiO2 NPs
TiO2 nanotubes
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presents a summary of TNAs application in photocatalytic (PC) and photo-
electro-catalytic (PEC) degradation of different organic compounds [172]. 
 
Table 8. A summary of TNAs application in photo-electro-catalytic and 
photocatalytic degradation of different organic compounds. 
Target compounds Matrix Remarks Ref. 
PEC 
4,4-dibromo diphenyl  
([𝐶𝑖] = 2 ppm) 
Zr,N-doped TNA 
Higher efficiency of PEC (1 
V) over PC  
(Zr,N/TNA > Zr/TNA > TNA) 
(More light absorption by Zr 
and N) 
[173] 
Methylene Blue (MB)  
([𝐶𝑖] = 10 ppm) 
C60 modified TNA  
> 80% of MB  mineralization 
during PEC 
degradation for 12 h 
[174] 
Pentachlorophenol 
(PCP)  
([𝐶𝑖] = 20 ppm) 
TNA on Ti sheet 
82% PCP removal in 2 h 
Higher efficiency of PEC 
(0.6V) over PC  
[175] 
PC 
 MB  
([𝐶𝑖] = 0.01 mM) 
AAO supported 
TNA  
89% MB removal in 8 h 
 
[176] 
Azo dye (X-3B)  
([𝐶𝑖] = 30 ppm) 
TNA on Ti foil 
100% dye removal after 270 
min 
[177] 
Methyl Orange (MO) 
([𝐶𝑖] = 5 ppm) 
TNA on Ti mesh 
38% enhancement in the 
degradation efficiency per 
area 
[178] 
MO ([𝐶𝑖] = 20 μM) TNA on Ti wire 
Increased degradation 
efficiency from 19% over Ti 
foil to 40% over Ti wire 
[179] 
MO ([𝐶𝑖] = 20 ppm) TNA on Ti sheet 
Higher reaction rate constants 
(0.022 min-1) by increasing the 
length of nanotubes 
[180] 
MB ([𝐶𝑖] = 10 ppm) TNA on Ti foil 100% MB removal in 3 h  [181] 
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2.5.2.1 Fabrication of TNAs 
The current techniques for fabrication of TiO2 nanotubes include the 
assisted-template methods, electrochemical anodic oxidation (anodisation) and 
hydrothermal treatments [182].  
Assisted-template method exploits the deposition of TiO2 oxide layer 
either on the outer surface of a template or inside the template pores. This 
method was firstly reported by Hoyer [183]  through an electrochemical 
deposition of TiO2 into an ordered alumina template. In this technique, the 
dimensions of the nanotubes such as diameter and length can be controlled by 
the dimensions and size of the templates. Later, sol-gel techniques have been 
applied in assisted template methods for the synthesis of TiO2 nanotubes  
[182]. The limitation of the pore size of the template, make this method 
vulnerable to achieve smaller nanotubes. In addition, a long duration, pre-
fabrication and post removal treatments are required [182].  
Fabrication of titanium oxide nanostructures by hydrothermal methods was 
firstly reported by Kasuga et al. [184]. In the study, the bulk TiO2 powder was 
treated with NaOH solution, followed by an acid treatment in HCl at a 
hydrothermal temperature of 110°C. This method produces pure phase 
nanotubes with good crystallinity. However, some titanate structures, such as 
A2Ti2O5.H2O, A2Ti3O7, H2Ti4O9.H2O and lepidocrocite titanates, have been 
assigned as nanotube constituents (A = Na or H) [185].  Starting materials, 
sonication pre-treatment, hydrothermal temperature, and post-treatments will 
influence the nanotube formation. This method has been reported to have 
some disadvantages such as requiring a long reaction duration and high 
concentration of NaOH [186].  
Anodisation is the most common and relatively simple process for 
fabrication of highly ordered TNAs with high aspect ratio [187]. This method, 
reported for the first time by Zwilling and co-workers, was exploited for 
anodisation of titanium to produce porous titanium films [188]. Later, the 
production of titanium nanotube arrays was carried out by Gong and co-
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workers [189] through electrochemical anodisation of Ti foils in HF aqueous 
electrolytes. This technique resulted in the formation of nanotubes with the 
maximum length of 500 nm.  
A comparison between these three methods including their advantages and 
drawbacks is given in  Table 9. 
 
Table 9. A Comparison between current methods for fabrication of TNAs. 
Fabrication 
method 
Advantages Disadvantages 
 
Assisted-
template  
 
 Control of nanotube 
dimensions by applied template 
properties 
 Uniform size of nanotubes 
 
 Time consuming due to 
prefabrication and post-removal of 
the templates 
 Possible contamination during 
template removal 
Anodisation    More desirable for practical 
applications 
 Ordered alignment and high 
aspect ratio of nanotubes 
 Control of nanotube 
dimensions by anodisation 
parameters 
 Production of the amorphous 
phase that requires heat treatment 
Hydrothermal   Pure phase nanotubes with 
good crystallinity 
 Long reaction time 
 Requirement of concentrated 
NaOH, which can alter the 
alignment of nanotubes 
 
Anodisation is a self-organising process that produces an oxide tube arrays 
or porous layer on the Ti metal substrate surface. Applying an adequate anodic 
voltage over the Ti substrate will initiate an oxidation reaction through the 
following reactions:  
 
Ti → Ti4++ 4e-  (10)  
Ti
4+
+ 2H2O → TiO2+ 4H
++ 4e-  (11)  
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The Ti
4+
 ions can be dissolved in the electrolyte so that a metal corrosion 
or metal electro-polishing is obtained, or they can react with O
2-
 ions from 
water molecules to form a compact titanium oxide layer. Under specific 
conditions, e.g., presence of fluoride ions in the electrolyte, the competition 
between dissolution and TiO2 formation will result in a porous oxide layer 
[20].  
The dissolution of Ti
4+
 ions, occurs as a result of migration of Ti
4+
 ions 
from oxide film to the oxide-electrolyte interface under application of an 
electric field ( Figure 13), known as field-enhanced dissolution of TiO2, or by 
chemical dissolution of TiO2 with fluoride ions as follows [190]: 
 
Ti
4+
+ 6F- → [TiF6]
2-
  (12)  
TiO2+ 6F
-+ 4H+→ [TiF6]
2-
+ 2H2O  (13)  
 
 
Figure 13.  Field-enhanced transport of mobile ions in the absence (left) and the 
presence (right) of fluoride ions. 
 
The growth of nanotubes is monitored by recording the transient current 
during the anodisation process. A typical profile of current versus anodisation 
time is shown in  Figure 14. In a fluoride-free electrolyte, the current decreases 
Ti metal
Electrolyte
Dissolution
Oxidation
O2- Ti4+
Ti metal
Electrolyte [TiF6]
2-
Dissolution
Oxidation
F-rich layer
O2- Ti4+F-
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as a result of the oxide layer formation. In the presence of fluoride ions, the 
current-time profile can be divided into three stages. In the first step, the 
current is reduced due to the formation of compact oxide layer of TiO2. 
Afterwards, the chemical dissolution of TiO2 by fluoride ions is initiated and, 
therefore, a current increase occurs in the second stage. In the third stage, 
formation and dissolution of TiO2 occur simultaneously, resulting in a steady 
state current generation [172, 191]. 
 
 
Figure 14. Typical current-time profile in the absence (dashed line) and the presence 
(solid line) of fluoride ions in the electrolyte. 
 
To have a better understanding, the mechanistic model of TNA formation, 
proposed by Mor et al. [192], is demonstrated in  Figure 15. Applying an 
anodisation potential forms a thin oxide layer on the titanium surface as a 
result of the interaction between surface Ti
4+
 and O
2-
 ions in the electrolyte 
( Figure 15a). At initial anodisation steps, the relatively large electric filed over 
the oxide layer makes the filed-enhanced dissolution dominant over chemical 
dissolution that leads to the formation of small pits across the oxide layer 
( Figure 15b). These small pits act as pore forming centers and are distributed 
1st stage 2nd stage 3rd stage
Anodisation time
C
u
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n
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uniformly across the surface. The pores will grow due to the inward 
movement of the oxide layer at the bottom of the pores (barrier layer), which 
results from the field-enhanced dissolution and the oxide formation 
(electrochemical etching) ( Figure 15c).  
 
 
Figure 15.  Schematic diagram of the formation of TNAs at constant voltage: (a) 
oxide layer formation, (b) pit formation on oxide layer, (c) growth of pits into 
pores, (d) formation of voids, (e) Fully developed TNA with its top view [192]. 
 
The pore entrance is not affected by electric field-assisted dissolution, and 
hence remains relatively narrow. The thickness of the barrier layer is affected 
by the rate of oxide growth at the metal/oxide interface and the rate of oxide 
dissolution at the pore-bottom/electrolyte interface. As these two rates become 
equal, the thisckness of the barrier layer will remain constant. However it 
moves downward to make the pores deeper. Simultaneously, well-defined 
inter-pore voids are formed, which leads to pore separation and tube formation 
Oxide
Ti substrate
(a) (b)
Pores
Barrier layer
(c)
Pores Voids
Barrier layer
(d) (e)
VoidsTubes
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( Figure 15d). Both tubes and voids grow together and the thickness of 
nanotube layer increases until the rate of chemical dissolution of the oxide at 
the top surface of nanotubes equals the rate of inward movement of oxide 
layer at the nanotube base ( Figure 15e).  After this point is reached, the 
nanotube length becomes independent of the anodisation duration. 
 
2.5.2.2 Effect of anodisation conditions on TNA structure 
The morphology and structure of nanotubes such as nanotube length, pore 
diameter, and surface characteristics can be controlled by varying the 
electrochemical parameters (e.g., applied voltage, anodisation time) and 
electrolyte properties (e.g., water content, pH, fluoride ion  concentration) 
[191].   
Anodisation potential  
Considering the mechanistic model of TNA formation, a higher applied 
potential will produce more pits at the early stage of anodisation due to the 
high electric field dissolution. These pits will be etched to form larger pores, 
and by growth of these pores, larger diameters of nanotubes are obtained. In 
addition, at higher voltages, the electric field-enhanced dissolution is faster at 
the barrier layer that increases the rate of pore deepening, and hence results in 
the formation of longer nanotubes [181]. 
Anodisation time  
The length of TiO2 nanotubes is directly proportional to the duration of 
anodisation. Longer nanotubes are obtained at longer anodisation times due to 
the continuous oxidation of Ti foil and formation of the oxide layer [171]. The 
nanotube diameter mostly varies with the applied potential but also varies with 
the anodisation time. According to Yun et al. [191], the inner diameter of 
TNAs increased as anodisation progressed, which was attributed to the higher 
rate of chemical dissolution of the oxide layer.  
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Fluoride ion concentration  
The concentration of fluoride ions plays a key role in controlling the 
surface morphology of nanotubes for they are considered as pore opening 
agents [193]. Anodisation in the absence of fluoride ions results in the 
formation of a compact oxide layer without any nanotubes. Self-organised 
nanotube structures are obtained at optimised concentrations of fluoride ions 
(0.03-0.3 M) while an etching of the surface is observed at high concentrations 
[172, 194]. 
In a research by Xie and Blackwood [195], the effects of different 
parameters on morphology and dimensions of TNAs have been studied. The 
anodisation electrolytes consisted of ammonium fluoride (NH4F) dissolved in 
ethylene glycol, and 2 vol% DI water. It was indicated that both outer 
diameter and length of TNAs decreased with increasing NH4F concentration 
as a result of increased chemical dissolution rate in both lateral and vertical 
directions. In another study, synthesis of TiO2 nanotubes was carried out in an 
electrolyte solution containing ethylene glycol, hydrofluoric acid (HF), and 0.5 
wt% NH4F. Accordingly, the pore size of TNAs increased from 55 to 108 nm 
with increasing the concentration of HF from 0.1 to 3 vol%, respectively, 
which was attributed to the removal of TiO2 precipitate and lateral etching of 
newly formed nanotubes [193]. However, a further increasing of HF 
concentration reduced the pore size of nanotubes due to the fast chemical 
etching speed. 
Water content  
In anodisation, water serves as a supply of oxygen and hydrogen for the 
formation of TiO2 oxide layer. The mobility of H
+
 and F
-
 increases at high 
water content and thus accelerates the chemical dissolution at the top surface 
of TNAs resulting in shorter nanotubes [192]. In a study [196], fabrication of 
TNAs was conducted in ethylene glycol containing 5 wt% NH4F solution and 
0 to 1.5 wt% water at 50 V for 60 min. Accordingly, TiO2 nanotubes with 
aspect ratio of 100 was obtained at less than 1wt % water content. Further 
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increasing of the water content above 1wt % resulted in shorter nanotubes with 
aspect ratio of 62. 
 
2.5.3 CNT-TiO2 hybrid photocatalysts 
The synthesis of TiO2 composites using carbon materials, such as CNTs, 
has attracted great attention due to the possibility of hindered electron-hole 
recombination through scavenging away the photo-generated electrons in 
TiO2. In addition, CNTs can act as a dispersing agent of TiO2 NPs and 
enhance the specific surface area of the resulting hybrid photocatalyst [197, 
198]. Using CNT-TiO2 NP hybrid materials, the photocatalytic degradation 
efficiency of several dyes and organic compounds has been improved due to 
the increased adsorption ability and improved charge transport of the hybrid 
photocatalyst [199-203].  
In most of the studies, CNTs coated with TiO2 nanostructures was the most 
frequently investigated hybrid photocatalyst [204-207], which has been 
synthesised by various techniques including the mechanical mixing of TiO2 
and CNTs, sol–gel synthesis of TiO2 in the presence of CNTs, electro-
spinning methods, electrophoretic deposition and CVD [208]. 
Recently, CNT-TiO2 nanotube (CNT-TiO2 NT) composites have been 
fabricated for their potential application in field-emission, hydrogen storage or 
dye-sensitized solar cells [209-211] while their application for photocatalysis-
based water treatments was rarely studied. Similar to CNT-TiO2 NP hybrids, it 
is expected that CNT-TiO2 NT composites can also contribute to an efficient 
removal of organic pollutants from water.  
CNT-TiO2 NT composites have been synthesised by direct growth of 
CNTs on previously fabricated TNAs via CVD [209-211]. Although various 
techniques such as arc discharge [212] and laser ablation [213] have been 
widely used for synthesis of CNTs, the catalytic CVD technique is considered 
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as the only economically viable process for the large-scale production of 
CNTs [214-216].   
A simple schematic diagram of the experimental set-up used for CNT 
synthesis by CVD is shown in  Figure 16. The process involves catalytic 
decomposition of a hydrocarbon, such as methane and ethylene, with the aid 
of a supported transition metal catalyst in a tubular reactor at 600-1200 °C and 
atmospheric pressure [217]. In general, low-temperature CVD (600-900 °C) 
will favour the fabrication of multi-walled CNTs (MWCNTs)  while high-
temperature CVD (900-1200 °C) will result in the synthesis of single-walled 
CNTs (SWCNTs) [218]. 
 
 
Figure 16. Schematic diagram of a CVD system for synthesis of CNTs. 
 
Despite no single mechanism is established for growth of CNTs by CVD, 
two growth mechanisms are widely accepted: 1) tip-growth model and 2) 
base-growth model [218]. 
In CVD, hydrocarbon is decomposed on the top surface of the metal 
catalyst and carbon diffuses downward through the metal. If there is a weak 
interaction between the catalyst particles and the substrate ( Figure 17-top), 
carbon is precipitated at the bottom of the metal pushing the catalyst particle 
off the substrate (step 2). The decomposition of hydrocarbon continues on the 
top surface of the catalyst, resulting in longer nanotubes (step 3). Once the 
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metal is fully covered with excess carbon (no concentration gradient in the 
metal particle), the catalytic activity is terminated, and the growth of CNT is 
ceased (step 4). This mechanism is known as “tip-growth model”. 
 
 
Figure 17. Different mechanisms of CNT growth by CVD: tip-growth model (top) 
and base-growth model (bottom) [218]. 
 
In a “base-growth model” ( Figure 17-bottom), the strong interaction 
between the catalyst and substrate would not allow the movement of the 
catalyst particle. Therefore, the precipitation of carbon takes place on the 
metal’s apex as a hemispherical dome that grows in the form of a seamless 
graphitic cylinder (step 2). Further decomposition of the hydrocarbon occurs 
on the lower peripheral surface of the catalyst, leading to the upward diffusion 
of dissolved carbon (step 3). This will result in the growth of CNTs with the 
catalyst particle rooted in its base.  
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Synthesis of CNTs via CVD would be influenced by several factors such 
as hydrocarbon source, catalyst type, temperature, pressure, gas flow rate, 
deposition time, and reactor geometry. Among thesefactors, hydrocarbon 
source, catalyst type, and catalyst support are considered as the key 
parameters.  
Despite the utilisation of various hydrocarbon sources such as methane 
(CH4), acetylene (C2H2), ethylene (C2H4), carbon monoxide  (CO), benzene, 
and xylene in CNT synthesis, ethylene is probably the most common 
hydrocarbon gas [217].  It was revealed that the morphology of the 
synthesised CNTs was strongly affected by the molecular structure of the 
carbon precursor. In this regard, linear hydrocarbons, e.g., methane, ethylene, 
and acetylene, will produce straight hollow CNTs. Whereas, cyclic 
hydrocarbons such as benzene and xylene will lead to the production of curved 
CNTs with the tube walls often bridged inside [218].  
Transition metals such as Fe, Ni, and Co are the most commonly used 
catalysts in CVD due to the high diffusion and high solubility of carbon in 
these metals at high temperatures as well as strong adhesion with the 
synthesised CNTs. The diameter of CNTs is mainly influenced by the size of 
catalyst particles, and recently solid organometallocenes, e.g., ferrocene, 
cobaltocene, and nicklocene, with in-situ liberation of metal nanoparticles 
have been used as a CNT catalyst [216, 218]. Cheung et al. studied the 
diameter-controlled synthesis of CNTs using iron nanoparticles [219]. It was 
revealed that the CNTs synthesised using the smallest iron particles (3 nm) 
were primarily SWCNTs with few double-walled CNTs (DWCNTs) while 
larger catalyst particles (9 and 13 nm) increased the number of DWCNTs and 
thin MWCNTs. 
The structure of CNTs is also influenced by the catalyst support as it 
controls the size of metal nanoparticles, and subsequently the nanotube 
diameter. The yield and quality of the resulting CNTs are strongly affected by 
the material, surface morphology and textural properties of the substrate. The 
most common substrates used in CVD are silicon, silicon carbide, graphite, 
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quartz, silica, alumina, alumina-silicate (zeolite), calcium carbonate (CaCO3), 
and magnesium oxide [220]. The catalysts are deposited on the substrates 
either from solution, electron beam evaporation or by physical sputtering. 
Synthesis of support free CNTs has also been applied in order to large-scale 
synthesis of CNTs. This can be achieved through a “gas phase metal catalyst” 
technique in which both the catalyst and the carbon precursor are fed into the 
CVD reactor, followed by the catalytic reaction in the gas phase [217, 220]. 
 
2.6 TiO2-based photocatalytic membranes 
As discussed in section 2.4, the coupling of a photocatalytic reaction with a 
membrane separation process to develop a photocatalytic membrane could 
take advantage of the synergy of both technologies resulting in a very 
powerful system. The membrane has the simultaneous task of supporting the 
photocatalyst as well as acting as a selective barrier for the species to be 
degraded [14] while the photocatalyst not only degrades the organic 
compounds but also mitigates the fouling of the membrane.  
In general, photocatalytic membranes are prepared in two different 
configurations. In the first type, a photoactive separative layer is deposited on 
a porous support with an irradiation applied on the photoactive separative 
layer side in contact with the feed ( Figure 18a). The second type consists of a 
non-photoactive separative layer that is deposited on a photoactive porous 
support. The irradiation is applied on the photoactive porous membrane side in 
contact with the permeate ( Figure 18b) [221].  
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Figure 18.  Asymmetric photocatalytic membrane configurations: photoactive 
separative layer deposited on a non-photoactive porous support (a), non-photoactive 
separative layer deposited on a photoactive porous support (b) [221]. 
 
The most common type of photocatalytic membranes is the one with a 
photoactive separation layer, and the degradation of organic pollutants, present 
in the feed stream, occurs on the membrane surface or inside the pores ( Figure 
19). Therefore, permeate may contain water, non-degraded pollutants, end 
products of photodecomposition or degradation by-products. Several factors 
might affect the composition of the permeate such as physio-chemical 
properties of the organic compounds, efficiency of photocatalytic reaction, and 
membrane separation performance [222]. 
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Figure 19.  Water treatment by photocatalytic membrane composed of a photoactive 
separative layer and a non-photoactive porous support. 
 
The most noticeable advantages of this configuration are increased 
permeate flux as well as mitigation of membrane fouling. The main reason for 
the reduction in membrane fouling is the photodegradation of organic 
compounds responsible for the formation of gel layer and filtration cake 
( Figure 19). In addition, it has been reported that TiO2 NPs, coated on or 
entrapped within the membranes, can enhance the hydrophilicity of the 
membranes, which results in fouling mitigation and enhanced permeation flux 
[19].  
The second configuration, i.e., a non-photoactive separative layer placed 
on a photoactive porous support, is less common compared to the first one. It 
only allows water and low molecular weight organic compounds to pass 
through the porous membrane, and the photocatalytic reaction occurs at the 
permeate side ( Figure 20) [221]. In this system, only permeate is purified, and 
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the remaining concentrate contains high molecular weight organic compounds. 
However, it would be possible to have a permeate of higher quality, compared 
to the former configuration [222].  
 
 
Figure 20.  Water treatment by a photocatalytic membrane composed of a non-
photoactive separative layer and a photoactive porous support. 
 
Selection of a proper porous support for fabrication of photocatalytic 
membranes is of high importance as excellent stability under a wide range of 
process condition is required. Application of photocatalytic membranes in 
hybrid photocatalysis-filtration process requires irradiation of the membrane. 
In the case of polymeric membranes, deterioration of the membrane structure 
by UV light or hydroxyl radicals is plausible [223]. It has been reported that 
some polymeric membranes such as polyethersulfone (PES), polysulfone (PS), 
polypropylene (PP), polyacrylonitrile (PAN), and cellulose acetate (CA) 
exhibited relatively low UV resistance. However, polytetrafluoroethylene 
(PTFE) and poly(vinylidene fluoride) (PVDF) membranes experienced the 
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least UV-oxidative effects [222]. On the other hand, inorganic membranes 
(e.g., composite of TiO2 and ceramic or metallic materials) exhibited much 
higher UV resistance, thermal, chemical and mechanical stability, as well as 
reusability compared to conventional polymeric membranes [16, 224, 225].  
TiO2-based photocatalytic membranes have been fabricated by either 
deposition of NPs on the surface of a pre-fabricated membrane [14-17] or 
embedment of the NPs within the membrane structure during membrane 
fabrication process [18, 19]. Although immobilising catalyst on the membrane 
surface ensures better accessibility than catalyst entrapped in the membrane 
matrix, exfoliation of the photocatalyst from the membrane surface is a 
technical barrier. It not only decreases membrane photocatalytic activity but 
also may raise environmental concerns. In this regard, a concerning issue for 
immobilisation of catalyst NPs on ceramic or metallic membranes is to find an 
appropriate binding medium to form bonds between NPs and membrane 
support to avoid the release of nanoparticles from the membrane surface  [16].  
Recently, fabrication of a photocatalytic TiO2 membrane by anodic growth 
of TNAs on a commercially available titanium tubular filter has been 
investigated [226]. It was indicated that during filtration of humic acid 
solution, the permeation flux sharply decreased in the absence of UV 
irradiation due to the adsorptive fouling of the membrane surface. On the other 
hand, a less decline in the flux was observed for the UV-exposed 
nanostructured membrane as a result of photocatalytic oxidation of humic acid 
by TiO2 nanotubes, which resulted in less fouling of the membrane.  
Regardless of the superior photocatalytic reactivity of TNAs compared to 
the immobilised TiO2 NPs, the TNAs fabricated by anodic oxidation are 
strongly attached to the underlying Ti substrate. Therefore, there is less 
possibility of release of photocatalyst (nanotubes) into the treated water.  
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2.7 Summary 
The growing concerns about water shortage crisis have led to the 
introduction of recycled water as a reliable alternative. However, the quality of 
treated wastewater, mostly obtained through secondary treatments such as 
MBR, could not comply with the strict regulations for water discharge or reuse 
purposes including both indirect and direct potable applications. In light of 
this, advanced treatment technologies, such as membrane filtration and AOPs, 
have been served as a tool to meet both current and anticipated treatment 
requirements. 
Although RO remains as the most efficient option for both desalination and 
advanced treatment of secondary effluents, the major concern about 
membrane-based recycling of municipal secondary effluents are the energy 
(electricity) demand and the membrane fouling. For this reason, there is a need 
for ongoing research into better membrane materials and module designs and 
also more effective fouling control strategies. On the other hand, AOPs 
exhibited great potential for reduction of constituents of major concern in the 
recycled water. Despite the inexpensive installation cost, the operational cost 
of the process varies based on the cost of involved chemicals and the 
composition and concentration load of the feed stream.  
One strategy to enhance the treatment performance is to take the advantage 
of the synergistic effect of combining various processes. In this regard, the 
coupling of TiO2-photocatalysis with a membrane separation process to 
develop a photocatalytic membrane has received increasing attention as it 
offers both retention and degradation of organic compounds and control of 
membrane fouling.  
Incorporation of TiO2 NPs to various membrane matrixes has been 
extensively studied for water and wastewater treatment applications. Although 
the photocatalytic reactivity of TiO2 NPs was strongly affected by 
immobilisation or embedment of photocatalyst particles, immobilising NPs on 
the membrane surface ensures better accessibility than catalyst entrapped in 
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the membrane matrix. Nevertheless, exfoliation of the immobilised 
photocatalyst from the membrane surface is a technical barrier as it not only 
decreases membrane photocatalytic activity but also may raise environmental 
concerns. 
Regarding the current gaps to maximise the performance of existing 
photocatalytic membranes for a superior quality of treated effluent, further 
research is essential to optimise the parameters affecting the performance of 
TiO2-based photocatalytic membrane in terms of photocatalytic reactivity and 
separation efficiency. 
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Chapter 3. Materials and Methods 
 
3.1 Photocatalytic degradation of model EfOMs by TiO2 NPs 
 
3.1.1 Materials 
TiO2 NPs (phase: anatase, particle size: 27 nm, BET surface area: 45-55 
m2/g), 4CBA(C7H5ClO2), and aminophenyl  fluorescein (APF, 2-[6-(4′-
amino)phenoxy-3H-xanthen-3-on-9-yl]benzoic acid) solution were purchased 
from Sigma-Aldrich. Methanol (CH4O), phosphoric acid (H3PO4), and 
acetonitrile (C2H3N) were supplied by VWR International LLC. Suwannee 
River humic acid standard II and Suwannee River fulvic acid standard II were 
provided by International Humic Substances Society (IHSS, USA). 
 
3.1.2 Detection of ROS 
Detection of ROS is mainly challenged by their short lifetime. The most 
common technique to quantify the ROS production in a system is indirect 
ROS detection using spectroscopic probes. The properties of spectroscopic 
probes (e. g., magnetic characteristics, light absorption, and light emission) 
will change via reaction with ROS. The ideal properties of a spectroscopic 
probe include high specificity for the ROS type and efficient reaction so that it 
can be used at low concentrations without disturbing the system [227].  
Currently, fluorescence methodology is the most frequently used approach 
for ROS detection. The method takes advantage of fluorescent probes that are 
non-fluorescent (or weakly fluorescent), but yield fluorescent products upon 
reaction with ROS. They offer a high sensitivity, simplicity in data collection, 
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linear response to a wide range of ROS concentrations, and low background 
fluorescence [227, 228]. 
APF ([6-(4-amino) phenoxy-3H-xanthen-3-on-9-yl] benzoic acid) is one of 
the novel fluorescent probes for selective detection of highly reactive oxygen 
species, which was developed by Setsukinai et al. [229] and can detect certain 
ROS in terms of fluorescence increase. APF is non-fluorescent until it reacts 
specifically with hydroxyl radicals according to the following reaction: 
 
 
Figure 21. Reaction scheme for fluorescein generation by O-dearylation of APF induced 
by ROS (hydroxyl radicals). 
 
APF was purchased in unit size of 1 ml as a 5 mM solution in 
dimethylformamide (DMF), and it was diluted in 9 ml ultrapure water to the 
final concentration of 500 µM, as recommended by the manufacturer. 
According to the supplier information, the suggested concentration range for 
APF is 1–10 μM. Therefore, a concentration of 5 μM of APF was used in all 
experiment. 
Two types of samples were prepared by addition of 0.1 ml of APF solution 
(500 µM) to a glass dish containing 9.9 ml of ultrapure water (control) or TiO2 
NP suspensions with different concentrations. The reaction solution was well 
mixed using a magnet stirrer. The solution was irradiated by two commercially 
available 15 W Philips black-light fluorescent bulbs with a maximum spectral 
power distribution at 365 nm (1600 μW/cm2) in a UV chamber (Electron 
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Microscopy Science, Hatfield, PA). Aliquotes of 1 ml were taken from the 
reaction solution every 10 min during a 30 min reaction time, and were 
analysed by a fluorometer (Turner Biosystems, Single Tube 92000). For each 
sample, the increase in probe fluorescence units (FSU) after 30 min of reaction 
was expressed as concentration level of produced ROS. The FSU, measured 
for the control sample, was used as a background measurement and was 
subtracted from the final value obtained for the other samples to get the net 
FSU. 
 
3.1.3 Kinetic study of photocatalytic degradation of model EfOMs by 
TiO2 NPs 
In this study, 4CBA was used as a model EfOMs. The selection was based 
on several reasons. In addition to its non-volatile property and familiarity for 
its measurement using HPLC techniques, 4CBA and aromatic compounds of 
similar chemical structure are widely used in the manufacturing of fungicides 
and pharmaceuticals exhibiting bactericide properties at high concentrations. 
As a result, they are resistant to biological treatments and cannot be efficiently 
removed in conventional biological wastewater treatment plants [230]. 
Degradation of 4CBA in TiO2 NP suspensions was also investigated in the 
presence of two main constituents of natural organic matter (i.e., humic acid 
(HA) and fulvic acid (FA)) with different concentrations (5-10 mg/L). 
Photocatalytic reactivity of TiO2 NPs for degradation of 4CBA was 
evaluated in batch experiments carried out in the same UV chamber and under 
the same irradiation condition used for ROS detection (section 3.1.2) at room 
temperature. Reaction medium was prepared in a 60 mL Pyrex-glass cell by 
addition of required amount of anatase TiO2 NPs to a 30 mL solution 
containing 4CBA and NOMs at appropriate concentrations. A magnetic stirrer 
was used to ensure uniform mixing of the solution in the glass dish. Prior to 
UV-A irradiation, the solutions were magnetically stirred in the dark for 60 
min to ensure the establishment of the adsorption-desorption equilibrium. The 
UV-A irradiation was performed for 120 min. 
Chapter 3 Materials and Methods 
 
67 
 
 The pH of solutions was measured using a digital pH meter (Thermo 
Scientific, Orion 4 Star) and adjusted with HCl (0.1 M) or NaOH (0.1 M). 
Aliquots of 1 mL of the solution were collected at regular intervals during the 
degradation experiments. The liquid samples were centrifuged at 3000 rpm for 
20 min followed by filtration through cellulose acetate filters (0.45 μm, 
Sterlitech) to separate TiO2 NPs. All experiments were performed in triplicate, 
and the results were shown as the average of three independent experiments. 
 
 
Figure 22. Schematic of the experimental setup used for photocatalytic degradation 
experiments using TiO2 NPs (light intensity: 1600 μW/cm
2
). 
 
3.1.4 Analysis of particle size distribution and zeta-potential of TiO2 NP 
suspensions 
Dynamic light scattering (DLS) was performed with a Zetasizer Nano ZS 
(Malvern Bedford, MA) to measure the particle size distribution of TiO2 NPs. 
The Zetasizer also allowed investigating the surface charges of the NPs in 
their aqueous suspensions by applying an electric field across the suspensions 
and analysing the electrophoretic mobility of the aggregates. Before any DLS 
measurement, the NP dispersions were sonicated for 1 minute while no extra 
preparation step was required for measurement of zeta potential and samples 
could be placed directly into measurement cuvettes.  
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3.1.5 Surface morphology  
Transmission electron microscope (TEM) (JEOL 1400) was used in order 
to study the agglomeration of TiO2 NPs and also to measure the size of 
aggregates. For TEM imaging, TiO2 NPs were first dispersed in ultra-pure 
water by sonication for 30 min and then a droplet of the prepared solution was 
dropped on a copper grid and dried at atmospheric condition. 
 
3.1.6 Analytical methods 
High-performance liquid chromatography (HPLC) analysis was used for 
quantification of 4CBA concentrations. 4CBA was analysed using a Shimadzu 
20A Series HPLC system (Shimadzu, Japan) coupled with a SPD-M20 
photodiode array detector (selected at λ = 210 nm), and a ZORBAX Eclipse 
XBD-C18 analytical column (2.1 × 150 mm, 5 µm) (Agilent, USA) with a 
constant temperature of 35°C. The eluent consisted of a binary mixture of 
0.1% phosphoric acid aqueous solution and acetonitrile (70:30 v/v) with a 
flow rate of 1 ml/min, and an injection volume of 30 µl. The auto-injection 
syringe was rinsed with a binary mixture of methanol and water (50:50 v/v) 
before and after each injection. A 7-point calibration curve was established by 
standard solutions of 4CBA with various concentrations of 0.25, 0.5, 1, 2.5, 5, 
10, and 50 μM. The retention time of 4CBA under these conditions was 
obtained at 2.5 minutes. 
The photocatalytic removal efficiency (R) of 4CBA was calculated from 
the following equation: 
 
R (%) = 
(C0-Cf)
C0
 ×100  (14)  
 
where C0 and Cf are the initial and final concentrations of 4CBA in the 
solution, respectively. 
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The concentration of NOMs was quantified by a UV-Visible 
spectrophotometer (Shimadzu, UV-2450) equipped with a quartz cell having 
an optical path length of 1 cm. The baseline corrected to ultrapure water, and 
the absorbance of NOMs was measured at 254 nm. A 5-point calibration curve 
was established by standard solutions of NOMs with various concentrations of   
0.5, 1, 5, 10, and 50 mg/L.  
 
3.2 Photocatalytic degradation of model EfOMs by TNAs 
 
3.2.1 Materials 
Titanium foils (Ti: 99.7%, thickness: 0.075 mm) were purchased from Ti-
Shop.com (online division of William Gregor Ltd (UK)). Sodium fluoride 
(NaF) was obtained from Ajax Finechem. Ethylene glycol (C2H6O2), acetone 
(C3H6O), and ethanol (C2H6O) were supplied by VWR International LLC. 
Platinum foil (Pt: 99.99%, thickness: 1 mm) and Pt wire (Pt: 99.9%, diameter: 
2 mm), bisphenol-A (BPA, (CH3)2C(C6H4OH)2) and carbamazepine (CZP, 
C15H12N2O) were purchased from Sigma-Aldrich.  
 
3.2.2 Fabrication of TNAs 
 As shown in  Figure 23, TNAs were synthesised by anodic oxidation of Ti 
foil (25 mm × 15 mm) in a fluorinated solution of ethylene glycol and water. 
The Ti foil was decontaminated by mild sonication in acetone, ethanol, and 
ultra-pure water for 10 min followed by vacuum drying. The electrolyte was 
prepared by mixing ethylene glycol and 0.5 wt% of NaF with 5 wt% water 
content. Anodisation was carried out in a one compartment two-electrode 
system ( Figure 24), with Pt foil and Pt wire as cathode and Ti foil and copper 
(Cu) wire as anode. The distance between two electrodes (45 mm) and the area 
of anode exposed to the electrolyte were maintained constant in all 
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experiments. The volume of electrolyte was kept constant at 200 ml and was 
stirred at 400 rpm. A programmable DC power supply interfaced with a 
computer was used to monitor the anodisation current.  Nanotube growth was 
achieved with an applied potential ranged from 20 to 80 V, and an anodisation 
time ranged from 1 to 5 hours.  
 
 
Figure 23.  Schematic diagram of a typical TNA fabrication process. 
 
In order to remove the hydrous titanium oxide that is often generated 
during the anodisation process and covers the top surface of TNAs, the as-
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anodised samples were subjected to a mild sonication in acetone for 10 min. 
Since TNAs fabricated by anodisation are amorphous, they must be heat 
treated to induce anatase crystalline phase. Thus, the TNA samples were 
subjected to calcination at 450 °C for 3 h with a ramp rate of 5 °C /min in the 
air. 
 
 
Figure 24. One compartment two-electrode system (a) and anodisation setup (b). 
 
3.2.3 Surface morphology 
Surface morphology of TNA samples was characterised by field-emission 
scanning electron microscopy (FESEM) (Hitachi S4500) operating at 
accelerated voltage of 15 kV without any coating. The existence of TiO2 on 
the surface of samples was determined by energy dispersion of X-ray (EDX) 
(Hitachi S4500).  
 
3.2.4 Phase composition and crystal structure 
The phase composition and crystal structure of TNA samples were 
determined by X-ray diffraction (XRD) measurements carried out at room 
temperature in a diffractometer (Siemens, D5000) equipped with graphite 
(a) (b)
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monochromator at 40 kV and 40 mA (Cu Kα with λ = 0.15405 nm) from 2° to 
90° for 2θ. 
 
3.2.5 Kinetic study of photocatalytic degradation of model EfOMs by 
TNAs  
4CBA and model PPCP (CZP) and EDC (BPA) were used as a probe 
compound to evaluate the photocatalytic reactivity of TNAs. The physical and 
structural characteristics of the target compounds are listed in  Table 10. 
 
Table 10. Physical and structural properties of model compounds used for 
evaluation of photocatalytic reactivity of TNAs. 
Compound MW (g/mol) pKa Structure 
 
4CBA 
 
156.57 
 
3.98 
 
 
BPA 
 
228.29 
 
9.9-11.3 
 
 
CZP 
 
236.27 
 
7-13.9 
 
 
Evaluation of photocatalytic reactivity of TNAs for degradation of model 
EfOMs was performed in batch experiments following the same procedure and 
irradiation condition described for TiO2 NPs in section 3.2.3. Reaction 
medium was prepared in a 60 mL Pyrex-glass cell filled with a 30 mL solution 
containing model EfOMs at appropriate concentrations. A magnetic stirrer was 
used to ensure uniform mixing of the solution. The pH of solutions was 
adjusted with HCl (0.1 M) or NaOH (0.1 M). Prior to UV-A irradiation, the 
solutions were magnetically stirred in the dark for 60 min to ensure the 
establishment of the adsorption-desorption equilibrium. The UV-A irradiation 
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was performed for 120 min. Aliquots of 1 ml of the solution were collected at 
regular intervals during the degradation experiments. All experiments were 
performed in triplicate, and the results were shown as the average of three 
independent experiments. 
 
 
Figure 25. Schematic of the experimental setup used for photocatalytic degradation 
experiments using TNAs (light intensity: 1600 μW/cm2). 
 
In order to investigate the effect of NOMs on photocatalytic reactivity of 
TNAs, degradation of 4CBA in the presence of different concentrations of HA 
and FA (5-10 mg/L) was also studied. 
 
3.2.6 Analytical methods 
The concentrations of 4CBA, BPA, and CZP were analysed using HPLC 
following the same procedure explained in section 3.2.6. However, a C-18 
silica column (25 cm x 4.6 mm, 5 μm, Supelco Park) was used for 
quantification of BPA and CZP concentration in the solution.  
The concentration of NOMs was also quantified by UV-Visible 
spectrophotometer following the same procedure explained in section 3.2.7. 
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3.3 Design of multi-functional CNT-TiO2 nanotube membranes for 
enhanced removal of EfOMs 
 
3.3.1 Materials 
Titanium porous sheets (Ti: 98.6%, thickness: 1 mm, pore size: 0.2-2.5 
μm) were supplied by Changsheng Titanium Co., LTD (China). Ferrocene 
(Fe(C5H5)2) was purchased from Sigma-Aldrich. Sodium sulphate (Na2SO4) 
was provided by VWR. 
 
3.3.2 Fabrication of CNT-TiO2 nanotube membranes 
Fabrication of CNT/TNMs consisted of two steps: 1) synthesis of a TiO2 
nanotube membrane (TNM) by anodisation of a porous Ti sheet, and 2) 
deposition of MWCNTs on TiO2 nanotube membranes by a low-pressure 
CVD.  
TiO2 nanotube membranes were fabricated via electrochemical anodisation 
of a Ti porous sheet following the same procedure described in section 3.3.2. 
Briefly, the porous titanium disks with a diameter of 25 mm were 
decontaminated by mild sonication in acetone, ethanol, and ultrapure water 
followed by vacuum drying. Then the anodisation was performed in 
fluorinated-ethylene glycol (0.5 wt% NaF, 5 wt% H2O) at 60 V for different 
anodisation times ranged from 1 to 5 hours using the same setup as in  Figure 
24. Finally, the anodised samples were subjected to a mild sonication in 
acetone for 10 min followed by calcination at 450 °C for 3 h. 
In order to synthesise CNT/TNMs, MWCNTs were grown on the 
previously fabricated TNMs by CVD in a horizontal hot wall dual-zone 
reactor at ambient pressure ( Figure 26 and  Figure 27). Ethylene and H2 were 
used  as carbon source and reducing agent, respectively.  
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The horizontal CVD reactor consisted of a 150 cm long quartz tube with an 
inner diameter of 4.5 cm. The pre-fabricated TNMs were rinsed with ethanol 
prior to CVD and were placed in an alumina boat within the second zone of 
the reactor. Different contents of ferrocene ranging from 50 to 100 mg were 
placed in a ceramic boat, introduced into the first zone of the reactor. The 
reactor was firstly flushed with Ar at a flow-rate of 500 cubic centimetres per 
minute (sccm) for 10 minutes in order to flush away any oxygen in the reactor, 
and then the Ar flow-rate was reduced to 140 sccm. At the meantime, the 
temperature of the first and second zones of the reactor increased to 250°C 
(with a ramp of 3°C/min), and 770°C (with a ramp of 10°C/min), respectively. 
Afterwards, C2H4 and H2 with a flow rate of 115 and 400 sccm were passed 
through the reactor for 5 minutes. After the synthesis, the C2H4 and H2 flow 
were switched off, and the flow-rate of Ar increased to 500 sccm for one hour 
while the reactor was cooled down to the room temperature. 
 
 
Figure 26. Schematic diagram of a CVD system for synthesis of MWCNTs. 
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Figure 27. The CVD set up used for synthesis of MWCNTs. 
 
3.3.3 Surface modification of CNTs 
The surface of CNTs was modified via oxidation in a mixture of nitric acid 
(HNO3) and sulphuric acid (H2SO4). CNT incorporated membranes were 
immersed in a 30 ml mixture of 3:1 v/v H2SO4 (98%) and HNO3 (70%) at 
60 °C for one hour. Afterwards, the samples were immersed in ultra-pure 
water until the neutral pH was reached, and then were dried in a vacuum oven 
at 80 °C for 2 h. 
3.3.4 Surface morphology 
Surface morphology of CNT/TNMs was characterised by FESEM-EDX 
following the same procedure explained in section 3.2.3.  
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3.3.5 Phase composition and crystal structure 
The phase composition and crystal structure of CNT/TNMs were 
determined by XRD analysis following the same procedure described in 
section 3.2.4.  
 
3.3.6 Hydrophobicity and surface tension  
Hydrophobicity/hydrophilicity of the membranes was studied via drop 
shape analysis using a drop shape tensiometer (KRUSS-DSA25). The contact 
angles formed by water droplets (2.5-3 µl) on the membranes surface were 
measured with an average of at least three measurements. 
3.3.7 Photocurrent response 
In order to investigate the photo-induced charge separation efficiency of 
CNT/TNMs, the photocurrent response measurements were carried out under 
UV-A irradiation (1600 μW/cm2) using TNMs or CNT/TNMs as the working 
electrode. Platinum foil and Ag/AgCl were used as the counter and reference 
electrode, respectively. A sodium sulphate solution (0.5 M) was used as the 
electrolyte. The light/dark photo-current response under fixed bias potential 
(0.0 V vs. Ag/AgCl electrode) was recorded with a digital potentiostat 
(Biologic, SP 300). All experiments were carried out under ambient 
conditions. 
 
3.3.8 Photocatalytic filtration performance of CNT/TNMs 
Evaluation of photocatalytic reactivity of TNMs for degradation of model 
EfOMs was performed in batch experiments following the same procedure 
described for TNAs in section 3.2.5. 
The performance of CNT/TNMs for photocatalytic filtration of 4CBA 
solution was evaluated in a continuous filtration system under UV-A 
irradiation ( Figure 28). The effective area of membrane was 1.7 cm
2
 and the 
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volume of filtrate was fixed at 1.7 ml. 50 ml of 4CBA solution (25 μM) stirred 
at 400 rpm was pumped through the filtration chamber using a peristaltic 
pump (MRC, BT1001F) with the volumetric flow-rate of 0.5 ml/min, and the 
permeate was recycled to the feed tank. The transmembrane pressure (TMP) 
was measured using a pressure gauge. The experiments were carried out for 3 
h in the dark or under UV-A irradiation. Aliquots of 1 mL of the solution were 
collected at regular intervals.  
 
 
Figure 28. Schematic diagram of a continuous filtration system. 
 
The flux of permeate was calculated according to the following equation: 
 
J = 
Q
AΔP
   (15)  
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where J, Q, A, and ΔP are the permeation flux (LMH/bar), volumetric 
permeation flow rate (l/h), the effective area of membrane (m
2
), and TMP 
(bar), respectively. 
The membrane retention time, MRT, (min) was defined by the following 
equation: 
 
MRT = 
V
Q
   (16)  
 
where V and Q are the volume of filtrate inside filtration chamber (ml) and 
volumetric permeation flow rate (ml/min), respectively. 
 
3.3.9 Analytical methods 
The concentrations of 4CB were analysed using HPLC following the same 
procedure explained in section 3.1.6. The removal efficiency of 4CBA was 
calculated from Eq. (14). 
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Chapter 4. Photocatalytic degradation of a model 
EfOM by TiO2 nanoparticles  
 
 
4.1 Introduction 
As reported in the literature, photocatalysis with TiO2 NPs is a promising 
tool for advanced water and wastewater treatment. Photocatalytic degradation 
of organic compounds and their derivatives by TiO2 NPs is strongly dependent 
on several parameters, such as catalyst loading, organic substrate type and 
concentration, the solution pH, ionic concentration of the wastewater, and 
light intensity. Thus, understanding the impacts of these parameters on the 
photocatalytic degradation efficiency is of high importance as it determines 
the optimised conditions for enhanced reactivity of TiO2 NPs. In the light of 
this, the main objective of this chapter was to evaluate the potential of TiO2 
NPs for photocatalytic oxidation of model EfOMs. This chapter examines the 
effects of catalyst loading, solution pH and initial concentration of pollutant on 
the photocatalytic degradation efficiency of TiO2 NPs. Moreover, the 
influence of natural organic water constituents on photocatalytic reactivity and 
aggregation/dispersion behaviour of TiO2 NPs is investigated. 
 
4.2 Effect of TiO2 NP concentration on ROS production 
Generation of ROS in TiO2 NP suspensions was explored using a novel 
fluorescent probe, APF. APF is a non-fluorescent compound until it reacts 
with hydroxyl radicals resulting in the formation of highly fluorescent 
products [229].  
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The ROS production in TiO2 NP suspensions was quantified in terms of 
FSU increase, which was detected using a fluorometer. The effect of TiO2 NP 
concentration ranging from 1 to 100 mg/L on ROS production under UV-A 
irradiation is illustrated in  Figure 29. The data were reported as the net ROS 
production, which refers to the difference between the FSU value of TiO2 NP 
suspensions and a control containing APF in DI water in the absence of TiO2 
NPs. 
 
 
 
Figure 29.  Effect of concentrations of TiO2 NPs on net ROS production (non-
adjusted pH = 5–5.6, temperature = 25 °C). 
 
Generation of ROS by TiO2 NPs exhibited a linear concentration-
dependent relationship (R
2
 = 0.99) with a slope of 68.3 as concentration of 
TiO2 NPs increased from 0 to 10 mg/L. A possible mechanism for the 
observed trend is that increasing the TiO2 NP concentration increases the total 
surface area or number of active sites available for absorption of both photons 
and hydroxyl anions, which results in a large production of hydroxyl radicals 
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[231, 232]. Therefore, more FSU was detected through the reaction between 
APF molecules and the enhanced amount of hydroxyl radicals. 
However, there was no concentration-dependent increase in ROS 
production with further increases in TiO2 NP concentration ( Figure 29). A 
decrease in produced ROS with increasing TiO2 concentration, i.e., above 10 
mg/L, is likely to be due to several factors, such as adsorption of APF to the 
surface of TiO2 NPs, further oxidation of APF by an overwhelming 
concentration of hydroxyl radicals, or alteration of the solution pH.  
Similar trend was observed in another study when the effect of pyrite 
loading on the production of ROS was investigated using 10 μM APF in 50 
mM phosphate pH 7.4 buffer [233]. The concentration of ROS generated by 
pyrite particles linearly increased until the concentration of pyrite reached 
around 13 g/l. However, increasing pyrite loading beyond 13 g/l resulted in a 
decrease in the APF fluorescence, which was attributed to the adsorption of 
APF to the higher particle surface area or further APF oxidation by an 
increased concentration of ROS. 
 
4.3 Effect of TiO2 NP concentration on photocatalytic degradation 
of 4CBA 
While adsorption in the dark and direct photolysis with UV-A light did not 
lead to any detectable degradation of 4CBA, significant photocatalytic 
degradation occurred in the presence of TiO2 NPs under UV-A irradiation.  
In general, the kinetics of heterogeneous photocatalytic reactions of 
organic compounds in water follows the Langmuir-Hinshelwood (L-H) model 
according to the following equation [234]: 
 
r = - 
dC
dt
 =
kKadC
1+KadC
 (17)  
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where r is the photocatalytic reaction rate (μM/min), k is the photocatalytic 
reaction rate constant (μM/min), Kad is the adsorption equilibrium constant 
(μM-1), and C is the concentration of organic compound (μM) in the solution 
at time t (min).  
If KadC << 1, as in our case; the L-H model will be simplified to a pseudo 
first order reaction model as follows: 
 
r = - 
dC
dt
 = kKadC = kappC (18)  
 
A linear form of Eq. (18) can be obtained by integration as shown in the 
following equation: 
 
ln (
C
C0
) =kappt (19)  
 
where kapp is the apparent reaction rate constant (min
-1
), which can be 
determined from the slope of a logarithmic plot of normalised concentration 
(C/C0) versus reaction time (C0 denotes the initial concentration of organic 
compound at the beginning of the reaction (t = 0)). 
The photocatalytic degradation of 4CBA at different dosage of TiO2 NPs 
followed pseudo first order reaction kinetics ( Figure 30), confirming the L-H 
photocatalytic mechanism. 
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Figure 30.  Kinetics of photocatalytic degradation of 4CBA at different concentrations of 
TiO2 NPs ([4CBA] = 25 µM, pH = 5, temperature = 25 °C). 
 
The corresponding apparent reaction rate constants and removal 
efficiencies for different concentrations of TiO2 NPs are illustrated in  Figure 
31. It can be seen that increasing the concentration of TiO2 NPs in the solution 
from 25 to 250 mg/L resulted in enhanced apparent reaction rate constants and 
higher removal efficiencies. Using a concentration of 250 mg/L for TiO2 NPs, 
4CBA molecules were completely removed from their aqueous solution (25 
μM) with a kapp of 0.05 min
-1
.  
According to the results shown in section 4.2, increasing the concentration 
of TiO2 NPs in the suspension results in a higher production of ROS; this 
explains the increased rate of 4CBA photocatalytic degradation. This 
observation is in complete agreement with the results obtained by Guettai and 
Amar [235], who reported an increased degradation rate of methyl orange 
(MO) at elevated concentrations of TiO2 NPs. The greater photocatalytic 
degradation rates were attributed to the augmented generation of hydroxyl 
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radicals as a result of the increased number of catalyst active sites at higher 
concentrations [235].  
 
 
 
Figure 31. Effect of concentration of TiO2 NPs on apparent reaction rate constant 
and photocatalytic removal of 4CBA ([4CBA] = 25μM, pH = 5, temperature = 25 
°C). 
However, a further increase of the TiO2 NP concentration to 350 mg/L 
resulted in a reduction of the reaction rate constant (0.03 min
-1
) and 4CBA 
removal (98%). This is probably due to the light scattering effects or 
deactivation of primary activated TiO2 NPs as a result of the collision at larger 
catalyst loadings [236]. In addition, there is a possibility of agglomeration and 
precipitation of TiO2 NPs by increasing the concentration of the photocatalyst, 
which can reduce the available photocatalyst surface active sites for ROS 
generation [237].  
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4.4 Effect of solution pH on photocatalytic degradation of 4CBA 
The pH of the solution plays an important role in the heterogeneous 
photocatalysis process since it affects the surface charge properties of the 
photocatalyst and ionisation or speciation (pKa) of the organic pollutants. 
Consequently, the adsorption behaviour of the pollutant and the size of 
photocatalyst aggregates will be profoundly influenced by the solution pH 
[238]. Protonation and deprotonation of the TiO2 surface occur under acidic 
and alkaline conditions, respectively, as shown in the following equations 
[239]. 
 
TiOH + H
+
 → TiOH2
+
 (20)  
TiOH + OH
-
 → TiO- + H2O (21)  
 
The point of zero charge (pzc) of TiO2 has been reported to be pH 6.2  
[240]. Therefore, in acidic conditions (pH<6.2) the surface of TiO2 is 
positively charged while the TiO2 surface will be negatively charged at any pH 
values above 6.2. 
Similarly, the surface charge of organic compounds, and hence their 
photocatalytic degradation behaviour, is affected by the pH of the solution. At 
a pH below the pKa value, an organic compound exists as a neutral species 
while, above the pKa value, the organic compound surface is negatively 
charged [241].   
The Zeta potential, ζ, and average hydrodynamic diameter of TiO2 NP 
suspensions as a function of solution pH are shown in  Figure 32. As expected, 
at acidic pH (pH = 3) the surface of TiO2 NPs was positively charged with a ζ 
of 38.1 mV, and then the zeta potential decreased as the pH increased to 6. At 
pH = 6, the surface of TiO2 was slightly positive (7 mV) and then it decreased 
as the pH increased to 10. The pzc of TiO2 was approximately estimated as pH 
= 6.4.  
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Figure 32. Variation in surface charge and hydrodynamic diameter of TiO2 NPs at 
different pH of solution ([TiO2] = 100 mg/L, temperature = 25 °C). 
 
A strong correlation between the zeta potential and average hydrodynamic 
diameter was observed ( Figure 32). At pH values far from the pzc (pH = 3 and 
10), a higher absolute value of zeta potential was observed. Accordingly, the 
electrostatic repulsive forces became dominant over the van der Waals forces 
and, therefore, a smaller hydrodynamic diameter was obtained, which 
indicates that aggregation of TiO2 NPs was suppressed. When the pH of the 
solution approached a pH value of 6 (close to the pzc), the repulsive forces 
were weakened due to the low surface zeta potential, and thus the 
hydrodynamic diameter significantly increased.  
The effect of solution pH on the apparent reaction rate constant and 
removal efficiency of 4CBA is illustrated in  Figure 33. The results indicate 
that the pH value of the solution has a significant effect on the photocatalytic 
degradation rate of 4CBA. The apparent reaction rate constant of 4CBA 
increased from 0.005 to 0.011 min
-1
 as the pH of the solution increased from 3 
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to 5, followed by a decrease in rate constant with a further increase in solution 
pH. 
 
 
Figure 33. Effect of pH of solution on the apparent reaction rate constant and 
photocatalytic removal efficiency of 4CBA ([4CBA] = 25 μM, [TiO2] = 100 mg/L, 
temperature = 25 °C). 
 
Generally, the formation of hydroxyl radicals at acidic pH is hindered due 
to the low concentration of OH
-
 anions, while an alkaline solution can favour 
the hydroxyl radical production and consequently increase the degradation rate 
[242]. At a low pH, 4CBA primarily exists as a neutral compound while the 
surface of TiO2 is positively charged ( Figure 32). As the pH of the acidic 
solution was adjusted with HCl (1M), competitive adsorption of chloride ions 
on the positively charged surface of TiO2 could also inhibit the degradation of 
4CBA at low pH values. An inhibitory effect of chloride ions, with a large 
adsorption constant, on the photodegradation rate of  4-nitrophenl (4NP) in 
TiO2 NP suspensions has been reported by Augugilaro et al. [242].  
At pH = 5, addition of HCl was not required to adjust the pH of the 
solution. As the surface of 4CBA (pKa = 3.98) is negatively charged at this 
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solution pH, the electrostatic attraction forces between the positively charged 
TiO2 NPs and negatively charged 4CBA molecules and hydroxide anions 
resulted in enhanced adsorption, and hence led to the largest apparent reaction 
rate constant and 4CBA removal efficiency. Although the surface of TiO2 is 
slightly positive at pH 6, the largest aggregates of TiO2 NPs (hydrodynamic 
diameter of 1369 nm) were formed ( Figure 32) which led to a decrease in 
apparent reaction rate constant and efficiency of photocatalytic removal of 
4CBA. 
At pH above 6.4, the surface of TiO2 NPs attained a negative charge 
( Figure 32) due to the increased density of TiO
-
 groups (Eq. (21)), and thus the 
adsorption of negatively charged 4CBA molecules or even hydroxyl anions on 
the surface of TiO2 NPs will be diminished due to electrostatic repulsive 
forces. Similar results have been reported in a study that examined the 
influence of solution pH on photocatalytic degradation rates of an herbicide 
known as dicamba (3,6-dichloro-2-methoxybenzoic acid) in TiO2 NP 
suspensions [243]. Although in an acidic-to-neutral medium the interaction of 
dicamba molecules with TiO2 NPs was improved by the effect of charge 
attraction, the effect of charge repulsion at elevated pH became significant and 
outweighed the positive effect resulting from the increased hydroxide anion 
concentration. 
These results suggest that the photocatalytic reactivity of TiO2 NPs is 
strongly influenced by the pH of the solution as it affects the 
aggregation/disaggregation behaviour of TiO2 NPs. Another important factor 
that controls the state of TiO2 nanoparticle dispersion is the ionic strength of 
the solution [244-246]. Therefore, further research is proposed to investigate 
the effect of ionic strength of the solution on the reactivity of TiO2 NPs. 
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4.5 Effect of initial concentration of 4CBA on photocatalytic 
degradation efficiency 
The logarithmic plot of normalised concentration of 4CBA versus reaction 
time at different initial concentrations of 4CBA is shown in  Figure 34, 
confirming the L-H photocatalytic model (R
2 
= 0.99).  
The photocatalytic degradation of 4CBA in TiO2 NP suspensions was 
found to be strongly dependent on its initial concentration, as significantly 
lower removal efficiencies and smaller reaction rate constants were obtained at 
elevated initial concentrations of 4CBA ( Table 11). This may be due to the 
limited production of ROS at specific concentrations of TiO2 NPs ( Figure 29). 
In other words, for a given dosage of photocatalyst, there are insufficient ROS 
to oxidise 4CBA at higher initial concentrations. 
 
 
Figure 34.  Kinetics of 4CBA degradation by TiO2 NPs at different initial 
concentrations of 4CBA ([TiO2] = 25 mg/L, pH = 5, temperature = 25 °C). 
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Table 11. Apparent reaction rate constants and photocatalytic removal efficiency of 
4CBA at various initial concentrations. 
Initial concentration 
of 4CBA (μM) 
Apparent reaction rate 
constant, kapp (min
-1
) 
4CBA removal 
efficiency (%) 
2.5 0.0104 71 
5 0.0077 60 
10 0.0042 41 
25 0.0011 13 
 
Similar results have been reported for photocatalytic degradation of an 
aromatic carboxylic acid, phthalic acid, by TiO2 NPs [247]. The reduction in 
reaction rate constant, observed by increasing the initial concentration of 
phthalic acid, was ascribed to the higher concentration of phthalic acid 
molecules in the solution around the photocatalyst surface sites. According to 
the authors, since the photocatalytic reactions occur between the surface active 
sites and adsorbed molecules, the numbers of available active sites were 
reduced at higher concentration of phthalic acid due to more competitive 
adsorption of phthalic acid on surface of TiO2 NPs compared to OH
-
 anions. 
This will lower the generation of ROS at higher initial concentrations, which 
reduces the degradation rate. A similar effect has also been explained by 
Gautam et al. [248] for photocatalytic degradation of 4-nitroaniline.  
Another possible reason for decreased reaction rate constants is that at 
higher initial concentrations more photons are absorbed by 4CBA molecules, 
or competing intermediates formed during the degradation process, and 
therefore the number of available photons to activate TiO2 NPs will be 
diminished, resulting in retarded 4CBA degradation [236, 237]. 
Interestingly, the apparent photocatalytic reaction rate constant and 
corresponding removal efficiency of 4CBA exponentially decreased (R
2 
= 
0.99) with increasing initial concentration according to the following equation: 
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kapp = 0.0125e
-0.099C
 (22)  
R = 82.24e
-0.076C
 (23)  
 
where C, kapp, and R denote the initial concentration of 4CBA (µM), 
apparent reaction rate constant (min
-1
), and removal efficiency (%). 
The concentration-dependence of kapp and R suggests that for a given 
concentration of TiO2 NPs, the photocatalytic degradation behaviour of 4CBA 
can be predicted at various initial concentrations without performing an 
experiment. For example, a TiO2 NPs dosage of 100 mg/L could not be 
photocatalytically effective at initial concentrations of 4CBA above 60 μM (R 
< 1%). However, this concentration-dependent behaviour was obtained using 
only one loading of TiO2 NPs, and therefore it is recommended that the 
experiments be performed with various concentrations of TiO2 NPs. 
 
 
Figure 35. Effect of initial concentration of 4CBA on apparent reaction rate constant 
and removal efficiency of 4CBA ([TiO2] = 25 mg/L, pH = 5, temperature = 25 °C). 
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4.6 Effects of NOM on photocatalytic degradation of 4CBA by 
TiO2 NPs 
The photocatalytic degradation of organic compounds by TiO2 NPs can be 
strongly influenced by the presence of NOM. In general, the effect of NOM, 
which consists mainly of fulvic and humic substances (HS), on the 
photocatalytic removal of organic compounds, can be discussed from two 
points of view.  
Photolysis of NOM can mediate the indirect photodegradation of some 
organic contaminants through generation of either ROS, e.g., hydroxyl 
radicals, singlet oxygen (
1
O2), superoxide (O2
•-
), or the triplet-excited states of 
the HS (
3
HS
*
) [249, 250]. On the other hand, they can hinder the efficiency of 
the photocatalytic removal of organic compounds via two different possible 
mechanisms or their combination.  
NOM can interfere with the generation of ROS through scavenging of the 
produced ROS or photo-generated holes and also screening of the irradiated 
light at a wide range of wavelengths. This will reduce the effective 
concentration of ROS available in the solution for degradation of the target 
pollutants [251]. The second possible mechanism for retardation of 
photocatalytic degradation of pollutants in the presence of NOM is that they 
can compete for active sites of the photocatalyst and hence deactivate the 
surface of the photocatalyst by adsorption [250].  
The results of this study showed that the photocatalytic degradation of 
4CBA in TiO2 NPs suspension was dramatically retarded in the presence of 
HA and FA at an initial concentration of 10 mg/L, while this effect was 
negligible at concentrations as low as 5 mg/L ( Figure 36). The inhibited 
photocatalytic removal of 4CBA at a higher concentration of NOM can be 
explained by the limited ROS generation capacity of the photocatalyst, which 
was exceeded by the increased concentration of substrate molecules, and the 
ROS-scavenging activity of NOM. 
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Figure 36. Photocatalytic removal of 4CBA by TiO2 NPs at various initial 
concentrations of NOM ([TiO2] = 200 mg/L, pH = 5, temperature = 25 °C). 
 
The retarded degradation rate of 4CBA at high concentrations of NOM can 
be attributed to the insufficient amount of ROS to oxidise 4CBA as a result of 
competition between NOM and 4CBA molecules for reaction with the photo-
generated hydroxyl radicals. To confirm this hypothesis, the photocatalytic 
removal of HA and FA during 4CBA degradation in TiO2 NP suspensions 
were also investigated. Interestingly, complete removal of FA molecules and 
more than 70% removal of HA were observed using an initial concentration of 
10 mg/L ( Figure 37). This suggests that scavenging of ROS by organic matter 
may be responsible for the retardation of 4CBA photocatalytic degradation.  
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Figure 37. Photocatalytic removal of NOM by TiO2 NPs at various initial 
concentrations of NOM ([TiO2] = 200 mg/L, [4CBA] = 25 μM, pH = 5, temperature 
= 25 °C). 
These findings were in complete agreement with the results reported in 
previous studies [252, 253]. Recently, Choi et al. [253] reported the effect of 
the wastewater effluent matrix on photocatalytic degradation of 
pharmaceutical micropollutants using TiO2 NPs. The photocatalytic 
degradation efficiency of trace levels of pharmaceuticals (i.e., caffeine, 
cimetidine, propranolol, and sulfamethoxazole) significantly decreased with 
increasing the concentration of dissolved organic matter (i.e., HA). It was 
suggested that organic matter plays dual roles in the scavenging activity of an 
efﬂuent matrix by quenching the hydroxyl radicals and coverage of 
photocatalyst active sites. 
Furthermore, electron-rich NOMs are also capable of scavenging the 
positively charged holes that were formed in the TiO2 valence band, and thus 
can decrease the ROS production ability of TiO2 NPs. However, as the initial 
concentration of NOM decreased to 5 mg/L, no significant inhibitory effect on 
the photocatalytic removal of 4CBA by TiO2 NPs was observed ( Figure 36).  
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The dependence of the photocatalytic degradation kinetics of 4CBA on the 
initial concentrations of NOM is shown in  Figure 38 and  Figure 39. At an 
initial concentration of 10 mg/L NOM, the photocatalytic removal of 4CBA in 
presence of HA followed a zero-order kinetic, while in the presence of FA a 
complex behaviour between zero-order and first-order reaction was observed.  
 
 
Figure 38. Kinetics of photocatalytic degradation of 4CBA by TiO2 NPs in the 
presence of NOM ([TiO2] = 200 mg/L, [4CBA] = 25 μM, [NOM] = 10 mg/L, pH = 5, 
temperature = 25 °C). 
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Figure 39. Kinetics of photocatalytic degradation of 4CBA by TiO2 NPs in the 
presence of NOM ([TiO2] = 200 mg/L, [4CBA] = 25 μM, [NOM] =5 mg/L, pH = 5, 
temperature = 25 °C). 
 
This behaviour can be attributed to TiO2 surface coverage by NOM 
molecules. Since the pH of solution (pH = 5) was below the pzc of TiO2 NPs 
(pH = 6.4), both HA and FA, which were carrying prevalently negative 
charges (negative zeta-potential at pH = 5), were adsorbed on the positively 
charged surface of TiO2 NPs due to electrostatic attraction.  
Before the addition of NOM, TiO2 NPs exhibited a zeta-potential value of 
+19.6 mV with an average hydrodynamic diameter of 1006 nm. After addition 
of NOM (10 mg/L), both HA and FA imparted negative charge to the surface 
of TiO2 NPs ( Figure 40) with a greater observed zeta potential value in the 
presence of HA, which indirectly demonstrates a higher adsorption of HA on 
the surface of TiO2 NPs than FA.  
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Figure 40. Variation in zeta potential of TiO2 NPs at various initial concentrations of 
NOM ([TiO2] = 200 mg/L, pH = 5, temperature = 25 °C). 
 
Accordingly, the (L-H) model (Eq. (17)) in the presence of HA is 
simplified to a zero-order kinetic (Eq. (24)) as the concentration of pollutants 
(C) exceeds the saturation coverage of the TiO2 surface (Kad>>1). 
 
 
r = - 
dC
dt
 = k (24)  
    
In a recent study by Erhyaem et al. [254], the extent of NOM adsorption 
onto the surface of  TiO2 NPs was found to be largely dependent on the type of 
NOM at a given solution pH and ionic strength. Accordingly, it was found that 
adsorption constant values of HA (from Suwannee River) were higher than 
those of FA at pH values ranging from 5 to 10 due to the greater aromaticity 
and phenolic content of HA compared to FA.  
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The photocatalytic removal of 4CBA in the presence of FA with an initial 
concentration of 10 mg/L obeyed a zero-order kinetic until 60 min and then 
was accelerated for longer UV irradiation times. The enhanced removal of 
4CBA after 60 min of irradiation may be due to the photocatalytic elimination 
of FA that might consequently decrease the number of adsorbed FA molecules 
on the surface of TiO2 NPs. 
Similar results were obtained in a study by Doll and Frimel [252] 
investigating the photocatalytic degradation of several pharmaceuticals in 
TiO2 NP suspensions in the presence of NOM. The results of their study 
indicated that the kinetics of carbamazepine (4.2 mg/L) degradation at high 
initial concentration of NOM (7 mg/L) followed a zero-order rate model while 
a pseudo first order reaction was observed at low initial concentrations of 
NOM (0.5 mg/L). Between these two concentrations, carbamazepine 
degradation showed a complex behaviour that was a combination of zero- and 
first-order kinetics [252].  
At both initial concentrations of NOM used in this study, FA was more 
photocatalytically degraded than HA. The lower degradation efficiency of HA 
compared to FA might be attributed to its higher degree of aromaticity ( Figure 
41) [255]. As reported by the IHSS, the ratio of aromatic to aliphatic carbon in 
HA and FA from the Suwannee River is 1.76 and 0.727, respectively. A 
similar trend was observed in a study by Kull et al. [255], who examined the 
influence of NOM during the oxidation of MC-LR by chlorine dioxide and 
confirmed that the degradation rate decreased in the presence of NOM. 
Nevertheless, this tendency was stronger in the case of HA than with FA, due 
to the higher degree of aromaticity of the latter. 
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(a) 
 
(b) 
Figure 41. Proposed structure of HA (a) and FA (b) [256]. 
 
Addition of NOM to TiO2 NP suspensions not only affected their 
photocatalytic reactivity for removal of 4CBA, but also had a significant 
influence on the stability of TiO2 NPs.  
In the presence of NOM, the average hydrodynamic diameter of TiO2 NP 
aggregates decreased as the concentration of NOM increased in the solution 
( Figure 42 and  Figure 43). This variation in the hydrodynamic diameter of 
TiO2 aggregates was consistent with the variation of zeta-potential value in the 
presence of NOM. As the concentration of NOM increased in TiO2 NP 
suspensions, their zeta-potential value decreased ( Figure 40), which could 
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stabilise the TiO2 NPs via electrostatic repulsion and hence reduce the 
hydrodynamic diameter of the aggregates.  
Furthermore, slightly smaller aggregates were observed in the presence of 
HA than those in the presence of FA at both initial concentrations. As shown 
in  Figure 40, the surface of TiO2 NPs was more negative in the presence of 
HA at both initial concentrations. This suggests that HA exhibited a higher 
affinity for the surface of TiO2 NPs and stabilised them to a slightly greater 
degree due to the stronger electrostatic repulsion. 
 
 
 
Figure 42. Variation in hydrodynamic diameter of TiO2 NP aggregates at various 
initial concentrations of NOM ([TiO2] = 200 mg/L, pH = 5, temperature = 25 °C). 
 
A similar trend was reported in our previous study on the effect of humic 
acid on the stability of fullerene aggregates [257]. It was shown that the 
smallest aggregates of fullerene NPs were formed in the presence of HA (10 
mg/L) due to the static repulsion induced by HA. When fullerene NPs were 
exposed to HA along with cations, the larger aggregates formed, likely due to 
the electrolyte binding to the carboxylic functional groups of HA adsorbed on 
the surface of nanoparticles. 
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In another study, aggregation of TiO2 NPs was found to be dependent upon 
the solution pH, the concentration ratio of environmental compounds over 
TiO2 NPs, physicochemical properties of NOM and equilibrium time [258]. 
The findings indicated that negatively charged humic acid was adsorbed on 
neutral and positively charged surfaces of TiO2 NPs due to the electrostatic 
interactions, and hence reduced the size of NP aggregates. However, Van der 
Waals interactions and steric effects were also found to play roles in the 
stability of NPs, particularly when complex and heterogeneous compounds 
such as HA were considered. 
In conclusion, the overall effects of NOM on the photocatalytic reactivity 
of TiO2 NPs are determined by a combination of their influences on both the 
aggregation/disaggregation behaviour of TiO2 NPs and ROS production. 
However, the results of our study showed that under our experimental 
conditions, the detrimental effect of NOM on ROS production capacity was 
dominant over their beneficial effect on stabilisation of TiO2 NPs. 
Accordingly, the mechanism illustrated in  Figure 44 was proposed for 
degradation of 4CBA by TiO2 NPs in the presence of NOM including HA and 
FA. Since all of our experiments have been conducted at one solution pH (pH 
= 5), further research is recommended to investigate the effect of different 
solution pH and other parameters such as ionic strength on both photocatalytic 
removal of 4CBA and aggregation/disaggregation of TiO2 NPS in the presence 
of NOM. 
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Figure 43. TEM images of TiO2 NPs aggregates (200 mg/L) in 4CBA solution (25 μM): 
(a) without HA, (b) with HA (5 mg/L), and (c) with HA (10 mg/L) 
Dh = 1006 nm
(a)
Dh = 830 nm
(b)
Dh = 821 nm
(c)
Chapter 4 Photocatalytic Reactivity of TiO2 NPs 
 
104 
 
 
Figure 44. Proposed mechanism of photocatalytic degradation of 4CBA by TiO2 NPs 
in the presence of NOMs. 
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Chapter 5. Photocatalytic degradation of model 
EfOMs by TiO2 nanotube arrays 
 
 
5.1 Introduction 
The application of TiO2 NPs suspensions for photocatalytic degradation of 
organic compounds is limited by the post-separation step for recovery and 
reuse purposes as well as environmental concerns. One approach to minimise 
the post-separation processes is to stabilise the catalyst particles by 
immobilisation on proper support materials. However, the reduction in the 
number of active sites of photocatalysts is the most concerning drawback of 
the immobilised systems. In the light of this, development of TiO2 nanotube 
arrays offered a larger surface area to volume ratio than immobilised 
particulate films and also exhibited more easiness in operation, recovery and 
reuse.  
The key parameters affecting the photocatalytic reactivity of TNAs can be 
considered as the active surface area and mass transport of the reactants within 
the nanotubes. In general, nanotubes with larger surface area could relatively 
produce more ROS than the nanotubes with smaller surface area. On the other 
hand, the porosity of TNAs not only affects the diffusion path for photo-
generated holes but also controls the diffusion of the reactants (specifically 
oxygen molecules) inside the nanotubes. Although TNAs have recently 
received significant attention in environmental applications; there are very 
limited reports about the effect of their geometrical structures (e.g., surface 
area and porosity) on their photocatalytic reactivity.  
Therefore, this chapter describes the detailed study on the photocatalytic 
reactivity of TNAs as a function of their structural and geometrical 
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characteristics. In this regard, a geometrical model has been developed to 
provide a detailed explanation of photocatalysis by TNAs. In addition, the 
potential for oxidation of model EfOMs (i.e., 4CBA, CZP and BPA) by ROS 
produced from TNAs was studied. Finally, the effect of NOMs on the 
photocatalytic removal of target compounds was also examined. 
 
5.2 Morphological and structural characteristics of TNAs 
As discussed in section 2.5.2.1, formation of TNAs on the surface of Ti 
substrate occurs via simultaneous reactions of electrochemical etching (i.e., 
field-enhanced dissolution and oxide formation) and chemical dissolution. 
Therefore, the morphology and structure of obtained TNAs are strongly 
influenced by the interactions between these two reactions. 
In this study, ethylene glycol containing 0.5 wt% NaF and 5 wt% water 
was used as an electrolyte for fabrication of several TNA samples under 
various anodisation conditions as summarised in  Table 12. The as-anodised 
samples were subjected to calcination at 450 °C for 3 h. In order to study the 
morphological and structural characteristics of TNAs, the calcinated samples 
were examined by FESEM and XRD. 
The FESEM images indicated that anodisation of Ti foil at low voltages of 
20-40 V for 1 h could not form any nanotube structure, while the samples 
anodised at voltages of 60 to 80 V showed complete porous structures with 
well aligned nanotubes ( Figure 45). 
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Table 12. Various anodisation conditions applied for the fabrication of TNA 
samples (V: applied voltage, t: anodisation time, T: electrolyte temperature). 
Sample ID V (V) t (h) T
 
(°C) TNA formation 
TNA-1 20 1 25 Compact oxide layer with no nanotube 
TNA-2 40 1 25 Compact oxide layer with no nanotube 
TNA-3 60 1 25 Well-organised array of TiO2 nanotubes 
TNA-4 60 3 25 Well-organised array of TiO2 nanotubes 
TNA-5 60 5 25 Well-organised array of TiO2 nanotubes 
TNA-6 80 1 25 Well-organised array of TiO2 nanotubes 
TNA-7 80 3 25 Well-organised array of TiO2 nanotubes 
TNA-8 80 5 25 Well-organised array of TiO2 nanotubes 
 
 
Figure 45. Surface morphology of TNA samples anodised at 20 V (a), 40 V (b), 60 
V (c), and 80 V (d) for 1 h. 
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The effect of anodisation voltage on the formation of TiO2 nanotubes can 
be well explained by investigating the current-time profile during the 
anodisation of Ti foil ( Figure 46).  
 
 
Figure 46. Current-time profile during anodisation of Ti foil in ethylene glycol (0.5 
wt% NaF, 5 wt% H2O) at different applied potentials. 
 
For all four different applied potentials, the current dramatically decreased 
within the first minutes of the anodisation process which is attributed to the 
formation of a thin compact layer of TiO2 on the surface of Ti foil [20]. 
Influenced by the electric field, migration of O2
-
 ions from the bulk electrolyte 
towards the Ti/TiO2 interface further induce the formation of barrier oxide 
layer according to the Eqs. (25-26).  
 
2H2O → O2 + 4H
+ 
+ 4e
-
 (25)  
Ti
4+
 + 2H2O → TiO2 + 4H
+
 + 4e
-
 (26)  
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Since the formation of TiO2 layer covered the surface of Ti foil, the further 
oxidation of foil slowed down, resulted in current reduction. As anodisation 
progressed, the current remained constant (and close to zero) for samples 
under applied voltages of 20 and 40 V while an increase in the current was 
observed for samples fabricated under 60 and 80 V.  
According to the mechanistic model of TNA formation discussed in 
section 2.5.2.1, the increase in current is ascribed to the localised electric field-
enhanced dissolution of the oxide layer and further chemical dissolution by 
fluoride ions, which resulted in formation of small pits. The small pits of 
different size and depth will grow further into pores, and finally the nanotubes 
are formed by propagation and growth of the pores by inward movement at the 
oxide/metal interface as a result of the competition between oxide layer 
formation and the chemical dissolution by fluoride ions.  
However, applied voltages of 20 and 40 V were insufficient for continuous 
formation of TiO2 film and to provide an adequate electrical field over the 
oxide layer for the formation of pits and hence no nanotube was formed after 1 
h. Therefore, anodisation experiments at applied potentials above 40 V were 
carried out for further examination of the influence of anodisation conditions 
on the characteristics of TNAs.  
 
5.2.1 Crystallinity of TiO2 nanotube arrays 
The XRD patterns of as-synthesised TNA samples (non-calcinated) and 
calcinated ones are presented in  Figure 47. The peaks observed for TNA 
sample before calcination referred to the peaks for pure titanium ( Figure 47, 
bottom) which implies that anodisation will not lead to the crystallisation of 
TiO2. However, the sample calcinated at 450 °C is composed of crystalline 
TiO2 with a sharp diffraction peak at 2θ = 25° ( Figure 47, top) which is 
referred to anatase TiO2.  
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These results were in complete agreement with the results obtained by 
Lockman et al. [181] who reported that the XRD patterns of the synthesised 
nanotubes calcinated at 480°C for 1 h showed a sharp peak at 2θ = 25° 
belonging to anatase TiO2. 
 
 
Figure 47. XRD patterns of TNA samples before (bottom) and after calcination 
(top). 
 
5.2.2  Effect of anodisation conditions on the structure of TiO2 
nanotube arrays  
To study the effect of anodisation conditions on the morphological 
characteristics of TNAs, anodisation of Ti foil was carried out under applied 
potentials of 60 and 80 V for different anodisation time ranged from 1 to 5 
hours. FESEM top and cross-sectional views of TNA samples are shown 
in  Figure 48, and the corresponding size parameters derived from the FESEM 
analysis are summarised in  Table 13.  
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Figure 48. Surface morphology of TNA samples anodised in EG (0.5 wt% NaF, 5 
wt% H2O) at 60 V for 1 h (a), 3 h (b), 5 h (c), and 80 V for 1 h (d), 3 h (e), and 5 h (f) 
(inset shows cross section of TNAs). 
 
The nanotube length and both the inner and outer diameters of nanotubes 
were found to increase with the increment of applied potential. The effect of 
anodisation voltage on the diameter of the nanotubes can be related to the 
number of pits formed at the early stages of the anodisation process. At higher 
anodisation voltage, more pits are formed in the oxide layer (due to the higher 
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electric field-enhanced dissolution rates) which will be etched to form larger 
pores.  
Similarly, the effect of anodisation voltage on the length of nanotubes can 
be ascribed to the field-enhanced dissolution rates at the barrier layer. As 
mentioned in section 2.5.2.1, the length of TiO2 nanotubes is determined by a 
combined effect of the inward movement of the oxide barrier layer at the pore 
bottom (pore deepening rate) and the chemical dissolution of the formed TiO2 
nanotubes. Under a higher applied potential, the electric field dissolution at the 
barrier layer is accelerated which results in a higher deepening rate of the 
pores and thus forming longer nanotubes. 
 
Table 13. Structural dimensions of TNA samples. L: nanotube length; Di: inner 
diameter; Do: outer diameter, w: wall thickness. 
Sample ID L (μm) Di (nm) Do (nm) W (nm) 
TNA-3 (60 V-1 h) 2 ± 0.04 77 ± 4.57 135 ± 6.90 29±4.3 
TNA-4 (60 V-3 h) 7.6 ± 0.01 101 ± 5.41 147 ± 6.9 23±2.43 
TNA-5 (60 V-5 h) 7.7 ± 0.01 119 ± 3.49 171 ± 6.35 26±3.28 
TNA-6 (80 V-1 h) 4.2 ±0.17 80 ±3.5 148 ±6.48 34±1.86 
TNA-7 (80 V-3 h) 14.5 ±0.53 110 ±8.7 192 ±10.47 41±2.6 
TNA-8 (80 V-5 h) 16.3 ±0.11 122 ±8.8 212 ±12.93 45±3.53 
 
As presented in  Table 13, the length of nanotubes was proportional to the 
anodisation time. As reported in the literature, longer anodisation time has led 
to the formation of longer TiO2 nanotubes due to the continuous oxidation of 
Ti foil to form the oxide layer [191]. However, after the electrochemical 
etching rate equilibrates with the chemical dissolution rate (steady-state 
condition), the length of the nanotube becomes independent of anodisation 
time [192].  
Contrary to the previous studies [259] that claimed the diameter of TiO2 
nanotubes is time independent, it was observed that both inner and outer 
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diameter of nanotubes increased by increasing of anodisation time. It has been 
accepted that nanotube diameter is mainly proportional to the anodisation 
voltage for fixed water content, but increasing of the inner and outer diameter 
by increment of anodisation time was possibly due to the continuous chemical 
dissolution of the oxide layer [191].  
 
5.2.3 Effects of anodisation conditions on geometrical characteristics of 
TNAs 
To study the effect of anodisation conditions on geometrical properties of 
TNAs, such as surface area and porosity, a simple geometrical model has been 
developed. Assuming an ideal regular network of identical nanotubes, the real 
surface area of the TNAs can be estimated by the sum of the cylindrical (inner 
and outer) and flat top surface area of nanotubes. Since TNAs fabricated by 
anodisation process consist of closely packed nanotubes, the outer cylindrical 
surface area of nanotubes has a negligible effect on its photocatalytic 
reactivity due to the poor light harvesting. Therefore, the actual active surface 
area of TNAs was considered as the inner cylindrical surface area plus the flat 
top side surface area of nanotubes.  
The nanotube density (dNT, i.e., the total number of nanotubes occupying a 
unit area of 1 cm
2
) and total surface area (SA) of TNAs can be calculated 
according to the following equations: 
 
dNT = 
4
πDo
2
 (27)  
SA = 
4[DiL+(Do
2-Di
2)]
Do
2
 (28)  
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where L is the average length of nanotubes (nm), Di is the average inner 
diameter of nanotubes (nm), and Do is the average outer diameter of nanotubes 
(nm).  
Regardless of small inter-pore voids in closely packed nanotube arrays, the 
porosity of TNAs can also be defined as the ratio of the total volume of pores 
to the total volume of TNAs. Considering a unit area of 1 cm
2
, the porosity (P) 
of TNAs can be estimated from the following expression: 
 
P (%) = (
Di
Do
)
2
 × 100 (29)  
 
where Di and Do are the average inner diameter (nm) and outer diameter (nm) 
of nanotubes, respectively.  
Using the dimensions of TNAs derived from FESEM images and Eq.(28) 
and (29), the SA and porosity of TNA samples, fabricated at different 
voltages, were calculated and illustrated as a function of anodisation time 
( Figure 49 and  Figure 51).  
As revealed in  Figure 49, increasing the anodisation voltage from 60 to 80 
V resulted in larger surface area of TNAs.  
The SA of TNAs is mainly affected by two parameters: the nanotube 
length and the nanotube density. Since dNT is inversely proportional to the 
square value of the outer diameter, a decrease in nanotube density is expected 
with an increase in anodising potential or anodisation time ( Figure 50), leading 
to a smaller surface area. 
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Figure 49. Influence of anodisation time on surface area of TNA samples fabricated 
at different applied potentials (The weight (g) of the sample is referred to the total 
weight of TNA and Ti foil). 
 
On the other hand, an increment of applied potential will result in a 
significant increase in nanotube length ( Table 13) and, therefore, a larger 
surface area of a single nanotube. For this reason, the final effect of 
anodisation voltage on the total surface area of TNAs can be predicted by the 
competition of these two phenomena. While the density of nanotubes for 
samples anodised at 60 V was greater than that of those anodised at 80 V 
( Figure 50), a two-fold increase in nanotube length at an applied potential of 
80 V dominated over the negative effect of reduced dNT, resulting in larger 
surface area of TNAs. 
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Figure 50. Influence of anodisation time and applied potential on density of 
nanotubes. 
 
Similarly, the effect of anodisation time on the total surface area of TNAs 
fabricated at 60 V can be explained by the influence of anodisation time on 
nanotube length and density. As anodisation time increased from 1 to 3 h, the 
length of nanotubes notably increased from 2 to 7.6 µm while the nanotube 
density slightly decreased by 16%. Therefore, a significant increase in surface 
area with respect to the anodisation time was observed. However, as 
anodisation time increased to 5 h, the length of nanotubes became independent 
of anodisation time ( Table 13), and hence the reduction of nanotube density 
resulted in a decreased surface area. 
The data presented in  Figure 51 indicates that the porosity of TNAs 
decreased with an increase in anodisation potential from 60 to 80 V.  
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Figure 51. Influence of anodisation time on the porosity of TNA samples fabricated 
at different applied potentials. 
 
According to Eq. (29), the porosity of TNAs is proportional to the square 
value of inner diameter of the nanotubes and the nanotube density (1/Do
2
). 
Despite a slight increase in inner diameter of nanotubes under an applied 
potential of 80 V, the nanotube density dropped dramatically ( Figure 50), 
which resulted in TNAs of lower porosity than those fabricated at 60 V. 
Interestingly, the porosity of TNAs synthesised at 80 V was independent of 
anodisation time, with an average value of 32%, which implies that the 
positive effect of pore enlargement was neutralised by the negative effect of 
reduction in nanotube density.  
Nonetheless, the porosity of samples fabricated at 60 V firstly increased 
from 32% to 47% with an increase in the anodisation time from 1 to 3 h, 
respectively, and then became independent of anodisation time. This different 
behaviour observed at 60 V may be due to the higher growth rates of the inner 
diameter for the first 3 hours of anodisation. 
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5.3 Photocatalytic performance of TNAs 
 
5.3.1 Photocatalytic degradation of 4CBA by TNAs 
The photocatalytic reactivity of TNA samples was evaluated by 
photocatalytic degradation of 4CBA in aqueous solutions under UV-A 
irradiation. It was hypothesised that the decay of 4CBA by TNAs could be 
described by the L-H model (Eq. (17)).  
The logarithmic plots of normalised concentration of 4CBA versus UV 
irradiation time for different TNA samples are given in  Figure 52. The 
corresponding linear dependence implies that the degradation of 4CBA by all 
TNA samples followed pseudo first order reaction kinetics, confirming the L-
H photocatalytic mechanism.  
The apparent reaction rate constants, derived from  Figure 52, and the 
efficiency of removal of 4CBA by different TNA samples are summarised 
in  Table 14. 
 
Table 14. Apparent reaction rate constants and removal efficiency of 4CBA under 
UV-A irradiation for various TNA samples ([4CBA] = 25 μM). 
Sample k (min
-1
) (R
2
) Surface area  (m
2
/g) Porosity (%) 
Removal 
efficiency (%) 
TNA-3 0.0058 (0.99) 0.086 32 50 
TNA-4 0.0104 (0.99) 0.369 47 71 
TNA-5 0.0084 (0.99) 0.331 48 64 
TNA-6 0.0045 (0.99) 0.164 29 42 
TNA-7 0.009 (0.99) 0.451 33 66 
TNA-8 0.0081 (0.99) 0.471 33 62 
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Figure 52. Kinetics of photocatalytic degradation of 4CBA by TNA samples 
([4CBA] = 25 µM, pH = 5, temperature = 25 °C). 
 
According to  Table 14, the highest removal efficiency of 4CBA (> 70%) in 
aqueous solution and the largest kapp (0.0104 min
-1
) were obtained for the 
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TNA-4 sample which showed a surface area of 0.369 m
2
/g and porosity of 
47%. 
The photocatalytic reactivity of a TNA depends on its surface area and 
porosity. A larger surface area of TNA allows more adsorption of aqueous 
reactants (specifically, water molecules and hydroxyl ions) onto the outer and 
also inner surfaces of the nanotubes, whereas a higher porosity of TNA results 
in faster diffusion of aqueous species (specifically, oxygen molecules) and 
improved light penetration during the photocatalytic reaction [187].  
While it was expected that a larger surface area and porosity would result 
in higher photocatalytic reactivity of the TNAs in terms of larger kapp and 
higher removal efficiency, an enhancement in surface area for the TNA-8 
sample compared to TNA-7, with the same porosity, not only did not lead to 
an improved performance but also reduced the removal efficiency of 4CBA. 
This finding demonstrates that the photocatalytic reactivity of TNAs is not 
only dependent on its surface area and porosity, and therefore there must be 
some other geometrical or structural factors which have a notable influence on 
the reactivity of TNAs.  
As reported by Liu et al. [260], the mechanism of ROS production by 
TNAs is different from that of suspended TiO2 NPs. According to their 
proposed mechanism, photo-generated electrons and holes in the nanotube 
wall will diffuse to the nanotube surface in the radial (R) and axial direction 
(L), which is accompanied by bulk recombination ( Figure 53). However, 
diffusion along the axial direction was found to be less effective, as the 
nanotube wall is much thinner than its length. The transfer of electrons from 
TiO2 to O2 is also considered to be the rate-limiting step of photocatalysis 
[261], particularly in the absence of electron trapping centres on the surface.  
In other words, the thinner walls of nanotubes enhance the migration of 
photo-generated electrons and holes from the bulk to the surface of nanotube 
walls, and thus accelerate the production of ROS leading to improved 
photocatalytic efficiency [180, 260]. 
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Figure 53. Diffusion of photo-generated electrons and holes inside the TiO2 nanotube 
walls (left) and transport (diffusion) of oxygen inside nanotubes (right) [260]. 
 
In the present study, it was found that samples fabricated under an applied 
potential of 80 V (TNA-6, TNA-7, and TNA-8) showed the thickest walls 
amongst the samples and the largest thickness of 44 nm was observed for 
TNA-7 ( Table 13). Consequently, the unexpected decrease of photocatalytic 
reactivity of TNA-7 can be attributed to its higher wall thickness, which 
severely affected the diffusion of photo-generated electrons and holes. 
The effect of wall thickness on photocatalytic reactivity of TNAs has 
rarely been studied due to the difficulty of synthesising a series of TNAs with 
adjustable wall thickness [187, 260]. Recently, the relation between the 
photocatalytic efficiency and the wall thickness of a TNA for different O2 
diffusion coefficients was investigated by Liu et al. [260]. The results revealed 
that the photocatalytic reactivity of TNAs first increased and then decreased as 
wall thickness increased, which was related to O2 diffusion. It was suggested 
that an increase in wall thickness will lead to increased light absorption, 
decreased surface area, and decreased O2 transport. 
These results suggest that while an enhanced surface area and porosity 
contribute to improved photocatalytic reactivity of TNAs, the wall thickness 
of nanotubes also plays a very crucial role. Therefore, optimisation of TiO2 
nanotube structures to get the optimal geometrical and structural parameters in 
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terms of larger surface area, higher porosity, and thinner nanotube wall is 
critical to enhance the photocatalytic reactivity of TNAs.  
 
5.3.2 Effect of ROS scavenger on the photocatalytic removal of 4CBA by 
TNAs 
In section 5.3.1, it was revealed that photo-induced valence band holes 
have a crucial impact on the photocatalytic reactivity of TNAs. It was 
hypothesised that degradation of organic compounds by TNAs under UV-A 
irradiation occurs as a result of oxidation by highly reactive hydroxyl radicals 
or direct reaction with photo-induced holes. In order to test our hypothesis, the 
effect of a ROS scavenger on photocatalytic degradation of 4CBA by TNAs 
was examined. 
Alcohols such as methanol have been commonly used as scavengers to 
suppress the reactivity of hydroxyl radicals [262, 263]. An excess amount of 
methanol (MeOH) not only serves as a scavenger for both free and adsorbed 
hydroxyl radicals, but also acts as a photo-generated hole scavenger. The 
MeOH radical, generated by the reaction of MeOH and photo-generated holes, 
quenches the surface-bounded hydroxyl radicals through the following 
reaction: 
 
CH3OH + h
+
 → CH2OH
•
 + H
+
 (30)  
CH2OH
•
 + 
•OH → HCHO + OH- + H+ (31)  
 
 Figure 54 presents the corresponding results of the scavenging effect of 
MeOH on photocatalytic degradation of 4CBA by the TNA-4 sample. The rate 
of photocatalytic degradation of 4CBA was significantly inhibited by 
increasing the concentration of MeOH. The possible reason for decreased 
photocatalytic removal of 4CBA at higher concentrations of MeOH is an 
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enhanced competition between 4CBA and MeOH for the limited photo-
generated ROS. 
 
 
Figure 54. The inhibitory effect of MeOH on the photocatalytic degradation of 
4CBA by TNA-4 ([4CBA] = 25 μM, pH = 5, temperature = 25 °C). 
 
Therefore, it can be concluded that valence-band holes and resultant 
hydroxyl radicals play a major role in the photocatalytic degradation of 4CBA 
molecules by TNAs. 
 
5.3.3 Effect of NOMs on the photocatalytic removal of 4CBA by TNAs 
In chapter 4, it was indicated that the presence of NOMs in 4CBA 
solutions resulted in a dramatic retardation of the photocatalytic degradation of 
4CBA by TiO2 NPs. This resulted from the scavenging activity of NOMs, i.e., 
competition for the generated ROS, and also alteration of the surface 
characteristics of TiO2 NPs.  
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Since the mechanism responsible for the photocatalytic removal of 4CBA 
by TNAs is based on ROS production, it was believed that the photocatalytic 
reactivity of TNAs would be strongly affected in the presence of NOMs.  
The results of the photocatalytic degradation of 4CBA by the TNA-4 
sample under UV-A irradiation in the presence of HA and FA are depicted 
in  Figure 55 and  Figure 56.  
Similar to results obtained for TiO2 NPs, the photocatalytic removal of 
4CBA followed zero-order kinetics at higher initial concentrations of NOMs 
(10 mg/L) while a pseudo first order reaction was observed at low initial 
concentrations (5 mg/L). As discussed in section 4.6, the zero-order kinetics of 
4CBA degradation at higher concentrations of NOMs can be related to the 
high saturation coverage of the TNA surface, which retards the generation of 
ROS. However, in the presence of FA, a pseudo first order model was 
observed after 60 min of UV irradiation, which may be due to the 
photocatalytic elimination of FA and subsequent decrease of the number of 
adsorbed FA molecules on the surface of TNA-4. 
 
 
Figure 55. Kinetics of photocatalytic removal of 4CBA by TNA-4 in the presence of 
NOMs) ([4CBA] = 25 μM, [NOM] = 10 mg/L, pH = 5, temperature = 25 °C). 
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Figure 56. Kinetics of photocatalytic removal of 4CBA by TNA-4 in the presence of 
NOMs) ([4CBA] = 25 μM, [NOM] = 5 mg/L, pH = 5, temperature = 25°C). 
 
The presence of both HA and FA retarded the overall photocatalytic 
removal of 4CBA ( Figure 57). The removal efficiency of 4CBA decreased as 
the initial concentration of the NOMs increased. Moreover, the inhibition was 
higher in the presence of HA than FA at both initial concentrations.  
These results were in complete agreement with the previous results 
obtained for TiO2 NPs, and the inhibition of 4CBA removal is probably due to 
the competition between NOMs and 4CBA molecules for reaction with the 
ROS photo-generated by TNAs.  
The results of photocatalytic decay of NOMs by TNAs, illustrated 
in  Figure 58, confirmed the ROS scavenging activity of organic matter. As 
expected, the highest removal efficiencies of NOMs were obtained at lower 
initial concentrations of NOMs. Furthermore, a higher removal efficiency was 
observer for FA than HA for a given initial concentration.  
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Figure 57. Photocatalytic degradation of 4CBA by TNA-4 sample at different initial 
concentrations of NOMs ([4CBA] = 25 μM, pH = 5, temperature = 25 °C). 
 
 
Figure 58. Photocatalytic removal of NOMs by TNA-4 at different initial 
concentrations of NOMs ([4CBA] = 25 μM, pH = 5, temperature = 25 °C). 
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Compared to TiO2 NPs, the TNA-4 sample did not exhibit significant 
removal of 4CBA in the presence of NOMs, and its reactivity was 
dramatically retarded at higher initial concentrations of NOMs. It is 
noteworthy that the photocatalytic reactivity of TNAs at their optimised 
condition (SA=0.396 m
2
/g, P=47%, W=23 nm) was approximately close to 
that of TiO2 NPs at a dosage of 100 mg/L, which implies that TNAs exhibited 
relatively lower ROS generation than TiO2 NPs at a loading of 200 mg/L. This 
level of produced ROS was insufficient for degradation of NOMs – 
specifically, those molecules attached to the surface of nanotubes – and hence 
the photocatalytic removal of 4CBA was dramatically inhibited. 
 
5.3.4 Photocatalytic degradation of PPCPs and EDCs by TNAs 
Another series of experiments were performed to further investigate the 
photocatalytic reactivity of the TNA-4 sample for degradation of model PPCP 
(CZP) and EDC (BPA) as one of the major concerning constituents of EfOMs.  
The results of the photocatalytic removal of both compounds, as well as 
4CBA, are illustrated in  Figure 59. 
The corresponding linear dependency of logarithmic normalised 
concentration of model EfOMs vs. UV irradiation time indicated that 
photocatalytic degradation of both BPA and CZP followed the pseudo first 
order kinetics (L-H model).  
Under UV-A irradiation for 2 h, more than 50% of both model EfOMs 
were degraded. The apparent reaction rate constants of 0.007 min
-1 
(R
2
=0.9265) and 0.006 min
-1
 (R
2
=0.9984) were obtained for CZP and BPA, 
respectively. However, these observed values are 1.4 times smaller than the 
kapp obtained for 4CBA (0.0104 min
-1
), which might be due to the presence of 
more aromatic rings in their molecular structure. Therefore, further 
investigations are recommended to elucidate the photocatalytic degradation 
kinetics of these EfOMs by TNAs. 
Chapter 5 Photocatalytic Reactivity of TNAs 
 
128 
 
 
Figure 59. Kinetics of photocatalytic degradation of model PPCPs by the TNA-4 
([PPCPs] = 2 µM, pH = 5 at room temperature). 
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Chapter 6. Design of multi-functional CNT-TiO2 
nanotube membranes for enhanced removal of 
EfOMs  
 
 
6.1 Introduction 
As discussed in Chapter 2, integration of TiO2-photocatalysis with 
membrane filtration to develop photocatalytic membranes not only overcomes 
the corresponding concerns and challenges of the recovery and reuse of 
photocatalysts, but also improves the removal efficiency of EfOMs in treated 
effluents. 
Despite recent progress in fabrication of TiO2 NP-incorporated 
membranes, very limited effort has been reported on the exploitation of TNAs 
for the synthesis of photocatalytic membranes [264].  
Although immobilisation of TiO2 NPs onto the surface of existing 
membranes was found to be more effective in terms of catalyst accessibility 
than entrapping NPs within the membrane structure, the former will strongly 
affect the membrane performance due to the loss of active sites and exfoliation 
of the NPs from the membrane surface. Moreover, there is no straightforward 
procedure for synthesis of immobilised membranes, and it becomes more 
complicated when an appropriate binding medium is required to form bonds 
between NPs and the supporting membrane (e.g., when metallic or ceramic 
membranes are used as support). 
Compared to TiO2 NPs, TNAs can grow evenly on any porous substrate 
made of Ti with strong bonds to the supporting substrate. As discussed in 
Chapter 5, surface area, porosity and other structural parameters influencing 
the photocatalytic reactivity of TNAs can be easily controlled by alteration of 
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anodisation conditions. Furthermore, synthesis of TNAs by the anodisation 
process is relatively inexpensive and easy to scale up.  
This chapter describes a detailed study of the design of TiO2 nanotube 
membranes (TNMs) with CNTs. CNTs are well known for their unique 
properties, such as superior electron conduction, high surface area, and high 
adsorption capacity [265]. CNTs have been used as an adsorbent for the 
removal of various trace organic compounds, such as phenols [266], 
polycyclic aromatic hydrocarbons [267-269], heavy metals [270, 271], PPCPs 
and EDCs [272-275] and NOMs [276-279] from aqueous solutions. For 
example, 100 mg of MWCNTs could remove 80–100 % of estrone, 17β-
estradiol, and 17a-ethinylestradiol (5 mg/L) in each aqueous solution (10 ml) 
within 5 min [273]. 
Herein, we hypothesise that introducing CNTs into the TiO2 nanotubes 
might improve the removal efficiency of EfOMs by increasing adsorption 
capacity. The effect of CNT content on the performance of TiO2 nanotube 
membranes for the removal of 4CBA was studied in the continuous filtration 
system ( Figure 28 in Chapter 3). 
 
6.2 Structural characteristics of CNT-TiO2 nanotube membranes 
Anodisation of a Ti porous sheet resulted in the growth of nanotubes with 
different cavities or fissures at various locations ( Figure 60). As reported in 
previous studies [179, 280], the presence of fissures was attributed to the 
curvature-induced stress originating from the irregular surface of the Ti 
substrate. 
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Figure 60. Surface morphology of TiO2 nanotube membranes synthesised by 
anodisation in EG (0.5 wt% NaF, 5 wt% H2O) at 60 V for 1 h: Non-anodised plain Ti 
porous sheet (a-b), TNAs grown on Ti porous disc with different magnification (c-e). 
 
As shown in  Figure 61 and Table 15, the TNAs formed over the porous 
sheet had a shorter length and smaller pore diameter (inner and outer) and wall 
thickness than TNAs formed on Ti foil, although the same anodisation 
conditions were applied for synthesis of TNAs on both substrates. This may be 
due to the greater thickness of the Ti porous sheet (1 mm) compared to Ti foil 
(75 µm). 
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Figure 61. Surface morphology of TiO2 nanotube membranes (TNMs) synthesised at 
60 V for different anodisation times: 1 h (a), 3 h (b), and 5 h (c).  
 
Table 15. Structural dimensions of TNMs fabricated at 60 V for various anodisation 
times (Di: inner diameter; Do: outer diameter, w: wall thickness). 
Sample  Anodisation 
duration (h) 
Di (nm) Do (nm) W (nm) L (µm) 
TNM-1 1 43±2 64±2 10±1 200 nm-1 μm 
TNM-2 3 60±7.5 97±8 18±1.5 500 nm-2 μm 
TNM-3 5 74±6.5 112±12.5 19±3.5 700 nm-2 μm 
 
In a recent study [281], it was found that increasing the thickness of a Ti 
substrate (from 0.127 mm to 0.5 mm) induced a higher rate of Ti
4+
 ion 
transport during the initial stage of anodisation, resulting in the formation of a 
thick TiO2 barrier layer across the metal/oxide boundary and oxide/electrolyte 
interface ( Figure 62). This thick barrier layer may not only oppose the motion 
200 nm
(a)
300 nm
(b)
200 nm
(c)
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of Ti
4+ ions from the metal side to the metal/oxide interface, but also may 
oppose the diffusion of ions. This could cause a uniform stress in all directions 
on the Ti metal surface, resulting in less inward movement of the barrier layer 
and the formation of shorter nanotubes.  
 
 
Figure 62. Growth mechanism of the barrier layer with respect to the anodisation 
time over Ti substrate with different thicknesses (orange colour indicates the initial 
oxide layer and the dark orange colour indicates the interfacial barrier layer) [281]. 
 
These findings imply that a further increase of anodisation time above 3 h 
will not result in longer nanotubes. In contrast, it might lead to a shortening of 
nanotube length as a result of chemical attack by fluoride ions or even the 
formation of TiO2 NPs on the top surface of the nanotubes [281]. 
As shown in  Figure 63, the density of CNTs grown on the TiO2 nanotubes 
increased as the amount of the metal catalyst increased. Although it was 
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difficult to measure the average length of the synthesised CNTs, their length 
ranged from 200 nm to 2 μm in all samples. The length of the CNTs has been 
found to be affected by the reaction time [282]. Since a similar growth time of 
5 min was applied for all samples in the present study, no significant change in 
the length of CNTs was expected.  
As summarised in  Table 16, the diameter and content of CNTs increased as 
the dosage of ferrocene increased. Although the diameter of CNTs is mainly 
influenced by the size of catalyst particles [282], the amount of ferrocene can 
also affect the diameters of CNTs. This might be related to the non-uniform 
distribution of catalyst particles on the surface of TiO2 nanotubes at a higher 
dosage of ferrocene. 
 
Table 16. Structural characteristics of CNTs synthesised with various amounts of 
ferrocene. 
Sample Ferrocene dosage 
(mg) 
CNTs content 
(mg CNTs/cm
2
 TNM) 
Diameter  
(nm) 
CNT/TNM-2 (A) 25 7.6 25.4±10.8 
CNT/TNM-2 (B) 50 8.1 38.0±14.3 
CNT/TNM-2 (C) 100 8.6 54.2±12.3 
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Figure 63. Surface morphology of CNT/TNMs synthesised with different amounts of 
ferrocene: 25 mg (a–b), 50 mg (c–d), and 100 mg (e–f). 
 
 Figure 64 and  Table 17 show the SEM-EDX analysis of the Ti sheet, the 
TNM-2, and the CNT/TNM-2 (B) samples. It should be noted that the small 
amount of carbon (<1.5 wt%) found in either the Ti sheet or the TNM-2 
resulted from the carbon tape that was used for fixation of sample on a SEM 
sample holder. However, the EDX analysis of CNT/TNM-2 (B) sample 
contained approximately 29% carbon.  
20 μm
(e)
300 nm
(f)
20 μm
(a)
20 μm
(c) (d)
500 nm
(b)
400 nm
Chapter 6 Design of multi-functional CNT/TNMs 
 
136 
 
 
 
 
1 2 3 4 5 6 7 8 9 10
keV
0
20
40
60
80
100
120
140
160
180
200
x 0.001 cps/eV
 Ti  Ti 
 C  O 
Acquisition
100
80
60
40
20
0
1 32 54 6 987 10
( 
0
.0
0
1
) 
C
o
u
n
ts
/e
V
kV
(a)
Ti
Ti
120
140
160
180
200
1 2 3 4 5 6 7 8 9 10
keV
0
20
40
60
80
100
x 0.001 cps/eV
 Ti  Ti 
 O  C 
Acquisition
100
80
60
40
20
0
1 32 54 6 987 10
( 
0
.0
0
1
) 
C
o
u
n
ts
/e
V
kV
(b)
TiOC
Ti
Chapter 6 Design of multi-functional CNT/TNMs 
 
137 
 
 
Figure 64.  EDX analysis of the Ti sheet (a), the TNM-2 (b), and the CNT/TNM-2 
(B) synthesised at 50 mg of ferrocene (c).  
 
Table 17. Elemental analysis of various TNM samples by SEM-EDX. 
Sample 
Elements (wt %) 
Ti  O C 
Ti sheet 99.76 0.08 0.16 
TNM-2 89.68 8.88 1.44 
CNT/TNM-2  (B) 65.65 5.78 28.57 
 
6.3 Crystallinity of TiO2 nanotubes 
The XRD patterns of TNM-2 and CNT/TNM-2 (B) are presented in  Figure 
65. The diffraction peaks at 2θ = 25.5° and 2θ = 48.4° of both samples 
confirmed the presence of anatase TiO2, and imply that the temperature (770 
°C) applied for CNT synthesis in the CVD process did not have a significant 
effect on the crystalline structure of TiO2 nanotubes.  
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Figure 65. XRD patterns of TNM-2 (top) and the CNT/TNM-2 (B) (bottom). 
 
Similar results were reported by Ong et al. [283] for fabrication of a CNT-
TiO2 NP nanocomposite by direct growth of CNTs on TiO2 NPs via CVD. 
Using a temperature of 750 °C for 2 h, the formation of a major TiO2 anatase 
phase together with a very minor rutile phase was observed. The presence of a 
small amount of the rutile crystal phase was attributed to the addition of a Ni 
dopant to the lattice structure of TiO2 during catalyst preparation and also the 
high temperature of 750 °C during the CNT growth process for 2 h.  
It has been known that anatase is the most photoactive polymorph of TiO2. 
Transformation of anatase to rutile phase in pure TiO2 usually occurs at 600–
700 °C, which is non-reversible because of the greater thermodynamic 
stability of the rutile phase [284]. However, the XDR patterns of the 
synthesised CNT-TNMs didn’t show a diffraction peak related to the rutile 
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phase, possibly due to the very short reaction time (5 min) of the CNT growth 
process. 
 
6.4 Contact-angle 
To investigate the surface hydrophobicity of CNTs, the contact angle of a 
water drop on the surface of the CNT-TNMs was measured by a contact angle 
goniometric instrument. Although the initial contact angle of the Ti porous 
sheet was 74.2°, TNMs exhibited a super hydrophilic surface (contact angle 
<5°) as reported in the literature [285]. 
Surface hydrophobicity of TiO2 nanotube membranes increased as the 
content of CNTs increased ( Figure 66). Nevertheless, the hydrophobic surface 
of CNTs could be modified to be less hydrophobic via oxidation of CNTs 
using strong acids such as nitric acid and sulphuric acid or treating with 
oxidative gases such as ozone [286]. 
 
 
Figure 66. Effect of CNTs content on the surface hydrophobicity of the CNT/TNMs. 
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6.5 Kinetics of photocatalytic degradation of 4CBA by TiO2 
nanotube membranes 
To study the effect of anodisation time on the photocatalytic activity of the 
TNMs, the rate constant for photocatalytic degradation of 4CBA was 
evaluated with various TNM samples. As shown in  Figure 67, the degradation 
of 4CBA by TNM samples followed pseudo first order reaction kinetics (the 
L-H model).  
 
 
Figure 67. Kinetics of 4CBA degradation by various TNMs. 
 
The smallest apparent reaction rate constant (0.0017 min
-1
, R
2 
= 0.9503) 
was observed for the TNM-1 sample, which had the shortest nanotube length 
and the smallest pore diameter ( Table 15). However, the TNM-2 and the 
TNM-3 samples showed a similar kapp of 0.0038 min
-1
 (R
2
=0.9977) and 
0.0040 min
-1
 (R
2 
= 0.9958), respectively. Due to the irregular growth of TNAs 
on the porous Ti sheet in terms of direction and length, the geometric model 
introduced in section 5.2 could not be used to characterise their geometrical 
parameters. Nonetheless, the corresponding dimensions driven from FESEM 
Chapter 6 Design of multi-functional CNT/TNMs 
 
141 
 
images showed a relatively similar length and wall thickness for both samples 
( Table 15). 
The removal efficiency of 4CBA by various TNM samples is shown 
in  Figure 68. Despite the insignificant adsorption of 4CBA on the surface of 
all samples (3–4%) for 60 min in the dark, more than 40% of 4CBA was 
photocatalytically degraded from the aqueous solution by both TNM-2 and 
TNM-3. 
 
 
Figure 68. Removal efficiency of 4CBA by various TNMs. 
 
6.6 Removal of 4CBA by CNT/TiO2 nanotube membranes 
The removal efficiency of 4CBA by CNT/TNMs was investigated in the 
continuous filtration system ( Figure 28) with and without UV-A irradiation for 
3 h. 
In the absence of UV light, the removal efficiency of 4CBA by the TNM-2 
was limited to 2.7% for 3 h.  However, the removal efficiency increased to 
17% when the UV light was introduced (Figure 68). Compared to the 40% 
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removal of 4CBA achieved in the batch experiments under UV irradiation for 
2 h (Figure 67), the TNM-2 showed significantly lower removal efficiency of 
4 CBA in the continuous filtration system.  
 
 
Figure 69. 4CBA removal by the TNM-2 sample with and without UV irradiation. 
 
Considering the reaction volume of V (ml), the effective surface area of A 
(cm
2
), and reaction time of t (min), the plot of the removal efficiency of 4CBA 
as a function of (V/A)t for both batch and continuous systems is illustrated 
in  Figure 70. The results imply that the higher removal efficiency of 4CBA 
obtained in the batch experiment resulted from the relatively longer reaction 
time compared to the continuous experiment. 
One possible way to increase the removal efficiency of 4CBA by TNMs in 
the continuous filtration system is to increase the retention time of 4CBA in 
the filtration chamber. This can be done by decreasing the feed flow rate or 
improving the adsorption of 4CBA molecules onto the surface. The latter can 
be implemented by the introduction of CNTs onto the TNMs.  
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Figure 70. Effect of reaction time on the removal efficiency of 4CBA in batch and 
continuous systems.  
 
The results of photocatalytic filtration of 4CBA by CNT/TNMs with 
various contents of CNTs are presented in  Table 18. The values reported for 
removal of 4CBA through adsorption refer to the continuous filtration 
experiments performed in the dark. However, the values indicating the total 
removal efficiencies of 4CBA were obtained in the continuous filtration 
experiments under UV-A irradiation. 
 The permeation flux of the TNM-2 was averaged at 33.2 LMH/bar ( Table 
18). When the MWCNTs were introduced to the TNM-2 sample, the flux 
declined from 33.2 LMH/bar to 5.5 LMH/bar as the content of CNTs 
increased from 0 to 8.6 mg CNTs/cm
2
 TNM ( Table 18), possibly due to the 
increase in surface hydrophobicity of the TNM-2 ( Figure 66). 
However, the removal of 4CBA by adsorption increased from 2.7 % to 7 % 
as the content of MWCNTs increased from 0 to 8.6 mg CNTs/cm
2
 TNM on 
the TNM-2 ( Table 18). The improved rejection of 4CBA by the CNT-TNMs 
may have resulted from the increased surface area compared to the TNM. 
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Table 18. Photocatalytic filtration of 4CBA by CNT/TNMs with various contents of 
CNTs ([4CBA] = 25 µM). 
Sample 
CNTs content 
(mg CNTs/cm
2
 
TNM) 
kapp 
(min
-1
) 
By 
adsorption 
(%) 
Total removal 
efficiency (%) 
Flux 
(LMH/bar) 
TNM-2 0 0.0009 2.7 17 33.2 
CNT/TNM-2 (A) 7.6 0.0012 4.5 19 11.1 
CNT/TNM-2 (B) 8.1 0.0019 6 29 9.5 
CNT/TNM-2 (C) 8.6 0.0005 7 8 5.5 
 
Moreover, the total removal efficiency of 4CBA by the TNM-2 increased 
from 17% to 29% as the CNT content increased from 0 to 8.1 mg CNTs/cm
2
 
TNM under UV-A irradiation for 3 h.  The improved performance of 
CNT/TNMs in removal of 4CBA can be attributed to the improved 
photocatalytic activity of the membranes due to the increased adsorption 
capacity of the TNM.  
Another possible mechanism for the enhanced removal of 4CBA by the 
CNT/TNMs compared to TNM might be the diminished recombination of 
electron-hole pairs due to the improved charge separation.   
Numerous studies have reported the enhanced photocatalytic activity of 
TiO2 nanomaterials by carbon doping through introducing impurity carbons in 
the TiO2 lattice [287]. Several studies have shown that physical mixing of 
MWCNTs with TiO2 NPs can also improve the photocatalytic activity of TiO2 
NPs [204, 288]. The photo-generated electrons formed in the TiO2 NPs can 
transport into CNTs at the interaction sites, which will extend the lifetime of 
electron/hole pairs, increasing the quantum yield of TiO2 NPs. The inhibited 
recombination of photo-generated charge carriers in CNT-TiO2 composites 
has been referred to the heterojunction function of the composite material. 
However, any connection between two materials will not lead to the formation 
of a heterojunction [289].  
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To investigate the effect of CNTs on the charge separation efficiency of 
TiO2, the photocurrent response of the TNM-2 and the CNT-TNM-2 (B) was 
measured under UV-A irradiation. As shown in  Figure 71, a similar magnitude 
of generated photocurrent was observed for both membranes. This 
demonstrates that the growth of CNTs on the surface of TNMs has no effect 
on the charge separation efficiency of the TNMs. This might imply that no 
heterojunction was made between the CNTs and TNAs. 
 
 
Figure 71. Photocurrent response of the TNM-2 and CNT/TNM-2 (B) under UV-A 
irradiation (1600 μW/cm2) in 0.5 M Na2SO4 biased at 0.0 V versus Ag/AgCl 
electrode. 
 
However, a further increase of the CNT content beyond 8.1 mg CNTs/cm
2
 
TNM dramatically decreased the photocatalytic degradation of 4CBA. This 
may result from the blockage of active sites of TiO2 nanotubes for 
photocatalytic reaction or the poor transport of light to the surface of TNM-2, 
which is mostly covered by CNTs ( Figure 63-f). Also, the highly hydrophobic 
surface of the CNTs reduces the wettability of the membrane surface by water 
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molecules [290] and this may limit the accessibility of the surface of TNAs to 
water molecules, resulting in a decrease in ROS generation.  
The kinetics of photocatalytic degradation of 4CBA by the CNT/TNM-2 
samples are presented in  Figure 72, and the corresponding apparent reaction 
rate constants are summarised in  Table 18. The photocatalytic degradation of 
4CBA by the CNT/TNM-2 (A) (R
2
=0.98) and the CNT/TNM-2 (B) (R
2
=0.96) 
exhibited pseudo first order reaction kinetics, whereas a relatively poor linear 
correlation (R
2
=0.89) was observed for the CNT/TNM-2 (C). This non-linear 
behaviour can be referred to the different mechanism of 4CBA removal at 
higher CNT contents, in which the removal is mostly governed by adsorption. 
 
 
Figure 72. Effect of CNTs on photocatalytic degradation kinetics of 4CBA by the 
CNT/TNM-2 samples. 
 
The proposed mechanism for removal of 4CBA by both the TNMs and the 
CNT/TNMs is illustrated in  Figure 73. The removal of organic compounds by 
photocatalytic TNMs occurs via simultaneous adsorption of organic 
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compounds on the surface of TNAs and photocatalytic degradation by ROS. 
Since there is little or no penetration of light into the pores of the TNMs, only 
the retained compounds on the surface can react with ROS. Both un-degraded 
organic compounds and degradation by-products, which are smaller than the 
size of membrane pores, may pass through the TNMs. 
 
 
 
Figure 73. Proposed mechanisms of removal of organic compounds by the TNMs (a) 
and the CNT/TNMs (b). 
OH•
OH•
OH• OH
•
OH•
OH•
(a)
OH•
OH•
OH•
OH•
(b)
CNT
Organic compound
Degradation by-products
Water
Membrane pore
Chapter 6 Design of multi-functional CNT/TNMs 
 
148 
 
The results of this study suggest that an increase in the CNT content of 
TNMs will improve their adsorption capacity, but there is a trade-off between 
the adsorption enhancement and the photocatalytic reactivity of the multi-
functional membranes ( Figure 74). Therefore, optimisation of the CNT 
content over the effective photocatalytic area of the TNMs is important to 
enhance the performance of the CNT/TNMs. 
 
 
Figure 74. A relative comparison of adsorption and total removal efficiency of 
4CBA by various CNT/TNMs. 
 
One applicable solution to increase the retention of organic compounds 
without increasing the content of CNTs is the surface modification of CNTs. 
In a previous study [291], carboxylic and hydroxylic functional groups 
increased the hydrophilicity of the MWCNTs and improved the removal 
efficiency of humic acid by adsorption up to 93%. In this regard, the 
adsorption of 4CBA on MWCNTs modified using a mixture of H2SO4 (0.5 N) 
and HNO3 (1 N) was studied at a temperature of 60 
o
C. The hydrophobicity of 
modified MWCNTs decreased from a contact angle of 123° to <5°. As a result, 
the adsorption of 4CBA on the acid-treated MWCNTs significantly increased 
from 7% (CNT/TNM-2 (C)) to 27.5% during the same filtration time, even at 
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the lowest content of MWCNTs (6.4 mg CNTs/cm
2
 TNM) among the 
CNT/TNMs ( Figure 75).  
 
 
Figure 75.  Effect of hydrophilic modification of CNTs on the adsorption capacity of 
4CBA. 
 
This alteration of surface characteristics not only resulted in an improved 
adsorption but also provided a complete wetting of the membrane surface 
which increases the accessibility of TNAs to water molecules or the reactants. 
Therefore, further study is highly recommended to investigate the effect of 
surface modification of CNTs on the photocatalytic activity of the multi-
functional CNT/TNMs. 
Although synthesis of composite of both TiO2 nanotubes and carbon 
nanotubes has been reported in several studies [209, 210, 292], to the best of 
our knowledge, there is no report in literature on the application of composite 
membranes for wastewater treatment. The results of the present study are 
promising for the development of multi-functional membranes composed of 
TiO2 nanotubes and CNTs for a wide range of applications such as water 
splitting, water puriﬁcation and desalination, and biofilters. 
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Chapter 7. Conclusions and Recommendations 
 
 
7.1 Conclusions 
 
In this study, the removal efficiency of model organic compounds such as 
4CBA, BPA, and CZP prevalently detected in wastewater effluents by 
photocatalytic TiO2 NPs, TNAs, and CNT/TNMs was examined.  
Firstly, to optimise the photocatalytic reactivity of TiO2 NPs, the effects of 
TiO2 NP concentration, initial concentration of a model compound (i.e., 
4CBA), pH, and NOMs on the degradation efficiency of 4CBA were studied. 
The results from the first part of the study can be summarised as follows: 
 At the initial concentration of 25 µM for 4CBA, as the concentration of 
TiO2 NPs increased from 25 to 250 mg/L, the photocatalytic 
degradation efficiency of 4CBA increased from 13% to 100%. 
However, a further increase in TiO2 NP concentration resulted in a 
reduction of reaction rate constant and 4CBA removal efficiency. 
 With 25 µM of 4CBA and 100 mg/L of TiO2 NPs (average 
hydrodynamic diameter = 740 nm), the highest kapp (0.011 min
-1
, 
R
2
=0.99) and degradation efficiency (73%) were obtained at a solution 
pH of 5, although the size of TiO2 nanoparticle aggregates (704 nm) 
was smaller at acidic pH (i.e., pH=3) than at pH 5.  
 At 25 mg/L of TiO2 NPs, the kapp and the removal efficiency of 4CBA 
exponentially decreased as the initial concentration of 4CBA increased 
from 2.5 to 25 μM due to the limitation of ROS generation from TiO2 
NPs.  
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 The presence of NOMs in TiO2 NP suspensions not only affected the 
photocatalytic reactivity of TiO2 NPs for removal of 4CBA, but also 
had a significant influence on the stability of TiO2 NPs. As the 
concentration of NOMs increased, the size of TiO2 nanoparticle 
aggregates decreased, and this change dramatically retarded the 
photocatalytic degradation of 4CBA as a result of ROS scavenging 
and/or coverage of active sites of TiO2 NPs.  
According to the results of this part of the study, TiO2 NPs exhibited 
efficient photocatalytic reactivity for the photocatalytic degradation of 4CBA. 
However, the removal efficiency of 4CBA and the stability of TiO2 NPs were 
strongly influenced by the reaction conditions. More importantly, the 
application of TiO2 NPs in the form of suspension is limited due to the need 
for reuse and recovery of NPs from the treated solution, and the risk of release 
of NPs into the environment is a concern. In this regard, synthesis of TiO2 
nanotube arrays has been considered as one efficient solution to conquer the 
limitations of photocatalyst immobilisation with the added advantages of 
higher surface area, improved photocatalytic reactivity, and greater ease of 
operation, recovery and reuse.  
In the second part of this study, TNAs were successfully fabricated via 
anodic oxidation of Ti substrates in a fluorinated ethylene glycol electrolyte. 
The effects of anodisation conditions such as applied potential and anodisation 
time on geometrical characteristics such as surface area and porosity and also 
photocatalytic reactivity of TNAs were investigated.  
 As the anodisation voltage increased from 60 to 80 V, the surface area 
of TNAs increased while the porosity of TNAs decreased. At 80 V, the 
surface area of TNAs increased without significant change in porosity 
of TNAs as anodisation time increased from 1 to 5 h. On the other 
hand, at 60 V, both surface and porosity of TNAs increased by 
increasing the anodisation time from 1 to 3 h. However, further 
increasing the anodisation time to 5 h decreased the surface area of 
TNAs without significant change in their porosity.  
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 The photocatalytic reactivity of TNAs was found to be strongly 
dependent on their surface area and porosity.  The highest kapp (0.0104 
min
-1
, R
2
=0.99) and removal efficiency of 4CBA (71%) were obtained 
at 0.369 m
2
/g (surface area) and 47% (porosity).  
 At a given surface area and porosity, the wall thickness of nanotubes 
also played an important role in the photocatalytic reactivity of TNAs. 
TNAs with thinner walls produced more ROS and had greater 
photocatalytic reactivity than TNAs with thicker walls.  
 The optimised TNAs (0.369 m2/g surface area, 47% porosity, and 23 
nm wall thickness) could degrade 71% of 4CBA (25 µM) and more 
than 50% of CZP (2 µM) and BPA (2 µM) under UV-A irradiation for 
2 h.   
 Similar to the results obtained for TiO2 NPs (section 4.6), the presence 
of NOMs dramatically retarded the photocatalytic degradation of 
4CBA by TNAs. The removal efficiency of 4CBA decreased to 1.7% 
and 19.7% in the presence of 10 mg/L of HA and FA, respectively. 
Under the experimental conditions used for the synthesis of TNAs in this 
study, the highest surface area and porosity of TNAs were obtained by 
optimisation of synthesis parameters. However, the photocatalytic reactivity of 
TNAs for degradation of model EfOMs was limited to 71% for 4CBA and 
50% for both BPA and CZP. To enhance the removal efficiency of EfOMs, it 
has been suggested that the photocatalytic reactivity of TNAs be coupled with 
a membrane separation process to develop a photocatalytic membrane. 
In the final part of the study, multi-functional CNT/TiO2 nanotube 
membranes for enhanced removal of 4CBA were designed. Nanostructured 
TiO2 nanotubes were fabricated on a Ti porous sheet via anodisation. 
Subsequently, multi-functional CNT/TiO2 nanotube membranes were 
synthesised via CVD and the performance of the CNT/TiO2 nanotube 
membranes for the removal of 4CBA was studied in a continuous filtration 
system. The findings from this part of the study are summarised as follows: 
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 Structural characteristics such as length, pore diameter, and wall 
thickness of TNAs were strongly influenced by physical properties 
such as the geometry and the thickness of the porous Ti substrate. 
Compared to TNAs formed on the Ti foil, the curvature-induced stress 
originated from the irregular surface of the porous Ti substrate, 
resulting in the growth of TiO2 nanotubes with different cavities or 
fissures at various locations. Moreover, the relatively thicker Ti sheets 
(1 mm) compared to the Ti foil (0.075 mm) led to the formation of 
shorter TiO2 nanotubes with smaller pore diameter and thinner walls.  
 For the synthesis of CNTs on the TNAs, as the dosage of ferrocene 
increased from 25 to 100 mg, the density and diameter of CNTs 
increased from 7.6 to 8.1 mg CNTs/cm
2
 TNM and 25 to 54 nm, 
respectively. However, it also significantly increased hydrophobicity 
of the surface (contact angle >138°). Although a high temperature (770 
°C) was applied for the CNT synthesis, the anatase phase of TiO2 
nanotubes was maintained after the CVD process without 
transformation to the rutile phase. 
 Among the three TNM samples, the TNM-2 (nanotube length = 500 
nm – 2 μm, inner diameter = 60 nm, outer diameter = 97 nm, wall 
thickness = 18 nm) exhibited the highest removal efficiency (40%) of 
4CBA (25 μM) under UV-A irradiation (λmax=365 nm, 1600 µW/cm
2
) 
for 2 h in the batch experiment. The relatively smaller removal 
efficiency of 4CBA obtained by TNMs (40%) compared to the TNAs 
grown on a Ti foil (71%) may be due to the significant reduction in 
both diameter and length of nanotubes of the former, which can 
severely affect the surface area and porosity of TNAs. 
 Using the TNM-2 in the continuous filtration system (feed flow rate = 
0.5 ml/min), the removal efficiency of 4CBA (25 μM) was limited to 
2.7% for 3 h in the dark.  However, the removal efficiency increased to 
17% when the UV light was introduced. The smaller removal 
efficiency of 4CBA obtained in the continuous experiment resulted 
from the relatively shorter reaction time than the batch experiment. 
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   As the CNT content in the TNMs increased from 0 to 8.6 mg 
CNT/cm
2
 TNM, the adsorption capacity of the membranes for 4CBA 
increased from 2.7 to 7%. However, the water permeability was 
significantly decreased from 33.2 to 5.5 LMH/bar. This change in 
water permeability was attributed to the hydrophobicity of CNTs, 
which was introduced to the TNMs.   
 The total removal efficiency of 4CBA in the continuous filtration 
system  increased from 17% to 29% as the CNT content increased 
from 0 to 8.1 mg CNTs/cm
2
 TNM under UV-A irradiation for 3 h. The 
photocatalytic degradation of 4CBA by both the TNM and the 
CNT/TNM followed pseudo first order reaction kinetics. The improved 
performance of the CNT/TNMs resulted from the improved 
photocatalytic activity of the membranes.  
 However, further increase of CNT content beyond 8.1 mg CNTs/cm2 
TNM dramatically decreased the photocatalytic degradation of 4CBA 
possibly due to 1) blockage of active sites of TiO2 nanotubes for 
production of ROS, 2) poor transport of light to the surface of TNMs, 
and 3) reduced wettability of the highly hydrophobic surface of the 
membranes. 
 Surface modification of CNTs using a mixture of H2SO4 (0.5 N) and 
HNO3 (1 N) at 60 °C significantly decreased the hydrophobicity of the 
CNTs (contact angle <5°). As a result, the adsorption of 4CBA on the 
modified CNTs (6.4 mg CNTs/cm
2
 TNM) significantly increased from 
7% to 27.5% during the same filtration time. 
 
7.2 Recommendations 
i. The photocatalytic reactivity of TNAs was found to be strongly 
dependent upon structural and geometrical characteristics, such 
as SA, porosity and wall thickness. In addition to the synthesis 
process parameters, i.e., anodisation conditions, electrolyte 
properties, and post-annealing process, the physical and 
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chemical properties of the Ti substrate have an important 
impact on both the structural and geometrical properties of the 
TNA. In the present study, the high thickness of Ti substrate (1 
mm) dramatically affected the photocatalytic reactivity of 
TNAs by altering their properties. Thus, utilisation of thinner 
porous Ti materials is highly recommended, as it not only 
improves the photocatalytic reactivity of TNAs, but decreases 
the wastage of non-used Ti substrate. 
ii. In photocatalytic systems with a continuous feed flow, the 
higher retention time of pollutants inside the UV-irradiated 
chamber are preferred as it determines the interaction time with 
the photo-generated ROS (with very short lifetime). As the 
retention time of pollutant is inversely proportional to the 
volumetric feed flow-rate, decreasing the feed flow-rate will 
increase the retention time. In this study, all experiments in the 
filtration system were carried out at one feed flow-rate due to 
the limitation of our pumps. Therefore, it is suggested to 
optimise the volumetric feed flow-rate in order to enhance the 
performance of the filtration system. 
iii. The irradiated UV light could not be fully utilised by either 
TNMs or CNT/TNMs as its intensity was reduced due to the 
UV transmittance effect of the 5 mm thick acrylic material used 
for manufacture of the filtration chamber. In addition, the 
anodisation of Ti substrates with both sides exposed to the 
electrolyte will result in the formation of a membrane with two 
photocatalytic surfaces. Regarding these considerations and in 
order to enhance the removal efficiency of membranes, it is 
suggested to develop a continuous system using several 
CNT/TNMs in parallel with several internal UV light sources 
to provide complete irradiation of membrane surfaces ( Figure 
76). 
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Figure 76. Schematic diagram of a continuous filtration system with internal 
UV irradiation. 
 
iv. CNTs have demonstrated certain antimicrobial characteristics 
and, therefore, can introduce an anti-biofouling property to the 
membrane. Although MWCNTs showed less antibacterial 
effects than SWCNTs, modification of CNTs with specific 
functional groups have been commonly used to enhance their 
antimicrobial ability [293]. In the light of this, it is 
recommended to evaluate the antimicrobial activity of 
synthesised membranes for removal of pathogens from the 
wastewater effluents. 
 
 
Feed
Pump
UV lamps
CNT/TNM
Permeate
Pressure control
References 
 
157 
 
[1]  Dolnicar, S.; Schafer, A. I. Desalinated versus recycled water: Public perceptions 
and profiles of the accepters. Journal of Environmental Management 2009, 90 (2), 
888-900. 
[2]  Dawoud, M. A. The role of desalination in augmentation of water supply in GCC 
countries. Desalination 2005, 186 (1–3), 187-198. 
[3]  Wade Miller, G. Integrated concepts in water reuse: managing global water 
needs. Desalination 2006, 187 (1–3), 65-75. 
[4]  Radcliffe, J. C. Future directions for water recycling in Australia. Desalination 
2006, 187, 77-78. 
[5]  Apostolidis, N.; Hertle, C.; Young, R. Water recycling in Australia. Water 2011, 
3 (3), 869-881. 
[6]  Whiteoak, K.; Jones, P.; Pickering, P. Progress against the national target of 30% 
of Australia’s wastewater being recycled by 2015 2012. 
[7]  Toze, S. Water reuse and health risks- real vs. perceived. Desalination 2006, 187 
(1–3), 41-51. 
[8]  Vogelpohl, A.; Kim, S. M. Advanced oxidation processes (AOPs) in wastewater 
treatment. Journal of Industrial and Engineering Chemistry 2004, 10 (1), 33-40. 
[9]  Chong, M. N.; Jin, B.; Chow, C. W. K.; Saint, C. Recent developments in 
photocatalytic water treatment technology: A review. Water Research 2010, 44 (10), 
2997-3027. 
[10]  Comninellis, C.; Kapalka, A.; Malato, S.; Parsons, S. A.; Poulios, I.; 
Mantzavinos, D. Advanced oxidation processes for water treatment: advances and 
trends for R&D. Journal of Chemical Technology & Biotechnology 2008, 83 (6), 769-
776. 
[11]  Penpolcharoen, M.; Amal, R.; Brungs, M. Degradation of sucrose and nitrate 
over titania coated nano-hematite photocatalysts. Journal of Nanoparticle Research 
2001, 3 (4), 289-302. 
[12]  Dijkstra, M. F. J.; Michorius, A.; Buwalda, H.; Panneman, H. J.; Winkelman, J. 
G. M.; Beenackers, A. A. C. M. Comparison of the efficiency of immobilized and 
suspended systems in photocatalytic degradation. Catalysis Today 2001, 66 (2-4), 
487-494. 
[13]  Lim, L. L. P.; Lynch, R. J.; In, S. I. Comparison of simple and economical 
photocatalyst immobilisation procedures. Applied Catalysis A: General 2009, 365 
(2), 214-221. 
[14]  Molinari, R.; Mungari, M.; Drioli, E.; Di Paola, A.; Loddo, V.; Palmisano, L.; 
Schiavello, M. Study on a photocatalytic membrane reactor for water purification. 
Catalysis Today 2000, 55 (1–2), 71-78. 
[15]  Zhang, H.; Quan, X.; Chen, S.; Zhao, H.; Zhao, Y. Fabrication of photocatalytic 
membrane and evaluation its efficiency in removal of organic pollutants from water. 
Separation and Purification Technology 2006, 50 (2), 147-155. 
[16]  Mendret, J.; Hatat Fraile, M.; Rivallin, M.; Brosillon, S. Hydrophilic composite 
membranes for simultaneous separation and photocatalytic degradation of organic 
pollutants. Separation and Purification Technology 2013, 111, 9-19. 
[17]  Choi, H.; Stathatos, E.; Dionysiou, D. D. Sol-gel preparation of mesoporous 
photocatalytic TiO2 films and TiO2/Al2O3 composite membranes for environmental 
applications. Applied Catalysis B: Environmental 2006, 63 (1–2), 60-67. 
[18]  Morris, R. E.; Krikanova, E.; Shadman, F. Photocatalytic membrane for 
removal of organic contaminants during ultra-purification of water. Clean 
Technologies and Environmental Policy 2004, 6 (2), 96-104. 
[19]  Bae, T. H.; Tak, T. M. Effect of TiO2 nanoparticles on fouling mitigation of 
ultrafiltration membranes for activated sludge filtration. Journal of Membrane 
Science 2005, 249 (1–2), 1-8. 
References 
 
158 
 
[20]  Roy, P.; Berger, S.; Schmuki, P. TiO2 nanotubes: synthesis and applications. 
Angewandte Chemie International Edition 2011, 50 (13), 2904-2939. 
[21]  Vaux, J. H. Water conservation, efficiency, and reuse. Elements 2011, 7 (3), 
187-191. 
[22]  Kummu, M.; Ward, P. J.; De Moel, H.; Varis, O. Is physical water scarcity a 
new phenomenon? Global assessment of water shortage over the last two millennia. 
Environmental Research Letters 2010, 5, 10. 
[23]  Pham, T. T. N.; Ngo, H. H.; Guo, W.; Dang, H. P. D.; Mainali, B.; Johnston, 
A.; Listowski, A. Responses of community to the possible use of recycled water for 
washing machines: A case study in Sydney, Australia. Resources, Conservation and 
Recycling 2011, 55 (5), 535-540. 
[24]  Population projections, Australia, 2006 to 2056. Statistics, A. B. o., Ed. 2008. 
[25]  Desalination by the numbers. http://idadesal.org/desalination-101/desalination-
by-the-numbers (accessed 5/08/2014). 
[26]  Lattemann, S.; Kennedy, M. D.; Schippers, J. C.; Amy, G. Global desalination 
situation. In Sustainability Science and Engineering, Escobar, I., C.; Schafer, A., I. , 
Eds. Elsevier: 2010; Vol. 2, pp 7-39. 
[27]  Ahmed, M.; Anwar, R. An assessment of the environmental impact of brine 
disposal in marine environment. International Journal of Modern Engineering 
Research 2012, 2 (4), 2756-2761. 
[28]  Lattemann, S.; Hopner, T. Environmental impact and impact assessment of 
seawater desalination. Desalination 2008, 220 (1–3), 1-15. 
[29]  Dolnicar, S.; Saunders, C. Recycled water for consumer markets-a marketing 
research review and agenda. Desalination 2006, 187 (1–3), 203-214. 
[30]  Van der Bruggen, B. The global water recycling situation. In Sustainability 
science and engineering, Isabel, C. E.; Andrea, I. S., Eds. Elsevier: 2010; Vol. 2, pp 
41-62. 
[31]  Guidelines for water reuse EPA/600/R-12/618; Washington, D. C., 2012. 
[32]  Eckard, R. Global markets and technologies for water recycling and reuse 2013. 
[33]  Bixio, D.; De heyder, B.; Cikurel, H.; Muston, M.; Miska, V.; Joksimovic, D.; 
Schafer, A. I.; Ravazzini, A.; Aharoni, A.; Savic, D.; Thoeye, C. Municipal 
wastewater reclamation: where do we stand? an overview of treatment technology 
and management practice. Water Science and Technology: Water Supply 2005, 5 (1), 
77-85. 
[34]  Cote, P.; Siverns, S.; Monti, S. Comparison of membrane-based solutions for 
water reclamation and desalination. Desalination 2005, 182 (1–3), 251-257. 
[35]  Bixio, D.; Thoeye, C.; De Koning, J.; Joksimovic, D.; Savic, D.; Wintgens, T.; 
Melin, T. Wastewater reuse in Europe. Desalination 2006, 187 (1–3), 89-101. 
[36]  Wei, Y.; Van Houten, R. T.; Borger, A. R.; Eikelboom, D. H.; Fan, Y. 
Minimization of excess sludge production for biological wastewater treatment. Water 
Research 2003, 37 (18), 4453-4467. 
[37]  Zhang, K.; Farahbakhsh, K. Removal of native coliphages and coliform bacteria 
from municipal wastewater by various wastewater treatment processes: Implications 
to water reuse. Water Research 2007, 41 (12), 2816-2824. 
[38]  Radjenovic, J.; Matosic, M.; Mijatovic, I.; Petrovic, M.; Barcelo, D. Membrane 
bioreactor (MBR) as an advanced wastewater treatment technology emerging 
contaminants from industrial and municipal waste. Barcelo, D.; Petrovic, M., Eds. 
Springer Berlin Heidelberg: 2008; Vol. 5, pp 37-101. 
[39]  Melin, T.; Jefferson, B.; Bixio, D.; Thoeye, C.; De Wilde, W.; De Koning, J.; 
van der Graaf, J.; Wintgens, T. Membrane bioreactor technology for wastewater 
treatment and reuse. Desalination 2006, 187 (1-3), 271-282. 
References 
 
159 
 
[40]  Visvanathan, C.; Ben Aim, R.; Parameshwaran, K. Membrane separation 
bioreactors for wastewater treatment. Critical Reviews in Environmental Science and 
Technology 2000, 30 (1), 1-48. 
[41]  Liao, B.; Kraemer, J. T.; Bagley, D. M. Anaerobic membrane bioreactors: 
applications and research directions. Canada Critical Reviews in Environmental 
Science and Technology 2006, 36, 489-530. 
[42]  Pollice, A.; Laera, G.; Saturno, D.; Giordano, C. Effects of sludge retention 
time on the performance of a membrane bioreactor treating municipal sewage. 
Journal of Membrane Science 2008, 317 (1-2), 65-70. 
[43]  Innocenti, L.; Bolzonella, D.; Pavan, P.; Cecchi, F. Effect of sludge age on the 
performance of a membrane bioreactor: influence on nutrient and metals removal. 
Desalination 2002, 146 (1-3), 467-474. 
[44]  Viero, A. F.; Sant’Anna Jr, G. L. Is hydraulic retention time an essential 
parameter for MBR performance? Journal of Hazardous materials 2008, 150 (1), 
185-186. 
[45]  Meng, F.; Chae, S.; Drews, A.; Kraume, M.; Shin, H. S.; Yang, F. Recent 
advances in membrane bioreactors (MBRs): Membrane fouling and membrane 
material. Water Research 2009, 43 (6), 1489-1512. 
[46]  Berube, P. Membrane bioreactors: theory and applications to wastewater reuse. 
Sustainability Science and Engineering 2010, 2, 255-292. 
[47]  Membrane multiplier: MBR set for global growth. http://www.waterworld.com 
(accessed 05/08/2014). 
[48]  Hanft, S. Membrane bioreactors: Global markets 2011. 
[49]  Kraume, M.; Drews, A. Membrane bioreactors in waste water treatment-status 
and trends. Chemical Engineering & Technology 2010, 33 (8), 1251-1259. 
[50]  Newland, M.; Gibbs, B.; Gelman, M. Further experience with MBR and RO 
membrane technologies. Water:The journal of the Australian Water Association 
2009, 36 (2), 79-83. 
[51]  Fam, D.; Mitchell, C.; Abeysuriya, K.; Lopes, A. Distributed wastewater 
management in Melbourne, Australia : A case study of transition in practice. In First 
European conference on Sustainability Transitions – Dynamics and governance of 
transitions to sustainability, Amsterdam, The Netherlands, 2009. 
[52]  Chapman, S.; Leslie, G.; Law, I. Membrane bioreactors (MBR) for municipal 
wastewater treatment-An Australian perspective. Water:The journal of the Australian 
Water Association 2004, 40 (2), 75-85. 
[53]  Acero, J. L.; Benitez, F. J.; Teva, F.; Leal, A. I. Retention of emerging 
micropollutants from UP water and a municipal secondary effluent by ultrafiltration 
and nanofiltration. Chemical Engineering Journal 2010, 163 (3), 264-272. 
[54]  Jarusutthirak, C.; Amy, G.; Croue, J. P. Fouling characteristics of wastewater 
effluent organic matter (EfOM) isolates on NF and UF membranes. Desalination 
2002, 145 (1-3), 247-255. 
[55]  Jiang, T. Characterization and modelling of soluble microbial products in 
membrane bioreactors. Ghent University, 2007. 
[56]  Lin, H. J.; Wang, F. Y.; Ding, L. X.; Hong, H. C.; Chen, J. R.; Lu, X. F. 
Enhanced performance of a submerged membrane bioreactor with powdered 
activated carbon addition for municipal secondary effluent treatment. Journal of 
Hazardous materials 2011, 192 (3), 1509-1514. 
[57]  Shin, H. S.; Kang, S. T. Characteristics and fates of soluble microbial products 
in ceramic membrane bioreactor at various sludge retention times. Water Research 
2003, 37 (1), 121-127. 
[58]  Wu, B.; Kitade, T.; Chong, T. H.; Uemura, T.; Fane, A. G. Impact of membrane 
bioreactor operating conditions on fouling behavior of reverse osmosis membranes in 
MBR–RO processes. Desalination 2013, 311 (0), 37-45. 
References 
 
160 
 
[59]  Comerton, A. M.; Andrews, R. C.; Bagley, D. M. Evaluation of an MBR-RO 
system to produce high quality reuse water: Microbial control, DBP formation and 
nitrate. Water Research 2005, 39 (16), 3982-3990. 
[60]  Kim, S. D.; Cho, J.; Kim, I. S.; Vanderford, B. J.; Snyder, S. A. Occurrence and 
removal of pharmaceuticals and endocrine disruptors in South Korean surface, 
drinking, and waste waters. Water Research 2007, 41 (5), 1013-1021. 
[61]  Clara, M.; Strenn, B.; Gans, O.; Martinez, E.; Kreuzinger, N.; Kroiss, H. 
Removal of selected pharmaceuticals, fragrances and endocrine disrupting 
compounds in a membrane bioreactor and conventional wastewater treatment plants. 
Water Research 2005, 39 (19), 4797-4807. 
[62]  Urase, T.; Kagawa, C.; Kikuta, T. Factors affecting removal of pharmaceutical 
substances and estrogens in membrane separation bioreactors. Desalination 2005, 178 
(1–3), 107-113. 
[63]  Johir, M. A. H.; George, J.; Vigneswaran, S.; Kandasamy, J.; Grasmick, A. 
Removal and recovery of nutrients by ion exchange from high rate membrane bio-
reactor (MBR) effluent. Desalination 2011, 275 (1-3), 197-202. 
[64]  Shang, C.; Wong, H. M.; Chen, G. Bacteriophage MS-2 removal by submerged 
membrane bioreactor. Water Research 2005, 39 (17), 4211-4219. 
[65]  Lv, W.; Zheng, X.; Yang, M.; Zhang, Y.; Liu, Y.; Liu, J. Virus removal 
performance and mechanism of a submerged membrane bioreactor. Process 
Biochemistry 2006, 41 (2), 299-304. 
[66]  Barker, D. J.; Stuckey, D. C. A review of soluble microbial products (SMP) in 
wastewater treatment systems. Water Research 1999, 33 (14), 3063-3082. 
[67]  Shon, H. K.; Vigneswaran, S.; Snyder, S. A. Effluent organic matter (EfOM) in 
wastewater: Constituents, effects, and treatment. Critical Reviews in Environmental 
Science and Technology 2006, 36 (4), 327-374. 
[68]  Villacorte, L. O.; Kennedy, M. D.; Amy, G. L.; Schippers, J. C. The fate of 
transparent exopolymer particles (TEP) in integrated membrane systems: Removal 
through pre-treatment processes and deposition on reverse osmosis membranes. 
Water Research 2009, 43 (20), 5039-5052. 
[69]  Namkung, E.; Rittmann, B. E. Soluble microbial products (SMP) formation 
kinetics by biofilms. Water Research 1986, 20 (6), 795-806. 
[70]  Al Halbouni, D.; Dott, W.; Hollender, J. Occurrence and composition of 
extracellular lipids and polysaccharides in a full-scale membrane bioreactor. Water 
Research 2009, 43 (1), 97-106. 
[71]  Emery, K. O.; Johns, I. A.; Honjo, S. Organic films on particulate matter in 
surface waters off eastern Asia Sedimentology 1984, 31 (4), 503-514. 
[72]  Passow, U. Transparent exopolymer particles (TEP) in aquatic environments. 
Progress in Oceanography 2002, 55 (3-4), 287-333. 
[73]  Snyder, S. A.; Westerhoff, P.; Yoon, Y.; Sedlak, D. L. Pharmaceuticals, 
personal care products, and endocrine disruptors in water: Implications for the water 
industry. Environmental Engineering Science 2003, 20 (5), 449-469. 
[74]  Wintgens, T.; Gallenkemper, M.; Melin, T. Endocrine disrupter removal from 
wastewater using membrane bioreactor and nanofiltration technology. Desalination 
2002, 146 (1-3), 387-391. 
[75]  Huang, C. H.; Sedlak, D. L. Analysis of estrogenic hormones in municipal 
wastewater effluent and surface water using enzyme-linked immunosorbent assays 
and gas chromatography tandem mass spectrometry. Environmental Toxicology and 
Chemistry 2001, 20, 133-139. 
[76]  Thomas, H. Tracking persistent pharmaceutical residues from municipal 
sewage to drinking water. Journal of Hydrology 2002, 266 (3-4), 175-189. 
References 
 
161 
 
[77]  Castiglioni, S.; Bagnati, R.; Fanelli, R.; Pomati, F.; Calamari, D.; Zuccato, E. 
Removal of pharmaceuticals in sewage treatment plants in Italy. Environmental 
Science & Technology 2006, 40 (1), 357-363. 
[78]  Farahbakhsh, K.; Smith, D. W. Removal of coliphages in secondary effluent by 
microfiltration - mechanisms of removal and impact of operating parameters. Water 
Research 2004, 38 (3), 585-592. 
[79]  Gander, M. A.; Jefferson, B.; Judd, S. J. Membrane bioreactors for use in small 
wastewater treatment plants: membrane materials and effluent quality. Water Science 
and Technology 2000, 41 (1), 205-211. 
[80]  Ueda, T.; Horan, N. J. Fate of indigenous bacteriophage in a membrane 
bioreactor. Water Research 2000, 34 (7), 2151-2159. 
[81]  Sano, D.; Fukushi, K.; Yoshida, Y.; Omura, T. Detection of enteric viruses in 
municipal sewage sludge by a combination of the enzymatic virus elution method and 
RT-PCR. Water Research 2003, 37 (14), 3490-3498. 
[82]  Adam, C.; Gnirss, R.; Lesjean, B.; Buisson, H.; Kraume, M. Enhanced 
biological phosphorus removal in membrane bioreactors. Water Science and 
Technology 2002, 46 (4-5), 281-286. 
[83]  Fatone, F.; Eusebi, A. L.; Pavan, P.; Battistoni, P. Exploring the potential of 
membrane bioreactors to enhance metals removal from wastewater: pilot experiences. 
Water Science and Technology 2008, 57 (4), 505-511. 
[84]  Malamis, S.; Katsou, E.; Chazilias, D.; Loizidou, M. Investigation of Cr(III) 
removal from wastewater with the use of MBR combined with low-cost additives. 
Journal of Membrane Science 2009, 333 (1-2), 12-19. 
[85]  Zhou, H.; Smith, D. W. Advanced technologies in water and wastewater 
treatment. Canadian Journal of Civil Engineering 2001, 28, 49-66. 
[86]  Nghiem, L. D.; Schafer, A. I. Trace contaminant removal with nanofiltration. In 
Nanofiltration – Principles and Applications, Schafer, A. I.; Waite, T. D.; Fane, A. 
G., Eds. Elsevier: 2004; pp 479-520. 
[87]  Bellona, C.; Drewes, J. E.; Xu, P.; Amy, G. Factors affecting the rejection of 
organic solutes during NF/RO treatment-a literature review. Water Research 2004, 38 
(12), 2795-2809. 
[88]  Steinle Darling, E.; Litwiller, E.; Reinhard, M. Effects of sorption on the 
rejection of trace organic contaminants during nanofiltration. Environmental Science 
& Technology 2010, 44 (7), 2592-2598. 
[89]  Bolto, B.; Huang, M. water reuse: removal of trace organic compounds. Water 
2011, 87-92. 
[90]  Barcelo, D.; Petrovic, M. The handbook of environmental chemistry: Removal 
of emerging contaminants by NF/RO. Springer: 2008; Vol. 5. 
[91]  Bellona, C.; Drewes, J. E. The role of membrane surface charge and solute 
physico-chemical properties in the rejection of organic acids by NF membranes. 
Journal of Membrane Science 2005, 249 (1-2), 227-234. 
[92]  Li, K. Ceramic membranes for separation and reaction. John Wiley and Sons: 
2007. 
[93]  Sahar, E.; David, I.; Gelman, Y.; Chikurel, H.; Aharoni, A.; Messalem, R.; 
Brenner, A. The use of RO to remove emerging micropollutants following CAS/UF 
or MBR treatment of municipal wastewater. Desalination 2011, 273 (1), 142-147. 
[94]  Kosutic, K.; Dolar, D.; Asperger, D.; Kunst, B. Removal of antibiotics from a 
model wastewater by RO/NF membranes. Separation and Purification Technology 
2007, 53 (3), 244-249. 
[95]  Kimura, K.; Amy, G.; Drewes, J. E.; Heberer, T.; Kim, T. U.; Watanabe, Y. 
Rejection of organic micropollutants (disinfection by-products, endocrine disrupting 
compounds, and pharmaceutically active compounds) by NF/RO membranes. Journal 
of Membrane Science 2003, 227 (1–2), 113-121. 
References 
 
162 
 
[96]  Van der Bruggen, B.; Vandecasteele, C.; Van Gestel, T.; Doyen, W.; Leysen, R. 
A review of pressure-driven membrane processes in wastewater treatment and 
drinking water production. Environmental Progress 2003, 22 (1), 46-56. 
[97]  Malaeb, L.; Ayoub, G. M. Reverse osmosis technology for water treatment: 
State of the art review. Desalination 2011, 267 (1), 1-8. 
[98]  Mantzavinos, D.; Psillakis, E. Enhancement of biodegradability of industrial 
wastewaters by chemical oxidation pre-treatment. Journal of Chemical Technology 
and Biotechnology 2004, 79 (5), 431-454. 
[99]  Klavarioti, M.; Mantzavinos, D.; Kassinos, D. Removal of residual 
pharmaceuticals from aqueous systems by advanced oxidation processes. 
Environment International 2009, 35 (2), 402-417. 
[100]  Saritha, P.; Aparna, C.; Himabindu, V.; Anjaneyulu, Y. Comparison of 
various advanced oxidation processes for the degradation of 4-chloro-2 nitrophenol. 
Journal of Hazardous materials 2007, 149 (3), 609-614. 
[101]  Legrini, O.; Oliveros, E.; Braun, A. M. Photochemical processes for water 
treatment. Chemical Reviews 1993, 93 (2), 671-698. 
[102]  Goi, A.; Trapido, M. Hydrogen peroxide photolysis, Fenton reagent and 
photo-Fenton for the degradation of nitrophenols: a comparative study. Chemosphere 
2002, 46 (6), 913-922. 
[103]  Andreozzi, R.; Caprio, V.; Insola, A.; Marotta, R. Advanced oxidation 
processes (AOP) for water purification and recovery. Catalysis Today 1999, 53 (1), 
51-59. 
[104]  Dantas, R. F.; Canterino, M.; Marotta, R.; Sans, C.; Esplugas, S.; Andreozzi, 
R. Bezafibrate removal by means of ozonation: Primary intermediates, kinetics, and 
toxicity assessment. Water Research 2007, 41 (12), 2525-2532. 
[105]  Hollender, J.; Zimmermann, S. G.; Koepke, S.; Krauss, M.; McArdell, C. S.; 
Ort, C.; Singer, H.; von Gunten, U.; Siegrist, H. Elimination of organic 
micropollutants in a municipal wastewater treatment plant upgraded with a full-scale 
post-ozonation followed by sand filtration. Environmental Science & Technology 
2009, 43 (20), 7862-7869. 
[106]  Langlais, B.; Reckhow, D. A.; Brink, D. R. Ozone in water treatment: 
Application and engineering. Lewis Publishers, Inc.: Chelsea, Mich., 1991. 
[107]  Ollis David, F. Comparative aspects of advanced oxidation processes. In 
Emerging Technologies in Hazardous Waste Management American Chemical 
Society: 1993; Vol. 518, pp 18-34. 
[108]  Tekin, H.; Bilkay, O.; Ataberk, S. S.; Balta, T. H.; Ceribasi, I. H.; Sanin, F. 
D.; Dilek, F. B.; Yetis, U. Use of Fenton oxidation to improve the biodegradability of 
a pharmaceutical wastewater. Journal of Hazardous materials 2006, 136 (2), 258-
265. 
[109]  Ravina, M.; Campanella, L.; Kiwi, J. Accelerated mineralization of the drug 
diclofenac via Fenton reactions in a concentric photoreactor. Water Research 2002, 
36 (14), 3553-3560. 
[110]  Doll, T. E.; Frimmel, F. H. Kinetic study of photocatalytic degradation of 
carbamazepine, clofibric acid, iomeprol and iopromide assisted by different TiO2 
materials-determination of intermediates and reaction pathways. Water Research 
2004, 38 (4), 955-964. 
[111]  Molinari, R.; Pirillo, F.; Loddo, V.; Palmisano, L. Heterogeneous 
photocatalytic degradation of pharmaceuticals in water by using polycrystalline TiO2 
and a nanofiltration membrane reactor. Catalysis Today 2006, 118 (1-2), 205-213. 
[112]  Nakashima, T.; Ohko, Y.; Kubota, Y.; Fujishima, A. Photocatalytic 
decomposition of estrogens in aquatic environment by reciprocating immersion of 
TiO2-modified polytetrafluoroethylene mesh sheets. Journal of Photochemistry and 
Photobiology A: Chemistry 2003, 160 (1-2), 115-120. 
References 
 
163 
 
[113]  Zupanc, M.; Kosjek, T.; Petkovsek, M.; Dular, M.; Kompare, B.; Sirok, B.; 
Blazeka, Z.; Heath, E. Removal of pharmaceuticals from wastewater by biological 
processes, hydrodynamic cavitation and UV treatment. Ultrasonics Sonochemistry 
2013, 20 (4), 1104-1112. 
[114]  Bo, L.; Urase, T.; Wang, X. Biodegradation of trace pharmaceutical 
substances in wastewater by a membrane bioreactor. Frontiers of Environmental 
Science & Engineering in China 2009, 3 (2), 236-240. 
[115]  Ng, K. K.; Lin, A. Y.; Yu, T. H.; Lin, C. F. Tertiary treatment of 
pharmaceuticals and personal care products by pretreatment and membrane 
processes. Sustainable Environment Research 2011, 21 (3), 173-180. 
[116]  Andreozzi, R.; Caprio, V.; Marotta, R.; Radovnikovic, A. Ozonation and 
H2O2/UV treatment of clofibric acid in water: A kinetic investigation. Journal of 
Hazardous materials 2003, 103 (3), 233-246. 
[117]  Snyder, S. A.; Stanford, B. D.; Bruce, G. M.; Pleus, R. C.; Drewes, J. E. 
Identifying hormonally active compounds, pharmaceuticals, and personal care 
product ingredients of health concern from potential presence in water intended for 
indirect potable reuse Water Reuse Research Foundation: 2010. 
[118]  Vogna, D.; Marotta, R.; Napolitano, A.; Andreozzi, R.; Ischia, M. Advanced 
oxidation of the pharmaceutical drug diclofenac with UV/H2O2 and ozone. Water 
Research 2004, 38 (2), 414-422. 
[119]  Perez Estrada, L. A.; Maldonado, M. I.; Gernjak, W.; Aguera, A.; Fernandez 
Alba, A. R.; Ballesteros, M. M.; Malato, S. Decomposition of diclofenac by solar 
driven photocatalysis at pilot plant scale. Catalysis Today 2005, 101 (3–4), 219-226. 
[120]  Calza, P.; Sakkas, V. A.; Medana, C.; Baiocchi, C.; Dimou, A.; Pelizzetti, E.; 
Albanis, T. Photocatalytic degradation study of diclofenac over aqueous TiO2 
suspensions. Applied Catalysis B: Environmental 2006, 67 (3–4), 197-205. 
[121]  Rosario Ortiz, F. L.; Wert, E. C.; Snyder, S. A. Evaluation of UV/H2O2 
treatment for the oxidation of pharmaceuticals in wastewater. Water Research 2010, 
44 (5), 1440-1448. 
[122]  Nakada, N.; Shinohara, H.; Murata, A.; Kiri, K.; Managaki, S.; Sato, N.; 
Takada, H. Removal of selected pharmaceuticals and personal care products (PPCPs) 
and endocrine-disrupting chemicals (EDCs) during sand filtration and ozonation at a 
municipal sewage treatment plant. Water Research 2007, 41 (19), 4373-4382. 
[123]  Rizzo, L.; Meric, S.; Guida, M.; Kassinos, D.; Belgiorno, V. Heterogenous 
photocatalytic degradation kinetics and detoxification of an urban wastewater 
treatment plant effluent contaminated with pharmaceuticals. Water Research 2009, 43 
(16), 4070-4078. 
[124]  Mohapatra, D. P.; Brar, S. K.; Tyagi, R. D.; Picard, P.; Surampalli, R. Y. A 
comparative study of ultrasonication, Fenton's oxidation and ferro-sonication 
treatment for degradation of carbamazepine from wastewater and toxicity test by 
yeast estrogen screen (YES) assay. Science of the Total Environment 2013, 447 (0), 
280-285. 
[125]  Lopez, F. R.; Tavares, F. V. F.; Gomez, M.; Irusta, R.; Le Clech, P. Removal 
of 17-β estradiol from wastewater: comparison between a laboratory scale 
conventional activated sludge and a membrane bioreactor. Desalination and Water 
Treatment 2012, 51 (10-12), 2336-2342. 
[126]  Rosenfeldt, E. J.; Chen, P. J.; Kullman, S.; Linden, K. G. Destruction of 
estrogenic activity in water using UV advanced oxidation. Science of the Total 
Environment 2007, 377 (1), 105-113. 
[127]  Alum, A.; Yoon, Y.; Westerhoff, P.; Abbaszadegan, M. Oxidation of 
bisphenol A, 17β-estradiol, and 17α-ethynyl estradiol and byproduct estrogenicity. 
Environmental Toxicology 2004, 19 (3), 257-264. 
References 
 
164 
 
[128]  Coleman, H. M.; Eggins, B. R.; Byrne, J. A.; Palmer, F. L.; King, E. 
Photocatalytic degradation of 17-β-oestradiol on immobilised TiO2. Applied Catalysis 
B: Environmental 2000, 24 (1), 1-5. 
[129]  Zhu, H.; Li, W. Bisphenol-A removal from synthetic municipal wastewater 
by a bioreactor coupled with either a forward osmotic membrane or a microfiltration 
membrane unit. Frontiers of Environmental Science & Engineering 2013, 7 (2), 294-
300. 
[130]  Bolong, N.; Ismail, A. F.; Salim, M. R.; Rana, D.; Matsuura, T.; Tabe 
Mohammadi, A. Negatively charged polyethersulfone hollow fiber nanofiltration 
membrane for the removal of bisphenol A from wastewater. Separation and 
Purification Technology 2010, 73 (2), 92-99. 
[131]  Yuksel, S.; Kabay, N.; Yuksel, M. Removal of bisphenol A (BPA) from water 
by various nanofiltration (NF) and reverse osmosis (RO) membranes. Journal of 
Hazardous materials 2013, 263 (0), 307-310. 
[132]  Jia, C.; Wang, Y.; Zhang, C.; Qin, Q.; Kong, S.; Yao, S. K. Photocatalytic 
degradation of bisphenol-A in aqueous suspensions of titanium dioxide. 
Environmental Engineering Science 2012, 29, 630-637. 
[133]  Tambosi, J. L.; de Sena, R. F.; Favier, M.; Gebhardt, W.; Jose, H. J.; 
Schroder, H. F.; Moreira, R. Removal of pharmaceutical compounds in membrane 
bioreactors (MBR) applying submerged membranes. Desalination 2010, 261 (1–2), 
148-156. 
[134]  Collado, N.; Buttiglieri, G.; Marti, E.; Ferrando Climent, L.; Rodriguez 
Mozaz, S.; Barcelo, D.; Comas, J.; Rodriguez Roda, I. Effects on activated sludge 
bacterial community exposed to sulfamethoxazole. Chemosphere 2013, 93 (1), 99-
106. 
[135]  Abellan, M. N.; Bayarri, B.; Gimenez, J.; Costa, J. Photocatalytic degradation 
of sulfamethoxazole in aqueous suspension of TiO2. Applied Catalysis B: 
Environmental 2007, 74 (3–4), 233-241. 
[136]  Gonzalez, O.; Sans, C.; Esplugas, S. Sulfamethoxazole abatement by photo-
Fenton: Toxicity, inhibition and biodegradability assessment of intermediates. 
Journal of Hazardous materials 2007, 146 (3), 459-464. 
[137]  Beltran, F. J.; Pocostales, P.; Alvarez, P. M.; Lopez-Pineiro, F. Catalysts to 
improve the abatement of sulfamethoxazole and the resulting organic carbon in water 
during ozonation. Applied Catalysis B: Environmental 2009, 92 (3–4), 262-270. 
[138]  Diallo, M.; Duncan, J.; Savage, N.; Street, A.; Sustich, R. Nanotechnology 
applications for clean water solutions for improving water quality William Andrew 
Inc.: 2009. 
[139]  Brame, J.; Li, Q.; Alvarez, P. J. J. Nanotechnology-enabled water treatment 
and reuse: emerging opportunities and challenges for developing countries. Trends in 
Food Science and Technology 2011, 22 (11), 618-624. 
[140]  Li, Q.; Mahendra, S.; Lyon, D. Y.; Brunet, L.; Liga, M. V.; Li, D.; Alvarez, P. 
J. J. Antimicrobial nanomaterials for water disinfection and microbial control: 
Potential applications and implications. Water Research 2008, 42 (18), 4591-4602. 
[141]  Kamat, P. V.; Huehn, R.; Nicolaescu, R. A “sense and shoot” approach for 
photocatalytic degradation of organic contaminants in water. The Journal of Physical 
Chemistry B 2001, 106 (4), 788-794. 
[142]  Ju-Nam, Y.; Lead, J. R. Manufactured nanoparticles: An overview of their 
chemistry, interactions and potential environmental implications. Science of the Total 
Environment 2008, 400 (1-3), 396-414. 
[143]  Hoffmann, M. R.; Martin, S. T.; Choi, W. Y.; Bahnemann, D. W. 
Environmental applications of semiconductor photocatalysis. Chemical Reviews 
1995, 95 (1), 69-96. 
References 
 
165 
 
[144]  Vinu, R.; Madras, G. Environmental remediation by photocatalysis. Journal 
of the Indian Institute of Science 2010, 90 (2), 189-230. 
[145]  Shan, G.; Yan, S.; Tuagi, R. D.; Surampalli, R. Y.; Zhang, T. C. Applications 
of nanomaterials in environmental science and engineering: Review. Practice 
Periodical of Hazardous, Toxic, and Radioactive Waste Management 2009, 13 (2), 
110-119. 
[146]  Sin, J. C.; Lam, S. M.; Mohamed, A.; Lee, K. T. Degrading endocrine 
disrupting chemicals from wastewater by TiO2 photocatalysis: A review. 
International Journal of Photoenergy 2011, 2012, 1-24. 
[147]  Bian, H.; Wang, Y.; Yuan, B.; Cui, J.; Shu, X.; Wu, Y.; Zhang, X.; Adeloju, 
S. Flow-through TiO2 nanotube arrays: a modified support with homogeneous 
distribution of Ag nanoparticles and their photocatalytic activities. New Journal of 
Chemistry 2013, 37 (3), 752-760. 
[148]  Xiao, F. Self-assembly preparation of gold nanoparticles-TiO2 nanotube 
arrays binary hybrid nanocomposites for photocatalytic applications. Journal of 
Materials Chemistry 2012, 22 (16), 7819-7830. 
[149]  Nah, Y. C.; Paramasivam, I.; Schmuki, P. Doped TiO2 and TiO2 Nanotubes: 
Synthesis and Applications. Physical Chemistry Chemical Physics 2010, 11 (13), 
2698-2713. 
[150]  Wu, Q.; Ouyang, J.; Xie, K.; Sun, L.; Wang, M.; Lin, C. Ultrasound-assisted 
synthesis and visible-light-driven photocatalytic activity of Fe-incorporated TiO2 
nanotube array photocatalysts. Journal of Hazardous materials 2012, 199–200, 410-
417. 
[151]  Xu, Z.; Yu, J. Visible-light-induced photoelectrochemical behaviors of Fe-
modified TiO2 nanotube arrays. Nanoscale 2011, 3 (8), 3138-3144. 
[152]  Lee, S. A.; Choo, K. H.; Lee, C. H.; Lee, H. I.; Hyeon, T.; Choi, W.; Kwon, 
H. H. Use of ultrafiltration membranes for the separation of TiO2 photocatalysts in 
drinking water treatment. Industrial & Engineering Chemistry Research 2001, 40 (7), 
1712-1719. 
[153]  Zhang, L.; Kanki, T.; Sano, N.; Toyoda, A. Development of TiO2 
photocatalyst reaction for water purification. Separation and Purification Technology 
2003, 31 (1), 105-110. 
[154]  Pozzo, R. L.; Baltanás, M. A.; Cassano, A. E. Supported titanium oxide as 
photocatalyst in water decontamination: State of the art. Catalysis Today 1997, 39 
(3), 219-231. 
[155]  Ding, Z.; Hu, X.; Yue, P. L.; Lu, G. Q.; Greenfield, P. F. Synthesis of anatase 
TiO2 supported on porous solids by chemical vapor deposition. Catalysis Today 2001, 
68 (1–3), 173-182. 
[156]  Vega, A. A.; Keshmiri, M.; Mohseni, M. Composite template-free TiO2 
photocatalyst: Synthesis, characteristics and photocatalytic activity. Applied Catalysis 
B: Environmental 2011, 104 (1–2), 127-135. 
[157]  Li, Y.; Li, X.; Li, J.; Yin, J. Photocatalytic degradation of methyl orange by 
TiO2-coated activated carbon and kinetic study. Water Research 2006, 40 (6), 1119-
1126. 
[158]  Lee, D. K.; Kim, S. C.; Kim, S. J.; Chung, I. S.; Kim, S. W. Photocatalytic 
oxidation of microcystin-LR with TiO2-coated activated carbon. Chemical 
Engineering Journal 2004, 102 (1), 93-98. 
[159]  Daneshvar, N.; Salari, D.; Niaei, A.; Rasoulifard, M. H.; Khataee, A. R. 
Immobilization of TiO2 nanopowder on glass beads for the photocatalytic 
decolorization of an azo dye CI Direct Red 23. Journal of Environmental Science and 
Health, Part A 2005, 40 (8), 1605-1617. 
References 
 
166 
 
[160]  Folli, A.; Campbell, S. B.; Anderson, J. A.; Macphee, D. E. Role of TiO2 
surface hydration on NO oxidation photo-activity. Journal of Photochemistry and 
Photobiology A: Chemistry 2011, 220 (2-3), 85-93. 
[161]  Gopala, D. S.; Bhattacharjee, R. R.; Haerr, R.; Yeginoglu, B.; Pavel, O. D.; 
Cojocaru, B.; Parvulescu, V. I.; Richards, R. M. Synthesis and characterization of 
titanium dioxide phases in mesostructured silica matrices with photocatalytic activity. 
Chemical catalysis catalytical chemistry 2011, 3 (2), 408-416. 
[162]  Gerlach, I.; Kawase, M.; Miura, K. In-situ preparation of supported precious 
metal and metal oxide nanoparticles by nanoreactor flash pyrolysis. Microporous and 
Mesoporous Materials 2009, 122 (1–3), 79-86. 
[163]  Goetz, V.; Cambon, J. P.; Sacco, D.; Plantard, G. Modeling aqueous 
heterogeneous photocatalytic degradation of organic pollutants with immobilized 
TiO2. Chemical Engineering and Processing: Process Intensification 2009, 48 (1), 
532-537. 
[164]  Shang, J.; Li, W.; Zhu, Y. Structure and photocatalytic characteristics of TiO2 
film photocatalyst coated on stainless steel webnet. Journal of Molecular Catalysis A: 
Chemical 2003, 202 (1-2), 187-195. 
[165]  Tsuru, T.; Kanno, T.; Yoshioka, T.; Asaeda, M. A photocatalytic membrane 
reactor for gas-phase reactions using porous titanium oxide membranes. Catalysis 
Today 2003, 82 (1-4), 41-48. 
[166]  Chae, S. R.; Hotze, E. M.; Wiesner, M. R. Evaluation of the oxidation of 
organic compounds by aqueous suspensions of photosensitized hydroxylated-C60 
fullerene aggregates. Environmental Science & Technology 2009, 43 (16), 6208-
6213. 
[167]  Chen, Y.; Dionysiou, D. D. TiO2 photocatalytic films on stainless steel: The 
role of Degussa P25 in modified sol-gel methods. Applied Catalysis B: 
Environmental 2006, 62 (3–4), 255-264. 
[168]  Liu, Z.; Zhang, X.; Nishimoto, S.; Murakami, T.; Fujishima, A. Efficient 
photocatalytic degradation of gaseous acetaldehyde by highly ordered TiO2 nanotube 
arrays. Environmental Science & Technology 2008, 42 (22), 8547-8551. 
[169]  Zhang, Z.; Yuan, S.; Shi, G.; Fang, Y.; Liang, L.; Ding, H.; Jin, L. 
Photoelectrocatalytic activity of highly ordered TiO2 nanotube arrays electrode for 
azo dye degradation. Environmental Science & Technology 2007, 41 (17), 6259-
6263. 
[170]  Zhang, Q.; Xu, H.; Yan, W. Highly ordered TiO2 nanotube arrays: Recent 
advances in fabrication and environmental applications-A review. Nanoscience and 
Nanotechnology Letters 2012, 4, 505-519. 
[171]  Roy, P.; Kim, D.; Lee, K.; Spiecker, E.; Schmuki, P. TiO2 nanotubes and their 
application in dye-sensitized solar cells. Nanoscale 2010, 2, 45-59. 
[172]  Macak, J. M.; Tsuchiya, H.; Ghicov, A.; Yasuda, K.; Hahn, R.; Bauer, S.; 
Schmuki, P. TiO2 nanotubes: Self-organized electrochemical formation, properties 
and applications. Current Opinion in Solid State and Materials Science 2007, 11 (1-
2), 3-18. 
[173]  Liu, H.; Liu, G.; Fan, J.; Zhou, Q.; Zhou, H.; Zhang, N.; Hou, Z.; Zhang, M.; 
He, Z. Photoelectrocatalytic degradation of 4,4-dibromobiphenyl in aqueous solution 
on TiO2 and doped TiO2 nanotube arrays. Chemosphere 2011, 82 (1), 43-47. 
[174]  Lin, J.; Zong, R.; Zhou, M.; Zhu, Y. Photoelectric catalytic degradation of 
methylene blue by C60-modified TiO2 nanotube array. Applied Catalysis B: 
Environmental 2009, 89, 425-431. 
[175]  Quan, X.; Ruan, X.; Zhao, H.; Chen, S.; Zhao, Y. Photoelectrocatalytic 
degradation of pentachlorophenol in aqueous solution using a TiO2 nanotube film 
electrode. Environmental Pollution 2007, 147 (2), 409-414. 
References 
 
167 
 
[176]  Tu, Y.; Fu, Q.; Niu, X.; Sang, J.; Tan, Z.; Zou, X. Fabrication and 
photocatalytic activities of TiO2 nanotube arrays. Advanced Materials research 2012, 
460, 151-154. 
[177]  Rong, F.; Liu, J.; Zhang, Z.; Fu, D. Study on photocatalytic degradation of X-
3B by TiO2 nanoyube arrays. Applied Mechanics and Materials 2011, 110-116, 1417-
1422. 
[178]  Liao, J.; Lin, S.; Zhang, L.; Pan, N.; Cao, X.; Li, J. Photocatalytic degradation 
of methyl orange using a TiO2/Ti mesh electrode with 3D nanotube arrays. ACS 
Applied Materials & Interfaces 2011, 4 (1), 171-177. 
[179]  Kar, A.; Smith, Y. R.; Subramanian, V. Improved photocatalytic degradation 
of textile dye using titanium dioxide nanotubes formed over Titanium wires. 
Environmental Science & Technology 2009, 43 (9), 3260-3265. 
[180]  Zhuang, H. F.; Lin, C. J.; Lai, Y. K.; Sun, L.; Li, J. Some critical structure 
factors of titanium oxide nanotube array in its photocatalytic activity. Environmental 
Science & Technology 2007, 41 (13), 4735-4740. 
[181]  Lockman, Z.; Sreekantan, S.; Ismail, S.; Schmidt Mende, L.; MacManus 
Driscoll, J. L. Influence of anodisation voltage on the dimension of titania nanotubes. 
Journal of Alloys and Compounds 2010, 503 (2), 359-364. 
[182]  Tan, A. W.; Pingguan-Murphy, B.; Ahmad, R.; Akbar, S. A. Review of titania 
nanotubes: Fabrication and cellular response. Ceramics International 2012, 38 (6), 
4421-4435. 
[183]  Hoyer, P. Formation of a titanium dioxide nanotube array. Langmuir 1996, 12 
(6), 1411-1413. 
[184]  Kasuga, T.; Hiramatsu, M.; Hoson, A.; Sekino, T.; Niihara, K. Formation of 
titanium oxide nanotube. Langmuir 1998, 14 (12), 3160-3163. 
[185]  Tsai, C. C.; Teng, H. Structural features of nanotubes synthesized from NaOH 
treatment on TiO2 with different post-treatments. Chemistry of Materials 2005, 18 
(2), 367-373. 
[186]  Ou, H. H.; Lo, S. L. Review of titania nanotubes synthesized via the 
hydrothermal treatment: Fabrication, modification, and application. Separation and 
Purification Technology 2007, 58 (1), 179-191. 
[187]  Liang, H. C.; Li, X. Z. Effects of structure of anodic TiO2 nanotube arrays on 
photocatalytic activity for the degradation of 2,3-dichlorophenol in aqueous solution. 
Journal of Hazardous materials 2009, 162 (2–3), 1415-1422. 
[188]  Zwilling, V.; Darque Ceretti, E.; Boutry Forveille, A.; David, D.; Perrin, M. 
Y.; Aucouturier, M. Structure and physicochemistry of anodic oxide films on 
titanium and TA6V alloy. Surface and Interface Analysis 1999, 27 (7), 629-637. 
[189]  Gong, D.; Grimes, C. A.; Varghese, O. K. Titanium oxide nanotube arrays 
prepared by anodic oxidation. Journal of Materials Research 2001, 16, 3331-3335. 
[190]  Wang, J.; Lin, Z. Anodic formation of ordered TiO2 nanotube arrays: Effects 
of electrolyte temperature and anodization potential. The Journal of Physical 
Chemistry C 2009, 113 (10), 4026-4030. 
[191]  Yun, J. H.; Ng, Y. H.; Ye, C.; Mozer, A. J.; Wallace, G. G.; Amal, R. Sodium 
fluoride-assisted modulation of anodized TiO2 nanotube for dye-sensitized solar cells 
application. ACS Applied Materials & Interfaces 2011, 3 (5), 1585-1593. 
[192]  Mor, G. K.; Varghese, O. K.; Paulose, M.; Shankar, K.; Grimes, C. A. A 
review on highly ordered, vertically oriented TiO2 nanotube arrays: Fabrication, 
material properties, and solar energy applications. Solar Energy Materials and Solar 
Cells 2006, 90 (14), 2011-2075. 
[193]  Wang, D.; Liu, Y.; Yu, B.; Zhou, F.; Liu, W. TiO2 nanotubes with tunable 
morphology, diameter, and length: Synthesis and photo-electrical/catalytic 
performance. Chemistry of Materials 2009, 21 (7), 1198-1206. 
References 
 
168 
 
[194]  Bauer, S.; Kleber, S.; Schmuki, P. TiO2 nanotubes: Tailoring the geometry in 
H3PO4/HF electrolytes. Electrochemistry Communications 2006, 8 (8), 1321-1325. 
[195]  Xie, Z. B.; Blackwood, D. J. Effects of anodization parameters on the 
formation of titania nanotubes in ethylene glycol. Electrochimica Acta 2010, 56 (2), 
905-912. 
[196]  Saharudin, K. A.; Sreekantan, S. The effect of water content on the formation 
of TiO2 nanotubes in ethylene glycol. Advanced Materials Research 2011, 173, 102-
105. 
[197]  Akhavan, O.; Azimirad, R.; Safa, S.; Larijani, M. M. Visible light photo-
induced antibacterial activity of CNT-doped TiO2 thin films with various CNT 
contents. Journal of Materials Chemistry 2010, 20 (35), 7386-7392. 
[198]  Chung Hsuang, H.; Bo Chao, C.; Hsing Lung, L.; Ching, Y. Photocatalytic 
degradation of bisphenol-A using TiO2/CNTs nanocomposites under uv irradiation. In 
Interactions of Nanomaterials with Emerging Environmental Contaminants, 
American Chemical Society: 2013; Vol. 1150, pp 121-134. 
[199]  Hu, G.; Meng, X.; Feng, X.; Ding, Y.; Zhang, S.; Yang, M. Anatase TiO2 
nanoparticles/carbon nanotubes nanofibers: preparation, characterization and 
photocatalytic properties. Journal of Materials Science 2007, 42 (17), 7162-7170. 
[200]  Gao, B.; Chen, G. Z.; Li Puma, G. Carbon nanotubes/titanium dioxide 
(CNTs/TiO2) nanocomposites prepared by conventional and novel surfactant 
wrapping sol-gel methods exhibiting enhanced photocatalytic activity. Applied 
Catalysis B: Environmental 2009, 89 (3–4), 503-509. 
[201]  Kuo, C. Y. Prevenient dye-degradation mechanisms using UV/TiO2/carbon 
nanotubes process. Journal of Hazardous materials 2009, 163 (1), 239-244. 
[202]  Yu, H.; Quan, X.; Chen, S.; Zhao, H.; Zhang, Y. TiO2–carbon nanotube 
heterojunction arrays with a controllable thickness of TiO2 layer and their first 
application in photocatalysis. Journal of Photochemistry and Photobiology A: 
Chemistry 2008, 200 (2–3), 301-306. 
[203]  Dong, Y.; Tang, D.; Li, C. Photocatalytic oxidation of methyl orange in water 
phase by immobilized TiO2-carbon nanotube nanocomposite photocatalyst. Applied 
Surface Science 2014, 296, 1-7. 
[204]  Yu, Y.; Yu, J. C.; Chan, C. Y.; Che, Y. K.; Zhao, J. C.; Ding, L.; Ge, W. K.; 
Wong, P. K. Enhancement of adsorption and photocatalytic activity of TiO2 by using 
carbon nanotubes for the treatment of azo dye. Applied Catalysis B: Environmental 
2005, 61 (1–2), 1-11. 
[205]  An, G.; Ma, W.; Sun, Z.; Liu, Z.; Han, B.; Miao, S.; Miao, Z.; Ding, K. 
Preparation of titania/carbon nanotube composites using supercritical ethanol and 
their photocatalytic activity for phenol degradation under visible light irradiation. 
Carbon 2007, 45 (9), 1795-1801. 
[206]  Wang, H.; Wang, H. L.; Jiang, W. F. Solar photocatalytic degradation of 2,6-
dinitro-p-cresol (DNPC) using multi-walled carbon nanotubes (MWCNTs)–TiO2 
composite photocatalysts. Chemosphere 2009, 75 (8), 1105-1111. 
[207]  Fan, W.; Gao, L.; Sun, J. Anatase TiO2-coated multi-wall carbon nanotubes 
with the vapor phase method. Journal of the American Ceramic Society 2006, 89 (2), 
731-733. 
[208]  Li, Y.; Li, L.; Li, C.; Chen, W.; Zeng, M. Carbon nanotube/titania composites 
prepared by a micro-emulsion method exhibiting improved photocatalytic activity. 
Applied Catalysis A: General 2012, 427–428, 1-7. 
[209]  Chen, J. B.; Wang, C. W.; Guo, R. S.; Wang, L. Q.; Zhu, W. D.; Zhou, F.; 
Liu, W. M. Fabrication and field emission of carbon nanotubes/TiO2/Ti composite 
nanostructures. Journal of Vacuum Science and Technology B 2010, 28 (6), 1274-
1278. 
References 
 
169 
 
[210]  Hesabi, Z. R.; Allam, N. K.; Dahmen, K.; Garmestani, H.; El Sayed, M. Self-
standing crystalline TiO2 nanotubes/CNTs heterojunction membrane: synthesis and 
characterization. ACS Applied Materials & Interfaces 2011, 3 (4), 952-955. 
[211]  Amrita, M.; Subarna, B.; Susanta, K. M.; Olivia, A. G.; Mano, M. Synthesis 
of carbon nanotube–TiO2 nanotubular material for reversible hydrogen storage. 
Nanotechnology 2008, 19 (44), 445607. 
[212]  Thess, A.; Lee, R.; Nikolaev, P.; Dai, H.; Petit, P.; Robert, J.; Xu, C.; Lee, Y. 
H.; Kim, S. G.; Rinzler, A. G.; Colbert, D. T.; Scuseria, G. E.; Tománek, D.; Fischer, 
J. E.; Smalley, R. E. Crystalline ropes of metallic carbon nanotubes. Science 1996, 
273 (5274), 483-487. 
[213]  Dillon, A. C.; Jones, K. M.; Bekkedahl, T. A.; Kiang, C. H.; Bethune, D. S.; 
Heben, M. J. Storage of hydrogen in single-walled carbon nanotubes. Nature 1997, 
386 (6623), 377-379. 
[214]  Andrews, R.; Jacques, D.; Rao, A. M.; Derbyshire, F.; Qian, D.; Fan, X.; 
Dickey, E. C.; Chen, J. Continuous production of aligned carbon nanotubes: a step 
closer to commercial realization. Chemical Physics Letters 1999, 303 (5–6), 467-474. 
[215]  Iijima, S.; Ichihashi, T. Single-shell carbon nanotubes of 1-nm diameter. 
Nature 1993, 363 (6430), 603-605. 
[216]  Brukh, R.; Mitra, S. Mechanism of carbon nanotube growth by CVD. 
Chemical Physics Letters 2006, 424 (1–3), 126-132. 
[217]  Nessim, G. D. Properties, synthesis, and growth mechanisms of carbon 
nanotubes with special focus on thermal chemical vapor deposition. Nanoscale 2010, 
2 (8), 1306-1323. 
[218]  Kumar, M.; Ando, Y. Chemical vapor deposition of carbon nanotubbes: A 
review on growth mechanism and mass production. Journal of Nanoscience and 
Nanotechnology 2010, 10, 3739-3758. 
[219]  Cheung, C. L.; Kurtz, A.; Park, H.; Lieber, C. M. Diameter-controlled 
synthesis of carbon nanotubes. The Journal of Physical Chemistry B 2002, 106 (10), 
2429-2433. 
[220]  Mamalis, A. G.; Vogtländer, L. O. G.; Markopoulos, A. Nanotechnology and 
nanostructured materials: trends in carbon nanotubes. Precision Engineering 2004, 28 
(1), 16-30. 
[221]  Bosc, F.; Ayral, A.; Guizard, C. Mesoporous anatase coatings for coupling 
membrane separation and photocatalyzed reactions. Journal of Membrane Science 
2005, 265 (1-2), 13-19. 
[222]  Sylwia, M. Photocatalytic membrane reactors (PMRs) in water and 
wastewater treatment: A review. Separation and Purification Technology 2010, 73 
(2), 71-91. 
[223]  Chin, S. S.; Chiang, K.; Fane, A. G. The stability of polymeric membranes in 
a TiO2 photocatalysis process. Journal of Membrane Science 2006, 275 (1–2), 202-
211. 
[224]  Zhang, X.; Du, A. J.; Lee, P.; Sun, D. D.; Leckie, J. O. Grafted 
multifunctional titanium dioxide nanotube membrane: Separation and 
photodegradation of aquatic pollutant. Applied Catalysis B: Environmental 2008, 84 
(1–2), 262-267. 
[225]  Romanos, G. E.; Athanasekou, C. P.; Likodimos, V.; Aloupogiannis, P.; 
Falaras, P. Hybrid ultrafiltration/photocatalytic membranes for efficient water 
treatment. Industrial & Engineering Chemistry Research 2013, 52 (39), 13938-
13947. 
[226]  Choi, W. Y.; Chung, J.; Cho, C. H.; Kim, J. O. Fabrication and photocatalytic 
activity of a novel nanostructured TiO2 metal membrane. Desalination 2011, 279 (1-
3), 359-366. 
References 
 
170 
 
[227]  Grzegorz, B. Use of spectroscopic probes for detection of reactive oxygen 
species. Clinica Chimica Acta 2006, 368 (1–2), 53-76. 
[228]  Gomes, A.; Fernandes, E.; Lima, J. L. F. C. Fluorescence probes used for 
detection of reactive oxygen species. Journal of Biochemical and Biophysical 
Methods 2005, 65 (2–3), 45-80. 
[229]  Setsukinai, K.-i.; Urano, Y.; Kakinuma, K.; Majima, H. J.; Nagano, T. 
Development of novel fluorescence probes that can reliably detect reactive oxygen 
species and distinguish specific species. Journal of Biological Chemistry 2003, 278 
(5), 3170-3175. 
[230]  Dionysiou, D. D.; Suidan, M. T.; Baudin, I.; Laıine, J. M. Effect of hydrogen 
peroxide on the destruction of organic contaminants-synergism and inhibition in a 
continuous-mode photocatalytic reactor. Applied Catalysis B: Environmental 2004, 
50 (4), 259-269. 
[231]  Ruan, S.; Wu, F.; Zhang, T.; Gao, W.; Xu, B.; Zhao, M. Surface state studies 
of TiO2 nanoparticles and photocatalytic degradation of methyl orange in aqueous 
TiO2 dispersions. Materials Chemistry and Physics 2001, 69 (1–3), 7-9. 
[232]  Wong, C. C.; Chu, W. The direct photolysis and photocatalytic degradation of 
alachlor at different TiO2 and UV sources. Chemosphere 2003, 50 (8), 981-987. 
[233]  Cohn, C. A.; Pedigo, C. E.; Hylton, S. N.; Simon, S. R.; Schoonen, M. A. 
Evaluating the use of 3-(p-Aminophenyl) fluorescein for determining the formation 
of highly reactive oxygen species in particle suspensions. Geochemical Transactions 
2009, 10 (8), 1-9. 
[234]  Wenhua, L.; Hong, L.; Sao’an, C.; Jianqing, Z.; Chunan, C. Kinetics of 
photocatalytic degradation of aniline in water over TiO2 supported on porous nickel. 
Journal of Photochemistry and Photobiology A: Chemistry 2000, 131 (1–3), 125-132. 
[235]  Guettai, N.; Ait Amar, H. Photocatalytic oxidation of methyl orange in 
presence of titanium dioxide in aqueous suspension. Part I: Parametric study. 
Desalination 2005, 185 (1–3), 427-437. 
[236]  Yang, L.; Yu, L. E.; Ray, M. B. Degradation of paracetamol in aqueous 
solutions by TiO2 photocatalysis. Water Research 2008, 42 (13), 3480-3488. 
[237]  So, C. M.; Cheng, M. Y.; Yu, J. C.; Wong, P. K. Degradation of azo dye 
procion red MX-5B by photocatalytic oxidation. Chemosphere 2002, 46 (6), 905-912. 
[238]  Singh, H. K.; Saquib, M.; Haque, M. M.; Muneer, M.; Bahnemann, D. W. 
Titanium dioxide mediated photocatalysed degradation of phenoxyacetic acid and 
2,4,5-trichlorophenoxyacetic acid, in aqueous suspensions. Journal of Molecular 
Catalysis A: Chemical 2007, 264 (1-2), 66-72. 
[239]  Haque, M. M.; Muneer, M.; Bahnemann, D. W. Semiconductor-mediated 
photocatalyzed degradation of a herbicide derivative, chlorotoluron, in aqueous 
suspensions. Environmental Science & Technology 2006, 40 (15), 4765-4770. 
[240]  Chen, D.; Ray, A. K. Photodegradation kinetics of 4-nitrophenol in TiO2 
suspension. Water Research 1998, 32 (11), 3223-3234. 
[241]  Ahmed, S.; Rasul, M. G.; Martens, W. N.; Brown, R.; Hashib, M. A. 
Heterogeneous photocatalytic degradation of phenols in wastewater: A review on 
current status and developments. Desalination 2010, 261 (1-2), 3-18. 
[242]  Augugliaro, V.; Palmisano, L.; Schiavello, M.; Sclafani, A. Photocatalytic 
degradation of nitrophenols in aqueous titanium dioxide dispersion. Applied Catalysis 
1991, 69 (1), 323-340. 
[243]  Chu, W.; Wong, C. C. The photocatalytic degradation of dicamba in TiO2 
suspensions with the help of hydrogen peroxide by different near UV irradiations. 
Water Research 2004, 38 (4), 1037-1043. 
[244]  Ridley, M. K.; Hackley, V. A.; Machesky, M. L. Characterization and 
surface-reactivity of nanocrystalline anatase in aqueous solutions. Langmuir 2006, 22 
(26), 10972-10982. 
References 
 
171 
 
[245]  French, R. A.; Jacobson, A. R.; Kim, B.; Isley, S. L.; Penn, R. L.; Baveye, P. 
C. Influence of ionic strength, pH, and cation valence on aggregation kinetics of 
titanium dioxide nanoparticles. Environmental Science & Technology 2009, 43 (5), 
1354-1359. 
[246]  Keller, A. A.; Wang, H.; Zhou, D.; Lenihan, H. S.; Cherr, G.; Cardinale, B. J.; 
Miller, R.; Ji, Z. Stability and aggregation of metal oxide nanoparticles in natural 
aqueous matrices. Environmental Science & Technology 2010, 44 (6), 1962-1967. 
[247]  Gandhi, V. G.; Mishra, M. K.; Rao, M. S.; Kumar, A.; Joshi, P. A.; Shah, D. 
O. Comparative study on nano-crystalline titanium dioxide catalyzed photocatalytic 
degradation of aromatic carboxylic acids in aqueous medium. Journal of Industrial 
and Engineering Chemistry 2011, 17 (2), 331-339. 
[248]  Gautam, S.; Kamble, S. P.; Sawant, S. B.; Pangarkar, V. G. Comparative 
study on nano-crystalline titanium dioxide catalyzed photocatalytic degradation of 
aromatic carboxylic acids in aqueous medium. Chemical Engineering Journal 2005, 
110 (1-3), 129-137. 
[249]  Paul, A.; Hackbarth, S.; Vogt, R. D.; Roder, B.; Burnison, B. K.; Steinberg, 
C. E. W. Photogeneration of singlet oxygen by humic substances: comparison of 
humic substances of aquatic and terrestrial origin. Photochemical & Photobiological 
Sciences 2004, 3 (3), 273-280. 
[250]  Guerard, J. J.; Miller, P. L.; Trouts, T. D.; Chin, Y. P. The role of fulvic acid 
composition in the photosensitized degradation of aquatic contaminants. Aquatic 
Sciences 2009, 71 (2), 160-169. 
[251]  Brame, J.; Long, M.; Li, Q.; Alvarez, P. Trading oxidation power for 
efficiency: Differential inhibition of photo-generated hydroxyl radicals versus singlet 
oxygen. Water Research 2014, 60 (0), 259-266. 
[252]  Doll, T. E.; Frimmel, F. H. Photocatalytic degradation of carbamazepine, 
clofibric acid and iomeprol with P25 and Hombikat UV100 in the presence of natural 
organic matter (NOM) and other organic water constituents. Water Research 2005, 39 
(2–3), 403-411. 
[253]  Choi, J.; Lee, H.; Choi, Y.; Kim, S.; Lee, S.; Lee, S.; Choi, W.; Lee, J. 
Heterogeneous photocatalytic treatment of pharmaceutical micropollutants: Effects of 
wastewater effluent matrix and catalyst modifications. Applied Catalysis B: 
Environmental 2014, 147, 8-16. 
[254]  Erhayem, M.; Sohn, M. Stability studies for titanium dioxide nanoparticles 
upon adsorption of Suwannee River humic and fulvic acids and natural organic 
matter. Science of the Total Environment 2014, 468–469, 249-257. 
[255]  Kull, T. P. J.; Sjovall, O. T.; Tammenkoski, M. K.; Backlund, P. H.; 
Meriluoto, J. A. O. Oxidation of the cyanobacterial hepatotoxin microcystin-LR by 
chlorine dioxide:  Influence of natural organic matter. Environmental Science & 
Technology 2006, 40 (5), 1504-1510. 
[256]  Pena Mendez, E. M.; Havel, J.; Patocka, J. Humic substances - compounds of 
still unknown structure: applications in agriculture, industry, environment, and 
biomedicine Journal of Applied Biomedicine 2005, 3, 13-24. 
[257]  Chae, S. R.; Xiao, Y.; Lin, S.; Noeiaghaei, T.; Kim, J. O.; Wiesner, M. R. 
Effects of humic acid and electrolytes on photocatalytic reactivity and transport of 
carbon nanoparticle aggregates in water. Water Research 2012, 46 (13), 4053-4062. 
[258]  Loosli, F.; Le Coustumer, P.; Stoll, S. TiO2 nanoparticles aggregation and 
disaggregation in presence of alginate and Suwannee River humic acids. pH and 
concentration effects on nanoparticle stability. Water Research 2013, 47 (16), 6052-
6063. 
[259]  Xu, H.; Liu, Y.; Wang, H.; Zhao, W.; Huang, H.; Liang, C.; Ye, Q.; Li, M.; 
Deng, Y.; Shen, H. The fabrication of highly ordered TiO2 nanotube arrays and their 
References 
 
172 
 
application in dye-sensitised solar cells. Advanced Materials Research 2011, 217-
218, 1553. 
[260]  Liu, B.; Nakata, K.; Liu, S.; Sakai, M.; Ochiai, T.; Murakami, T.; Takagi, K.; 
Fujishima, A. Theoretical kinetic analysis of heterogeneous photocatalysis by TiO2 
nanotube arrays: the effects of nanotube geometry on photocatalytic activity. The 
Journal of Physical Chemistry C 2012, 116 (13), 7471-7479. 
[261]  Mora-Seró, I.; Villarreal, T. L.; Bisquert, J.; Pitarch, Á.; Gómez, R.; Salvador, 
P. Photoelectrochemical behavior of nanostructured TiO2 thin-film electrodes in 
contact with aqueous electrolytes containing dissolved pollutants:  A model for 
distinguishing between direct and indirect interfacial hole transfer from photocurrent 
measurements. The Journal of Physical Chemistry B 2005, 109 (8), 3371-3380. 
[262]  Khodja, A. A.; Sehili, T.; Pilichowski, J.-F.; Boule, P. Photocatalytic 
degradation of 2-phenylphenol on TiO2 and ZnO in aqueous suspensions. Journal of 
Photochemistry and Photobiology A: Chemistry 2001, 141 (2–3), 231-239. 
[263]  El Morsi, T. M.; Budakowski, W. R.; Abd El Aziz, A. S.; Friesen, K. J. 
Photocatalytic degradation of 1,10-dichlorodecane in aqueous suspensions of TiO2:  
A reaction of adsorbed chlorinated alkane with surface hydroxyl radicals. 
Environmental Science & Technology 2000, 34 (6), 1018-1022. 
[264]  Kumar, R.; Isloor, A. M.; Ismail, A. F.; Rashid, S. A.; Ahmed, A. A. 
Permeation, antifouling and desalination performance of TiO2 nanotube incorporated 
PSf/CS blend membranes. Desalination 2013, 316, 76-84. 
[265]  Ahn, C. H.; Baek, Y.; Lee, C.; Kim, S. O.; Kim, S.; Lee, S.; Kim, S. H.; Bae, 
S. S.; Park, J.; Yoon, J. Carbon nanotube-based membranes: Fabrication and 
application to desalination. Journal of Industrial and Engineering Chemistry 2012, 18 
(5), 1551-1559. 
[266]  Lin, D.; Xing, B. Adsorption of phenolic compounds by carbon nanotubes: 
Role of aromaticity and substitution of hydroxyl groups. Environmental Science & 
Technology 2008, 42 (19), 7254-7259. 
[267]  Long, R. Q.; Yang, R. T. Carbon nanotubes as superior sorbent for dioxin 
removal. Journal of the American Chemical Society 2001, 123 (9), 2058-2059. 
[268]  Peng, X.; Li, Y.; Luan, Z.; Di, Z.; Wang, H.; Tian, B.; Jia, Z. Adsorption of 
1,2-dichlorobenzene from water to carbon nanotubes. Chemical Physics Letters 2003, 
376 (1–2), 154-158. 
[269]  Fagan, S. B.; Souza Filho, A. G.; Lima, J. O. G.; Filho, J. M.; Ferreira, O. P.; 
Mazali, I. O.; Alves, O. L.; Dresselhaus, M. S. 1,2-dichlorobenzene interacting with 
carbon nanotubes. Nano Letters 2004, 4 (7), 1285-1288. 
[270]  Li, Y.-H.; Di, Z.; Ding, J.; Wu, D.; Luan, Z.; Zhu, Y. Adsorption 
thermodynamic, kinetic and desorption studies of Pb
2+
 on carbon nanotubes. Water 
Research 2005, 39 (4), 605-609. 
[271]  Wang, X.; Chen, C.; Hu, W.; Ding, A.; Xu, D.; Zhou, X. Sorption of 
243Am(III) to multiwall carbon nanotubes. Environmental Science & Technology 
2005, 39 (8), 2856-2860. 
[272]  Joseph, L.; Heo, J.; Park, Y.-G.; Flora, J. R. V.; Yoon, Y. Adsorption of 
bisphenol A and 17α-ethinyl estradiol on single walled carbon nanotubes from 
seawater and brackish water. Desalination 2011, 281, 68-74. 
[273]  Al Khateeb, L. A.; Obaid, A. Y.; Asiri, N. A.; Abdel Salam, M. Adsorption 
behavior of estrogenic compounds on carbon nanotubes from aqueous solutions: 
Kinetic and thermodynamic studies. Journal of Industrial and Engineering Chemistry 
2014, 20 (3), 916-924. 
[274]  Yu, F.; Ma, J.; Han, S. Adsorption of tetracycline from aqueous solutions 
onto multi-walled carbon nanotubes with different oxygen contents. Scientific  
Reports 2014, 4 (5326), 1-8. 
References 
 
173 
 
[275]  Ji, L.; Shao, Y.; Xu, Z.; Zheng, S.; Zhu, D. Adsorption of monoaromatic 
compounds and pharmaceutical antibiotics on carbon nanotubes activated by KOH 
etching. Environmental Science & Technology 2010, 44 (16), 6429-6436. 
[276]  Lu, C.; Su, F. Adsorption of natural organic matter by carbon nanotubes. 
Separation and Purification Technology 2007, 58 (1), 113-121. 
[277]  Zhu, Z. P.; Huang, K. L.; Zhou, Y. Adsorption of humic acid by multi-walled 
carbon nanotubes from boiler feedwater. In Environment Materials and Environment 
Management 2010; Vol. 113-116, pp 1088-1091. 
[278]  Hyung, H.; Kim, J. H. Natural organic matter (NOM) adsorption to multi-
walled carbon nanotubes: Effect of NOM characteristics and water quality 
parameters. Environmental Science & Technology 2008, 42 (12), 4416-4421. 
[279]  Lin, D.; Li, T.; Yang, K.; Wu, F. The relationship between humic acid (HA) 
adsorption on and stabilizing multiwalled carbon nanotubes (MWNTs) in water: 
Effects of HA, MWNT and solution properties. Journal of Hazardous materials 
2012, 241, 404-410. 
[280]  Smith, Y. R.; Subramanian, V. Heterostructural composites of TiO2 
mesh−TiO2 nanoparticles photosensitized with CdS: A new flexible photoanode for 
solar cells. The Journal of Physical Chemistry C 2011, 115 (16), 8376-8385. 
[281]  Hyam, R. S.; Choi, D. Effects of titanium foil thickness on TiO2 
nanostructures synthesized by anodization. RSC Advances 2013, 3 (19), 7057-7063. 
[282]  Szabo, A.; Perri, C.; Csato, A.; Giordano, G.; Vuono, D.; Nagy, J. B. 
Synthesis methods of carbon nanotubes and related materials. Materials 2010, 3 (5), 
3092-3140. 
[283]  Ong, W. J.; Gui, M. M.; Chai, S. P.; Mohamed, A. R. Direct growth of carbon 
nanotubes on Ni/TiO2 as next generation catalysts for photoreduction of CO2 to 
methane by water under visible light irradiation. RSC Advances 2013, 3 (14), 4505-
4509. 
[284]  Pillai, S. C.; Periyat, P.; George, R.; McCormack, D. E.; Seery, M. K.; 
Hayden, H.; Colreavy, J.; Corr, D.; Hinder, S. J. Synthesis of high-temperature stable 
anatase TiO2 photocatalyst. The Journal of Physical Chemistry C 2007, 111 (4), 
1605-1611. 
[285]  Giordano, C.; Saino, E.; Rimondini, L.; Pedeferri, M. P.; Visai, L.; Cigada, 
A.; Chiesa, R. Electrochemically induced anatase inhibits bacterial colonization on 
Titanium grade 2 and Ti6Al4V alloy for dental and orthopedic devices. Colloids and 
Surfaces B: Biointerfaces 2011, 88 (2), 648-655. 
[286]  Rahman, M. J.; Mieno, T. Water-dispersible multiwalled carbon nanotubes 
obtained from citric acid assisted oxygen plasma functionalization. Journal of 
Nanomaterials 2014, 2014, 1-9. 
[287]  Park, H.; Park, Y.; Kim, W.; Choi, W. Surface modification of TiO2 
photocatalyst for environmental applications. Journal of Photochemistry and 
Photobiology C: Photochemistry Reviews 2013, 15, 1-20. 
[288]  Yao, Y.; Li, G.; Ciston, S.; Lueptow, R. M.; Gray, K. A. Photoreactive 
TiO2/carbon nanotube composites: synthesis and reactivity. Environmental Science & 
Technology 2008, 42 (13), 4952-4957. 
[289]  Yu, H.; Quan, X.; Chen, S.; Zhao, H. TiO2−multiwalled carbon nanotube 
heterojunction arrays and their charge separation capability. The Journal of Physical 
Chemistry C 2007, 111 (35), 12987-12991. 
[290]  Li, S.; Liao, G.; Liu, Z.; Pan, Y.; Wu, Q.; Weng, Y.; Zhang, X.; Yang, Z.; 
Tsui, O. K. C. Enhanced water flux in vertically aligned carbon nanotube arrays and 
polyethersulfone composite membranes. Journal of Materials Chemistry A 2014, 2 
(31), 12171-12176. 
References 
 
174 
 
[291]  Yang, X.; Lee, J.; Yuan, L.; Chae, S. R.; Peterson, V. K.; Minett, A. I.; Yin, 
Y.; Harris, A. T. Removal of natural organic matter in water using functionalised 
carbon nanotube buckypaper. Carbon 2013, 59, 160-166. 
[292]  Mishra, A.; Banerjee, S.; Mohapatra, S. K.; Graeve, O. A.; Misra, M. 
Synthesis of carbon nanotube–TiO2 nanotubular material for reversible hydrogen 
storage. Nanotechnology 2008, 19 (44), 445607. 
[293]  Kang, S.; Herzberg, M.; Rodrigues, D. F.; Elimelech, M. Antibacterial effects 
of carbon nanotubes: Size does matter. Langmuir 2008, 24 (13), 6409-6413. 
 
